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INTRODUCTION

We decided to organise this conference for a number of reasons. Most importantly, there had not been
an opportunity for all those engaged in research and implementation of buffer zones to meet formally
and exchange ideas, problems and hopefully some solutions. Research into how and why buffer zones
work was reaching a critical stage. Over 10 years of detailed research had been conducted (see Correll,
this volume) and it was over 20 years since the merits of buffer zones for water quality were first
discussed in western literature (e.g., Waikato Valley Authority, 1973). It is against this backdrop of
scientific interest and a rising level of concern from land managers and government agencies that the
conference was called. In the words of The Earl of Cranbrook, Chairman of English Nature and the
opening speaker for the conference:

“English Nature believe that buffers must be an important element of any overall strategy...
Perhaps the most important challenge, which we must not lose sight of, is to develop an overall
strategy for land use. Such a strateqy will identify in which landscapes buffer zones are best
suited. Only then can we achieve the level of protection and enhancement of our river systems that
is needed.”

We were overwhelmed by how positive the response was to the conference. All our first-choice
speakers accepted the invitation to give papers and over 70 poster presentations were made, bringing
together the best in the field. Overall, 21 nationalities were represented, a truly “international”
conference.

The principal aim of the conference was to further our understanding of the value of buffer zone
landscapes by examining the processes occurring within buffer zones in relation to their potential to
conserve, enhance and protect the water environment. The use of natural buffer zones to protect
freshwater from pollution has attracted considerable interest within the European Union and
elsewhere. However, the factors accounting for the pollution retention capacity of buffer zones are
diverse and, therefore, the performance of a buffer zone within a catchment is difficult to predict.

In recent years there has been a drive to integrate the results from research into management solutions
that control diffuse pollution and protect the water environment. Some politically-driven initiatives
have, thankfully, accelerated the debate on buffer zones but have, at the same time, stretched us to the
limits of our knowledge on buffer zones. This drive for “solutions” has culminated in recent years in a
number of major reviews. The first was a synthesis of Swedish research published in a special issue of
Ambio (1994, volume 23, number 6) which documented the potential of a range of wetland habitats to
trap nitrogen (also see Fleischer et al., this volume). The second major review was the result of work
within the Chesapeake Bay Program, Eastern USA (Lowrance et al., 1995; Lowrance, this volume). Key
summaries of the hydrogeological framework of riparian buffer zone investigations were developed
as well as statements on the competence of riparian zones in these various hydrogeological settings.
The third major publication, a combination of review paper and management document, was from the
National Institute of Water and Atmospheric Research (NIWA), New Zealand (Collier et al., 1995). This
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document included a synthesis of scientific data as well as management implications for farmers and
agencies responsible for river and stream protection. The combination of scientific and practical advice
should be central to any implementation policy and we were delighted when members of the New
Zealand group accepted the invitation to present their work at the conference (Cooper, this volume;
Downes et al., this volume).

STRUCTURE OF THE BOOK

The proceedings consist of three parts: Part I, the processing of target chemicals within buffer zones;
Part 11, the potential of habitat types to act as buffer zones; Part III, the creation, restoration and long-
term sustainability of buffer zones. We have drawn together in the book most of the spoken papers
together with a small selection of the poster presentations. The titles of all the posters presented at the
conference can be found in Appendix I.

Part I, the processing of target chemicals within buffer zones

This section seeks to review the key processes that account for the retention, transformation and
ultimate fate of waterborne pollutants within buffer zones. Speakers were asked to focus on a key
water quality parameter and review how this parameter is controlled within a range of habitats. Of
key concern was the effect of buffer zone structure on its ability to function and what habitats are best
for sediment, nitrogen, phosphorus or pesticide retention? Speakers were asked to comment on the
optimal design or attributes required of a buffer zone, in order to achieve a particular function and
also to comment on the limits of our current knowledge with suggestions of topics that need to be
explored.

There were also special concerns about how the ecology and microbiology would react to nutrient
inputs. Groffman focuses on the microbiological aspects and Dr. Chris Newbold (English Nature,
Peterborough) spoke at the conference on the response of the vegetation complex (this paper is likely
to be published elsewhere later this year).

Part I, the potential of habitat types to act as buffer zones

Here the focus is on specific habitats: in-stream, riparian, ponds, wetlands etc.; their potential to act as
buffer zones is examined. Authors were asked to describe the principal features, hydrological regime
and vegetation complexes of a particular habitat and comment on how these factors influence the
dynamics of nutrient uptake. The authors were then asked to consider where in the catchment these
habitats could be located to achieve their optimum potential and whether they need to be managed to
sustain the key processes? Finally, we asked authors to discuss whether we know enough to make
firm recommendations on how to preserve or restore these environments and, if so, what their outline
suggestions would be for their chosen habitat.

The concluding papers in Part II develop similar themes but were asked to take a more global
perspective; namely, to what extent can we model buffer zones (Gold and Kellogg) and the
interactions between buffer zones and their catchment (Merot and Durand).

Part 111, the creation, restoration and long-term sustainability of buffer zones

Part III sought to examine the strategies required to preserve or create buffer zones and the
implications of buffer zone creation. The creation of buffer zones to control pollution is a change of
land use which has a direct and multiple impact on the farmer. Dickson and Schaeffer and also Cook
looked at the consequences of establishing buffer zones in the context of a farm. Tytherleigh discusses
the lessons learnt from MAFF’s Habitat Scheme Water Fringe Option, a pilot project which seeks to
establish set-aside land along selected rivers in England. At the conference Dr. Terry Tooby (Pesticide
Safety Directorate, UK) discussed in detail the problems of developing concepts of buffer zones in
relation to the regulations on the use of pesticides. Tooby was unable to provide a written paper, but
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readers are directed to papers by Harris and Gril et al. (both in Part I) for a review of work on pesticide
impacts and their fate within buffer zones. Downes et al. sought to examine the practical implications
of restoring nitrogen buffers, while Addiscott was asked to take a critical look at whether buffer zones
are a serious tool for the control of diffuse pollution. The final papers in this section sought to take a
more strategic overview of the whole process. Gardiner and Perala-Gardiner discuss the role of
integrated planning frameworks, particularly the role of catchment management plans, whilst Baudry
looks at farm and landscape interactions. The section is concluded with a paper by Cooper who offers
an insight into the New Zealand experience of encouraging implementation of buffer zones.

The editors have the final word and we present a concluding summary of the current concerns, as well
as our own overview of what work needs to be done for the future development of the buffer zone
concept. We believe there is now a sufficient basis in the literature to develop ideas and practices for
buffer zone restoration. These proceedings give an insight into that foundation of knowledge.
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Buffer zones and water quality protection:
general principles

D.L. Correll

Smithsonian Environmental Research Center, P.O. Box 28,
Edgewater, MD 21037, USA

Abstract

Riparian buffer zones (RBZ) improve water quality in different ways depending upon the
pathway of delivery of water to the RBZ. Groundwater passing through the RBZ may be
cleansed of nitrate and acidity due to a combination of denitrification, biostorage and
changes in soil composition. Overland storm flows entering laterally from the uplands may
be cleansed of suspended particulates, with adhering nutrients, inorganic toxins, and
pesticides, as well as some dissolved nutrients and toxins. Sometimes these overland flows
will also infiltrate within the RBZ and become a part of the groundwater, thus also obtaining
the benefits associated with groundwaters in the RBZ. During stream flooding events,
waters flooding out into the RBZ may also be cleansed of sediments, nutrients and toxic
materials as a result of particulate trapping and the binding of materials on the leaf litter and
soils within the RBZ. The RBZ is also an important source to the stream of high quality
dissolved and particulate organic matter which is delivered both vertically and laterally.
Forested RBZs also provide shade and evaporative cooling to streams, maintaining lower
summertime temperatures critical to some biota. Factors which limit the effectiveness of the
functions can be divided into internal and external. Factors external to the RBZ include
watershed area and gradient, stream channel morphology, soil mineralogy and texture,
bedrock type and depth, and climate. Factors internal to the RBZ include width and type of
vegetation, waterlogging and organic content of soils, hydraulic conductivity, soil nutrient
content and geochemistry. These water quality functions of RBZs and the factors which limit
their effectiveness in various settings are reviewed from the world literature.

INTRODUCTION

Only a few papers which explicitly reported the results of studies of the water quality buffering effects
of vegetated riparian zones were published prior to the early 1970s (Fig. 1). Although it is very
difficult to draw sharp boundaries around this subject, there are now over 400 such papers and the
rate of publication is about 30 to 35 papers per year. Despite this increasing rate of publication, our
knowledge base concerning the water quality buffering effects of riparian zones is far from adequate.
For descriptive aspects such as the removal of nitrate and particulate matter from the waters
traversing the riparian zone or the release of organic matter to these waters we have considerable data
but lack knowledge for how these functions change with climate or watershed management; species
composition and age of the plant community; or how and when these functions will be saturated or
exceeded. More fundamentally, we usually do not have an adequate understanding of the basic
mechanisms involved in these processes or the controls over the rates of these processes. Lacking this
understanding of mechanisms, we are in danger of being overconfident of our ability to predict
system behaviour and response to major changes in inputs, invasions by exotic biota, or altered
climate. With this situation in mind I will endeavour to review the world literature on riparian buffer
zones, with my emphasis on streams and water quality.

If we look at riparian vegetation and the soils in which they grow as a part of the landscape (Lowrance
et al., 1985; Jordan et al., 1986; Correll et al., 1992), we can examine factors that control the health and
functioning of these ecosystems and delimit them spatially. Some of these factors are internal or
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endogenous to the riparian ecosystems, while other factors are external or exogenous (associated with
either the drainage basin or the stream channel) (Correll and Weller, 1989). Geomorphic factors may
be internal (soil physics and chemistry, slope within the riparian zone) or external (watershed area
and gradient, soil mineralogy and texture, bedrock type and depth, volume and composition of
groundwater inputs, channel morphology). Watershed area and gradient are major determinants of
the volume and kinetics of external inputs to riparian zones. Soil mineralogy is a very important
determinant of the chemical composition of external inputs, whereas soil texture to a large extent
determines the relative proportions of surface water and groundwater inputs. Lateral overland storm
flows may be effectively cleaned by forested RBZs when these flows arrive as sheet flows from
relatively small fields with slopes of 5% or less (Peterjohn and Correll, 1984), but when the fields are
larger and storm flows become concentrated, they may erode channels through forested RBZs (Jordan
et al., 1993). Some success has been reported in treating these larger concentrated storm flows by the
use of level spreaders and grassed filter strips prior to forested RBZs (Franklin et al., 1992).

Figure 1. Number of publications related to riparian zones.
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HYDROLOGY OF THE RIPARIAN BUFFER ZONE

Since the water quality effects of the Riparian Buffer Zone (RBZ) are highly dependent upon the
volume and pathway of water movement through this zone, it is obvious that an understanding of
hydrology is important (Fig. 2; Mitsch et al., 1977; LaBaugh, 1986; Chescheir et al., 1988; Correll and
Weller, 1989; Dosskey and Bertsch, 1994). The major climatic control factors are the components of the
hydrological cycle: precipitation, runoff, and evapotranspiration (ET) (Correll and Weller, 1989). ET is,
in turn, governed primarily by such factors as vegetation, humidity, temperature, wind and sunlight.
Thus, to some extent the riparian vegetation has a feedback to the hydrological cycle. The output of
the external watershed equals precipitation minus ET minus infiltration to non-communicating deep
aquifers. Depending upon the situation, some of this watershed output will be directly into the
riparian zone from upslope areas and some of the output will be to the adjacent stream channel.
Channel waters will have various amounts of inputs to the riparian zone via groundwater or surface
flooding, depending upon stream discharge rate. The output of the riparian zone equals precipitation
plus surface and groundwater inputs minus ET minus infiltration to deeper layers. If the local
groundwater passes beneath the RBZ or the whole stream system at too great a depth, the riparian
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Figure 2 . Watershed cross-sections.
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zone cannot interact (Fig. 2C; Denver, 1991; Staver and Brinsfield, 1991). In some cases overland storm
flows entering the RBZ infiltrate the soils and become groundwater (Cooper et al., 1995; Correll et al.,
1996). If this infiltration is not detected, data are easily misinterpreted. Stable isotope studies have
shown that the source of water for ET of stream bank trees is sometimes lateral shallow groundwater
flows rather than water from the channel (Dawson and Ehleringer, 1991). In a number of studies
hydrological tracers such as bromide have been injected into the groundwater in order to demonstrate
that sampling points downgradient were actually along the path of groundwater flow (Hill, 1990,
1991; Jordan et al., 1993; Hubbard and Lowrance, 1994; Lockaby et al., 1994). These tracer methods are
usually qualitative rather than quantitative. In some cases (Triska et al., 1989, 1990a ; Simmons ef al.,
1992; Nelson et al., 1995) the tracer was mixed with a nutrient such as nitrate or ammonium and was
added to the system continuously for an extended time. Then ratios of nutrient to tracer were
measured down gradient to detect nutrient transformations and to correct for the inevitable effects of
dilution. An inadequate understanding of the hydrology of RBZ study sites usually limits the
quantitative interpretation of study results.

OXIDATION / REDUCTION POTENTIAL OF THE SOILS

Many of the characteristics of riparian zones, such as the species composition of the vegetation
and rates of processes such as denitrification, require that the soils be anaerobic or of low
oxidation/reduction potential (Eh) at least part of the year. The vegetation of the riparian zone is of
fundamental importance in maintaining this low Eh. The below-ground processes which result in this
low Eh are composed of a series of biogeochemical reactions that occur in a defined order (Billen,
1976). These reactions transfer electrons from organic matter, released from the plants, to various
terminal electron acceptors. The availability of terminal electron acceptors determines which level in
the series will dominate below-ground processes at any one time and place in the riparian zone.
Some of the more commonly important reactions are manganate ion reduction, denitrification, ferric
iron reduction, sulphate reduction, and methanogenesis. They occur in this order as a result of
thermodynamic considerations. None of these reactions can proceed in the presence of molecular
oxygen. Once oxygen has been consumed by processes such as respiration, and sulphide and
ammonium ion oxidation, then manganate reduction may proceed. Once all manganate is reduced or
if none occurs at the site, then denitrification can proceed, and so on. The reversibility of many of the
reactions is limited by the production of volatile end products or changing pH. These factors and
others produce a series of negative feedback mechanisms which tend to limit the further progress of a
given below-ground process (Correll and Weller, 1989). For example, in the case of sulphate reduction,
as the ratio of electron acceptor to product decreases (e.g. SO4/S"), the equilibrium Eh required for
the reaction to proceed declines. As the absolute concentration of sulphate declines, Eh must also
decline for the reaction to proceed. As the pH rises, due to consumption of hydronium ions in the
reaction, the Eh must decline for the reaction to proceed. At the same time the rates of entry of oxygen
and other more easily reduced electron acceptors, such as nitrate, continue at previous rates, which
will raise the Eh if sulphate reduction rates begin to slow down. Another example is denitrification. As
the reaction proceeds, pH rises due to hydronium ion consumption in the reaction, and nitrate is
converted to dinitrogen and nitrous oxide gases which evolve from the system, and the rate of
denitrification slows while the rates of other processes such as nitrification may increase. For the
riparian zone to maintain a low Eh it is therefore essential in the long run that the plants have a high
primary productivity and that enough of the resulting photosynthate be released below-ground to
provide enough electrons to drive these reactions at high rates. Despite the relative ease of measuring
soil Eh, few studies have reported this critical parameter. Exceptions include Jacobs and Gilliam (1983,
1985), Davidson and Swank (1986), Pinay et al. (1989), Jordan et al. (1993) and Correll ef al. (1996).
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RIPARIAN EFFECTS ON THE GROUNDWATER ENTERING THE STREAM

Most of the water flowing down the channel of most streams reached the channel at some point as
groundwater moving from a recharge area to the stream. This groundwater may move as shallow
lateral flows (Fig. 2A) or as deeper flows that surface in the channel from strata below the channel
(Fig. 2B). Of course a little of the rain water is deposited directly in the channel (channel interception)
and some arrives as overland storm flows. The overland storm flows are of short duration following
intense rain events and are usually less than 30% of the annual stream discharge, with the exception of
systems with very heavy clay soils where infiltration is very limited. Thus, the quality of the water in
the channel during baseflow periods between major storms is highly dependent upon processes
within the RBZ. As used here the RBZ includes much of what is sometimes referred to as the
hyporheic zone.

Nitrogen transformations

The first studies which directly measured nitrate concentration decreases in groundwater as it moved
through riparian zones along streams were in the Coastal Plain of North Carolina (Gilliam et al., 1974;
Gambrell ef al., 1975). High concentrations of nitrate in shallow groundwater percolating out of row
crop fields declined rapidly before reaching the stream channels and streams in these areas did not
have the high nitrate concentrations one would expect from the watershed land use. In the early 1980s
these results were repeated and more directly related to the presence of deciduous hardwood forests
in the RBZs at three Atlantic Coastal Plain sites: Little River watershed near Tifton, Georgia (Lowrance
et al., 1983; Lowrance et al. 1984a, 1984b, 1984c), two sites in North Carolina (Jacobs and Gilliam, 1983,
1985), and the Rhode River watershed in Maryland (Correll, 1983; Correll et al., 1984; Peterjohn and
Correll, 1984). All of these sites were in regions of the Coastal Plain where most of the discharge from
agricultural fields moves as shallow lateral groundwater flows to stream channels. Thus, it moves
through the rooting zone of riparian forests in soils that are often waterlogged and maintain a low
oxidation/reduction potential. These studies led to mass balances for total nitrogen retention of 74 kg
N/ha yr or 89% of inputs at the Rhode River site and 26 kg N/ha yr or 67% of inputs at the Little
River site. At the Beaverdam Creek site in North Carolina nitrate retention was 30 kg N /ha or 85% of
nitrate inputs.

These early studies were of great interest to both environmental scientists and land managers. Within
a few years similar studies were publishing results from a series of new and different sites. These
include the Garonne River and its tributaries in France (Pinay and Décamps, 1988; Pinay et al. 1989);
intensively managed sheep pastures in New Zealand with grassed RBZs (Cooke and Cooper, 1988;
Cooper, 1990; Schipper et al., 1994a, 1994b); grassed and forested RBZs in England (Haycock and Burt,
1993a, 1993b; Haycock and Pinay, 1993); forested RBZs in Rhode Island (Groffman et al., 1991, 1992;
Hanson et al., 1994); the Mahantango Creek watershed in the Ridge and Valley area of Pennsylvania
(Schnabel, 1986; Schnabel and Stout, 1994); forested and grassed RBZs in Illinois (Osborne and
Kovacic, 1993); Ontario, Canada (Warwick and Hill, 1988), and two additional sites in the Atlantic
Coastal Plain on the eastern shore of Maryland (Jordan et al., 1993; Correll et al., 1996). At all of these
sites lateral flows of groundwater had decreases in nitrate concentration as they moved through the
RBZ. More limited studies were also reported from Germany (Knauer and Mander, 1989) and Estonia
(Mander et al., 1989).

Mechanisms of nitrate removal or transformation in the RBZ

The mechanisms responsible for these widely documented retentions of nitrate have proven rather
elusive. Candidate mechanisms include denitrification, assimilation and retention by the vegetation,
and transformation to ammonium and organic nitrogen followed by retention in the soils of the RBZ
(Fig. 3). It is quite clear in a number of studies that the nitrate is not simply converted to other soluble
forms of nitrogen and discharged in the stream channel (e.g. Lowrance ef al. 1983, 1984a, 1984b, 1984c ;
Peterjohn and Correll, 1984; Correll and Weller, 1989; Jordan et al., 1993; Correll et al., 1996). Few
studies have accurately measured the amount of nitrate removed by any one of these mechanisms at a
given site and no study has measured the removal rate by all three mechanisms.
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Figure 3. Mechanisms of nitrate removal in riparian buffer zones.
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Denitrification is most often invoked as the primary mechanism of nitrate retention; however the
extreme spatial and temporal variability of denitrification rates in RBZs make it very difficult to
determine accurate fluxes (Correll, 1991; Weller et al., 1994). Laboratory incubations of soil samples
demonstrate the potential for denitrification, but these measurements are hard to extrapolate to the
field. The products of denitrification include dinitrogen, nitrous oxide and nitric oxide and the
proportions of these products are highly variable. Most studies do not measure all of these products.
Instead they use chemical inhibitors to stop the production of dinitrogen. These inhibitors may cause
more artefacts.

Field studies of nitrate mass balance show that nitrate is effectively removed: a) at all times of the year
in temperate climates; and b) from groundwaters moving in subsoils at depths of several metres.
Studies of potential denitrification in riparian soils find that most of this potential is in the top few
centimetres of soil (Ambus and Lowrance, 1991; Ambus, 1993; Pinay et al., 1993). Conditions in the
deeper subsoil include low temperature, low pH and low concentrations of dissolved organic matter.
These facts lead some to scientists to conclude that assimilation by the vegetation is the primary
mechanism of nitrate removal (e.g. Fail et al., 1986). While the vegetation may be very important in
explaining the nitrate removal, nitrate is removed in the winter at sites where the vegetation is
hardwood deciduous forest that is dormant in the winter. Further, measurements of nitrogen
accumulation in the annual accretion of woody biomass was only 12 to 20 kg N/ha yr (Peterjohn and
Correll, 1984; Correll and Weller, 1989). Thus, even if all of the nitrogen for this biomass came from
nitrate in the groundwater it would only account for about 30% of the nitrate removal. It is highly
likely that some of the nitrogen assimilation occurred from other sources. Jacobs and Gilliam (1983)
also found that accumulation of nitrogen in riparian vegetation explained a relatively minor portion of
the nitrate that was removed at their sites. These facts make it likely that assimilation and storage in
woody biomass is a significant mechanism, but not the primary mechanism. However, it is possible
that assimilation by the vegetation and recycling to the forest floor as litter is important in unravelling
the overall primary mechanism. The rate of assimilation at the Rhode River site was 77 kg N/ha yr
and litter fall plus throughfall was 66 kg N/ha yr (Peterjohn and Correll, 1984). Thus, assimilation by
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the forest could be the primary mechanism of nitrate removal from groundwater during the growing
season and the flux of organic nitrogen delivered to the forest floor as litter could be gradually
mineralised and denitrified at the soil surface. Such a mechanism would, however, not explain nitrate
removal during the winter. Studies in New Zealand have shown high rates of dissimilative nitrate
reduction to ammonium, which is then bound to the soils of the RBZ (Schipper et al., 1994a). Some
scientists believe that nitrate removal from the groundwater traversing RBZ subsoils is accomplished
by chemical rather than biological denitrification (Mariotti ef al., 1988). Strong reducing agents such as
iron sulphides may react with nitrate to produce dinitrogen and sulphate. Certainly some RBZs at
times reduce sulphate to sulphide (Correll and Weller, 1989; Jordan et al., 1993), and at times sulphide
is oxidised back to sulphate and released (Correll and Weller, 1989). If chemical denitrification does
take place, it still would depend, in the long—term, upon adequate supplies of organic matter in the
subsoils of the RBZ to maintain a low enough Eh. Understanding the primary mechanism of nitrate
removal is very important. If this is the primary mechanism at such sites, the system’s soils will
eventually become nitrogen saturated. Some evidence of potential nitrogen saturation has been
demonstrated at sites in Rhode Island (Hanson et al., 1994). If RBZs do become nitrogen saturated and
cease to carry out their nitrate removal function the result would be very serious declines in receiving
water quality.

In some RBZs soil Eh is not low enough some of the time to allow denitrification at significant rates.
This may be short-term, as associated with periods between rainfall events, or longer-term due to
extended drought, or it may be a seasonal phenomenon. It may also be spatially very patchy (e.g.
Weller et al., 1994). In such situations an alternation of denitrification and nitrification are observed
(e.g. Duff and Triska, 1990; Triska et al., 1990b, 1993; Jones et al., 1994). In both processes significant
nitrogen losses as nitrous oxide and nitric oxide occur in addition to the production of dinitrogen by
denitrification. Some researchers believe that this alternation of nitrification and denitrification help to
explain the large nitrate removals observed in RBZs.

Other effects on groundwater quality

Although RBZ effects on nitrogen, especially nitrate, are often emphasised in studies of riparian
buffering, there are other significant water quality effects. The pH of groundwater is often significantly
altered. Below-ground processes often consume or release hydronium ions (Correll and Weller, 1989).
In non-calcareous, poorly buffered soils, such as are found on parts of the Atlantic Coastal Plain,
groundwater draining from row crops is quite acidic, due to the effects of nitrification in the fields and
acid deposition (Correll et al. 1987). As it moves through RBZs both plant assimilation of nitrate and
denitrification consume hydronium ions and the pH increases to values less toxic to aquatic animals
(Peterjohn and Correll, 1986; Jordan et al., 1993). These pH changes, when coupled to other data, can
be used to calculate metabolic rates (e.g. Jones Jr. et al., 1994). Dissolved phosphorus and organic
carbon concentrations usually increase as groundwater moves through RBZs (Correll and Weller, 1989;
Jordan et al., 1993). This is the result of the low Eh in these riparian soils.

SEDIMENT, NUTRIENT AND PESTICIDE TRAPPING ON THE SURFACE

The role of riparian vegetation in trapping sediments and adhering phosphorus was reported in
widely cited articles by Karr and Schlosser (1978) and Schlosser and Karr (1981a, b). Riparian
Vegetation facilitates the removal of suspended sediments, along with their nutrient contents, from
two types of surface water: a) overland storm water entering laterally (Mitsch et al., 1979; Peterjohn
and Correll, 1984; Lowrance et al., 1988; Klarer and Millie, 1989; Chescheir et al., 1991; Parsons et al.,
1994); and b) flood waters entering from the stream channel (Kitchens et al., 1975; Hart et al., 1987;
Kleiss et al., 1989; Hupp and Morris 1990; Hupp et al., 1993; Johnston, 1993; Brunet et al., 1994). In both
cases riparian vegetation plays an important role in removing and retaining particulates. Increased
friction with soil surfaces can cause reduced velocity and consequent sedimentation of particulates,
but riparian vegetation and the layer of litter it deposits on the soil surface are much more effective at
slowing the velocity of the surface waters. The fine roots of the plants, which are concentrated on or
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near the surface, and the microbial communities on the surfaces of the soil, litter, and above-ground
plant organs also are able to assimilate dissolved nutrients from the surface waters (Peterjohn and
Correll, 1984). Relatively few studies have examined the effectiveness of RBZs in trapping pesticides
and other toxic materials from overland storm flows. Early work by Correll et al. (1978); Rhode et al.
(1980), and Asmussen et al. (1977) found that most of the herbicides atrazine, alachlor, trifluralin, and
2,4-D were removed from cropland discharges. More recently Schultz et al. (1994) found that a
reconstructed three-tiered riparian buffer in Iowa was effective in removing atrazine from cropland
discharges.

IS THE VEGETATION IMPORTANT OR NECESSARY?

Questions are often asked about the efficacy or necessity for vegetation in the RBZ. Does it matter
whether vegetation is present? Is woody vegetation more effective than grass or herbaceous
vegetation? Are broad-leaved hardwoods better than coniferous trees? How wide a zone of vegetation
is needed? These are all good questions for which we have few good answers. Although there was
general agreement among studies of riparian forest buffers in the Atlantic Coastal Plain that nitrate
was efficiently removed from shallow groundwater (Jacobs and Gilliam, 1983; Lowrance et al. 1983;
Peterjohn and Correll, 1984), this in itself did not prove that the forest was necessary for this process.
Studies on the North Carolina Coastal Plain found that fields could be cropped right up to the stream
channel and nitrate removal would still occur efficiently, if controlled drainage structures were used to
prevent the drying of the riparian soils (Gilliam et al., 1979, 1986). Groffman et al. (1991) reported that
denitrification potentials in surface soils of grassed RBZs in Rhode Island were somewhat higher than
in forested RBZs. Further, Haycock and Burt (1993a, 1993b) found that grass riparian zones in England
were very effective in nitrate removal from groundwater. Haycock and Pinay (1993) found that poplar
forested RBZs were somewhat more effective at nitrate removal than grass, especially in the winter.
Osborne and Kovacic (1993) found that forested RBZs in Illinois were more effective than grass for
nitrate removal, but less effective for removal of phosphate and dissolved organic phosphorus from
groundwater. Finally, Correll et al. (1996), in a comparison of two adjacent RBZ sites in Maryland, one
grassed and one forested, found that they had similar nitrate removal efficiencies.

While there is considerable uncertainty on the exact role of riparian vegetation and the relative efficacy
of various types of vegetation, it seems clear that grass or dense herbaceous vegetation is more
effective at trapping particulates from overland storm flows (Osborne and Kovacic, 1993; Parsons
et al., 1994), but that woody vegetation may be more effective at removing nitrate from groundwater.
In the long term it is clear that riparian vegetation is necessary to maintain the organic matter in
riparian soils, which is needed for maintaining low Eh and processes such as denitrification. Woody
vegetation, especially forest, is also more effective at providing organic matter in the deeper subsoils,
where it is needed for effective denitrification in groundwater. However, changes in soil chemistry are
slow and therefore the effects of present land management may not be apparent for decades.

RIPARIAN VEGETATION AS A SOURCE OF ORGANIC MATTER

TO THE CHANNEL

Most stream channels are partially heterotrophic ecosystems which rely on organic matter inputs from
the riparian zone and watershed for much of the organic matter used as an energy source to drive
their food webs (Fisher and Likens, 1973; Minshall, 1978; Triska et al., 1982; Conners and Naiman,
1984; Cuffney, 1988; Kleiss et al., 1989). Many studies have shown that most of the particulate organic
matter and much of the dissolved organic matter inputs are derived from areas immediately adjacent
to the stream channel (Sedell et al., 1974; McDowell and Fisher, 1976; Winterbourn, 1976; Triska et al.,
1984; Sidle, 1986; King et al., 1987; Chauvet and Jean-Louis, 1988; Cushing, 1988; Gurtz et al., 1988;
Benson and Pearson, 1993; Sweeney, 1993). Vegetation along the stream bank and overhanging the
channel contributes vertical litter fall and vegetation near the bank contributes litter by downslope
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lateral movement. The relative proportion of these two types of input varies dependent upon the local
situation.

Role of riparian vegetation in stream temperature control

Riparian forests reduce solar heating of stream water by shading, especially in low order streams
(Brown and Krygier, 1970). Any riparian vegetation provides cooling by evapotranspiration of soil
water and shallow groundwater (Beschta, 1984; Theuer et al., 1984; Sinokrot and Stefan, 1993). This
cools waters flowing into the stream channel laterally and waters exchanging between the channel and
the hyporheic zone. The evapotranspiration cooling is greatest when the vegetation is forest, since
forest has the highest leaf area index and consequently the highest evapotranspiration rates.
Hardwood deciduous riparian forest in temperate climates has evapotranspiration rates as high as
118 cm per year (Peterjohn and Correll, 1986).

Riparian vegetation as a source of large woody debris

Stream channels benefit from a steady input of woody branches and tree trunks. This debris and the
debris dams that result bring about complexity in channel morphology and more useful habitats for
stream biota (Minshall, 1978). The necessary woody debris originates almost entirely in the riparian
zone (Webster, 1977). This literature will not be reviewed here; for a comprehensive review see
Harmon et al. (1986).

RIPARIAN BUFFERS AND FORESTRY

When forested watersheds are clear-cut the rates of erosion and nutrient leaching increase until the
vegetation begins to recover. Studies of the effects of clear-cuts on stream water quality have been
reviewed by Vitousek (1981) and Webster et al. (1992) and will not be discussed here. However, in a
few studies paired forested watersheds were subjected to experimental logging. Typically, the streams
draining all would be monitored for several years, then one or more would be clear-cut, some would
be clear-cut but a forest buffer strip would be retained, and at least one would be maintained as a
forested control. Following the logging the water quality of the streams would be monitored to
document the speed of recovery. Examples of such studies include West Virginia (Aubertin and Patric,
1974), Pennsylvania (Lynch and Corbett, 1990); and western Australia (Borg et al., 1988); the results
were similar. If a forested buffer was maintained, only small increases in suspended sediments and
nutrients were observed in the streams compared with controls and complete clear-cuts.

RESTORATION OF FORESTED RIPARIAN BUFFERS

Once land managers became aware of the benefits to be gained from RBZs, a movement began to
restore these vegetated buffers in areas where they had been destroyed. Two research projects in the
United States have been attempting to re-establish native hardwood forest in stream riparian zones
while monitoring their effectiveness. Several projects are under way on the Little River watershed in
Georgia and early results indicate some success both in establishing forest and intercepting
agricultural pollution (Hubbard et al., 1995; Lowrance et al., 1995). Another project on the White Clay
Creek watershed in Pennsylvania encountered more difficulty in re-establishing hardwood forest, but
is now making progress (Sweeney, 1993). In some cases the sapling trees need protection from
browsing and girdling as well as intense competition from exotic plants before they can become
re-established.

SUMMARY

The efficacy of RBZs in removing pollutants from surface and groundwater is highly dependent upon
hydrology. For effective removal of particulates and dissolved nutrients and toxic materials, surface
flows must occur as sheet flow rather than highly focused flows. For effective removal of nitrate and
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acidity, groundwater must move through the RBZ at a slow speed and at a shallow enough depth to
be within the rooting zone of riparian vegetation. The vegetation in the RBZ must provide enough
friction to surface flows to improve the efficiency of particulate trapping and provide surface litter to
facilitate the assimilation of dissolved nutrients and toxic materials. The vegetation must also release
enough organic matter at the depth of the groundwater to maintain a low enough Eh to allow rapid
rates of denitrification. Riparian vegetation also provides shading and evaporative cooling of the
stream channel. Cooling is most effective if the vegetation has a high leaf area index which reaches a
maximum in hardwood deciduous forest. Vegetation also provides the stream channel communities
with litter and large woody debris.
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Abstract

Floodplains play several important roles within the drainage basin system. In small to
medium-sized basins (<10 000 km?), floodplains are usually quite narrow (<1 km?) and may
act either as a conduit or a barrier to water movement — and associated sediment and solute
transport — from hillslopes to the river channel. Indeed, it is generally acknowledged that,
for low-order streams especially, the condition of the river and the condition of the riparian
zone are intimately linked. However, the ability of a floodplain to act as a pollution buffer
between farmland and the river depends fundamentally on the hydrological properties
of the floodplain sediments. Permeable alluvium favours subsurface flow through the
floodplain sediments, providing opportunity for processes such as denitification and
deposition of suspended sediment load from surface runoff. Impermeable alluvium tends to
deflect influent groundwater through aquifers below the alluvium or across the floodplain
surface; in either case, the buffering capacity of the floodplain is greatly restricted. In large
basins, floodplains may be several kilometres wide and hillslope inputs become less
important compared to overbank flooding and storage of flood waters generated in the
catchment headwaters. This paper will consider the topographical and sedimentological
controls of floodplain hydrology, using results from modelling studies and field experiments
in southern England to illustrate general themes.

CONTEXT

A river is usually thought of as a linear system, changing in a more or less predictable way from
source to mouth. This continuum is, nevertheless, often divided for convenience into three primary
zones (Schumm, 1977; Fig. 1). Headwater streams, first to third order links within the channel network
(Strahler, 1952), may be viewed as the source region; here, river flow, sediment and solute load are
closely coupled to hillslope processes. The middle or transfer zone, channels of fourth to sixth order,
represents a transition zone; the river becomes increasingly isolated from adjacent hillslopes as
floodplain width increases and the riparian land gradually becomes a sink rather than a source. The
lowland floodplain river is a depositional or storage zone in which river-to-floodplain transfers
dominate.

Schumm’s scheme fits in well with the river continuum concept (Vannote et al., 1980) which describes
the progressive downstream change in stream conditions and biota, from the small, steep, turbulent
and highly oxygenated headwater channels to the large, low-gradient lowland river with its diverse
habitats and reliance on inputs of fine particulate organic matter from upstream and floodplain
sources. However, as Petts (1994) notes, such downstream variations are more than just a structural
sequence: they represent a longitudinal continuum dominated by downstream transfers of energy and
matter. Moreover, it is important to emphasise the storage as well as the transfer taking place within
each zone. Newbold (1994) describes how in-stream nutrient cycling occurs on a template of continual
downstream transport; this open, or longitudinally displaced, cycling has been termed spiralling
(Webster, 1975). Indeed, the channel network can be divided into a series of reaches or sectors, each
receiving, storing and discharging water, sediments, organic matter and nutrients (Petts, 1994). It
follows that biotic processes in headwater reaches (and, of course, abiotic processes too) will influence
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those in downstream reaches. In the headwaters, the supply of new nutrients from outside the channel
system is very important to the aquatic ecosystem; further downstream, the products of instream
cycling become dominant. A given nutrient atom, as it passes downstream may be used again and
again, depending on the tightness of the spirals and the downstream displacement from one cycle to
the next. This in turn depends not only on the rate of nutrient cycling itself, but also on the
retentiveness of the ecosystem and the degree to which the downstream transport of a nutrient is
retarded relative to that of water (Newbold, 1994). In all this, of course, the role of water as the
transporting medium is fundamental.

Figure 1. Land-water interactions within a fluvial system: the three primary zones (After
Schumm, 1977; Petts, 1994). Note that narrow floodplains border the channel in the
production or headwater zone (c.f. Fig. 2). Further down the basin the floodplain becomes
wider and hillslope inputs assume less importance relative to runoff production from the
floodplain itself. In the lower reaches of the basin, the floodplain receives little water from
surrounding land and inputs of flood water from the channel become of major significance to
floodplain hydrology.
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Newson (1994) propounds an integrated, holistic approach to river basin management, echoing earlier
geomorphologists who also recognised the obvious unitary features both of geometry and process
exhibited by the drainage basin (Leopold et al., 1964; Chorley, 1969). Newson reminds us that the basin
sediment system operates over a wide variety of timescales, from individual flood events to millennia,
and re-emphasises the importance of storage as well as throughput. The sediment system has a long
memory, the product of its huge storage; much of the sediment output from headwater hillslopes is
stored ‘temporarily’ in channel and floodplain deposits of long residence time (Trimble, 1983). This
‘jerky conveyor belt’ of sediment delivery (Ferguson, 1981) can significantly complicate planning
decisions concerning basin management. Residence times for stream solutes may often be much
shorter than those for sediments, but here too, storage as well as transfer must be borne in mind, as the
earlier discussion of nutrient spiralling reminds us. Nutrient transformation, for example in a buffer
zone, can sometimes lead to long-term (if not permanent) retention.
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The purpose of this chapter is to review the input, transfer and output of water through the drainage
basin, paying particular attention to the role of floodplain land. An integrated approach clearly
requires assessment of two separate but related issues. In the headwaters, runoff production is
dominated by hillslope response; the narrow floodplains found there provide both a conduit and a
barrier to hillslopes flows en route to the stream channel. In the middle reaches of the basin, the
floodplain becomes an important source of runoff in its own right, as well as continuing to provide a
conduit for upslope flows. In the lower reaches, the floodplain assumes more significance as a site
for floodwater storage, especially when overbank inundation has occurred, and its role in runoff
production and delivery becomes relatively less important.

It is important to stress from the outset that the essentially one-dimensional view of the drainage basin
implicit in Schumm’s zonation and the river continuum concept can be misleading. As Fig. 1 suggests,
the river network extends throughout the basin and many first-order branches ultimately drain into a
single high-order trunk. Indeed most of the channel length (and by implication, most of the basin area)
is to be found in the headwaters (Strahler, 1952). This is a further reason why analysis of river basin
hydrology must contrast the source region, where hillslope inputs dominate, with the downstream
zone, where channel and floodplain storage are more significant.

RUNOFF PATHWAYS: FROM HILLSLOPE TO CHANNEL

Most research on hillslope hydrology has been carried out in headwater basins where slopes directly
adjoin the channel, with no intervening floodplain. Further downstream, a floodplain is commonly
found (Fig. 1), though curiously there has been little field research in such locations. The important
point is that the hydrology of many floodplains is closely controlled by hillslope inputs; indeed if
floodplains are to function as effective buffer zones, the interaction of the floodplain with slope
drainage water is of crucial concern. With this in mind, a brief review of hillslope hydrology will be
provided before discussing the hydrology of the floodplain itself.

Hillslope hydrology has been the subject of much research over the last three decades; full reviews are
contained in Kirkby (1978) and Anderson and Burt (1990). There are many different pathways by
which hillslope runoff can reach a river; these are summarised in Fig. 2. It is usual to distinguish
between water which reaches the stream channel quickly, quickflow or stormflow, causing floods, and
that which moves more slowly, baseflow, maintaining flow in rain-free periods. In practice, however,
the dividing line between stormflow and baseflow during flood recession is a purely arbitrary one
since subsurface drainage of soil and bedrock dominates the latter stages of flood runoff generation as
well as providing baseflow (Burt, 1996).

Figure 2 . Hydrological pathways.

1, Infiltration-excess overland flow.

2, Saturation-excess overland flow;

2a, direct runoff; 2b, return flow.

3, Subsurface stormflow.

4, Groundwater flow. See text for
discussion of these various hydrological
processes.
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The route by which hillslope runoff reaches the stream channel is determined by a number of factors:
soil, bedrock, vegetation cover and climate (Anderson and Burt, 1990). Hydrological pathways are
particularly important with respect to the speed, volume and peak rate of runoff (Fig. 3) and, perhaps
more crucially, in terms of the sediment and solute load carried by the water. Infiltration-excess overland
flow occurs when rainfall intensity exceeds the infiltration capacity of the soil; once surface depression
become full, excess water overflows downslope. This stormflow mechanism has become closely
associated with arable land in recent years; indeed wash and rill erosion are predominantly affected
by this flow mechanism. Bare soils or those with a low crop cover are most at risk; such soils may
become easily crusted during heavy rainfall, greatly increasing the likelihood of runoff and erosion
(Burt and Slattery, 1996). Depending on crop type, the ‘window of opportunity’ for erosion
(Boardman, 1992) may open in any season. In the UK for example, erosion of autumn-sown wheat is
common in the early winter, but an increasing problem is erosion of spring-sown maize by early
summer thunderstorms (Boardman et al., 1995).

Figure 3. Schematic diagram of the water balance of a floodplain. Abbreviations are defined
in the following section of the text.

GW PERC

Overland flow may also be generated when the entire soil profile becomes saturated. Here, rainfall
intensity may be well below the soil’s infiltration capacity: the soil becomes saturated either because of
prolonged rainfall or because of inflow from further upslope; often both processes operate together.
Return flow occurs where water exfiltrates the soil because upslope drainage exceeds the soil’s storage
capacity. Where rain falls onto a saturated soil, no infiltration can take place and direct runoff
happens. Together, return flow and direct runoff comprise saturation-excess overland flow. Source areas
for saturation-excess overland flow are those parts of the drainage basin where soil moisture tends to
accumulate: at the bottom of any hillslope, especially where soil water converges within a hillslope
hollow or where the profile shape is concave, or where the soil profile becomes thinner limiting
moisture storage. The erosion of ephemeral gullies along the floors of dry (zero-order) valleys may
well be encouraged by generation of saturation-excess overland flow in the valley bottom; such gullies
are often the major source of sediment leaving the catchment hillslopes (Slattery et al., 1994).

Subsurface flow (sometimes termed interflow or throughflow) may also drain rapidly enough from
slopes to contribute to stormflow. Subsurface stormflow will be produced in large quantities where
permeable soils overlie impermeable bedrock and where steep slopes adjoin the stream channel. Until
recently, hillslope hydrologists have emphasised the importance of flow through the micropores of the
soil matrix, but rapid infiltration and drainage through macropores is now recognised as a significant
process in many locations too, both in relation to flood production and pollutant transport. The
subsurface stormflow response tends to be more attenuated than that of overland flow; though its
peak runoff rate may be lower, volumetrically it tends to dominate the flood hydrograph, particularly

24



The hydrological role of floodplains

in the later stages, and may indeed provide a second flood peak a day or two after the main
hydrograph (Anderson and Burt, 1978). Subsurface flow usually comprises long-residence soil water
even where macropore flow is an important contributor, so that it invariably has a high total dissolved
solids concentration (McDonnell, 1990). Continued drainage of soil and bedrock sustains streamflow
during dry periods.

HYDROLOGICAL CONDITIONS WITHIN THE FLOODPLAIN

Figure 2 shows a situation in which a slope drains directly into the river channel; indeed, this is the
usual configuration found in the headwater zone (Fig. 1). Further downstream, a floodplain is likely to
exist, separating slope and channel. Where floodplain width remains small relative to upslope length,
its main hydrological function is to provide a conduit for slope drainage. If land drainage (open
ditches or tile drains) connects the slope to the channel, then the existence of the floodplain is of little
consequence and slope drainage effectively short-circuits the floodplain. However, particularly in
undrained state, its low gradient and waterlogged state inevitably means that the floodplain will
interact with the slope drainage to some extent. As floodplain width increases, it also becomes an
important source of runoff in its own right (see later section). However, before these various influences
exerted by the floodplain can be discussed, it is necessary to give some details about hydrological
conditions on the floodplain itself. This is, of course, a somewhat circular argument in that floodplain
hydrology is not independent of slope and river, but is controlled by both to a greater or lesser extent,
as the following discussion of floodplain water balance emphasises.

Given their location and structure, floodplains are likely to form wetlands, even where composed of
permeable sediments (Burt, 1995). High water levels are maintained by a variety of processes: upslope
discharge, upwelling groundwater, and inflows from the river channel either via bank seepage or by
overbank inundation. Very low gradients across the floodplain help to sustain waterlogged conditions,
especially where the floodplain is wide. Often, the alluvial deposits are fine-grained, a factor which
further precludes rapid drainage. In many places, the waterlogged conditions have led to the
formation of peat in the valley bottom, adding to its poorly drained state.

A knowledge of wetland hydrology and quantification of water inputs and outputs are necessary
prerequisites to understanding wetland environments and determining their vulnerability to external
influences, whether direct human impact or the indirect results of climate change (Gilvear et al., in
press). Nevertheless, few water balances have been computed for wetlands, those of Siegal and
Glasser (1987) and Roulet (1990) being notable exceptions. Only Wassen et al. (1990) and Gilvear et al.
(in press) have given water balances for floodplains. Assuming the floodplain to comprise a distinct
sedimentary unit, its water balance can be defined as follows, with inputs on the left-hand side (see
also figure 3):

UOF+USSQ+RF+GW+BS+OBI = FOF+FSSQ+ET+PERC+AS

Inputs are as follows: UOF is overland flow from the upland slope, USSQ is subsurface flow from the
upland slope, RF is precipitation directly onto the floodplain, GW is groundwater discharge from the
bedrock below, BS is seepage from the river channel through the bank and OBI is overbank
inundation. Outputs are as follows: FOF is overland flow from the floodplain to the river, FSSQ is
subsurface drainage to the river, ET is evaporation loss, and PERC is percolation to the bedrock below.
Any imbalance between inputs and outputs must, by definition, involve a change in water storage
within the floodplain (AS).

High water tables characterise most floodplains and even above the water table, the soil is likely to
remain close to saturation given the upward extension of the capillary fringe (Abdul and Gillham,
1984; Gold, this volume). Figure 4 shows a typical annual cycle for water levels on the floodplain of
the River Thame near Oxford, England. In summer, the water table falls significantly; this is often
because of high evaporative demand rather than because of reduced inflows, especially where the
floodplain sediments are impermeable and the floodplain is wide. In winter, the water balance is
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reversed with minimal evaporation and increased inflows and the water table rises close to ground
surface. In downvalley situations (Fig. 1), the river is more likely to burst its banks during periods of
high rainfall and the floodplain can remain inundated for weeks at a time.

Figure 4 . Annual cycle of water table fluctuation on the River Thame floodplain near Oxford,
UK. A negative water table depth means that the water table lies below the ground surface;
where water table depth is positive, this shows that flood water from the channel has
inundated the floodplain.
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FLOODPLAINS AS CONDUITS

Freeze and Witherspoon (1967) studied regional flow systems using numerical simulation for a wide
upland plateau draining to a valley. This is a very similar topographic configuration to that of a
floodplain draining to a river channel and for that reason their results provide a good basis for
considering subsurface flow within floodplain sediments. Figure 5a shows the flow net for a simple
system of homogenous permeability. The water table configuration, which closely follows the smooth
topography, has a gentle slope. The hinge line (which divides the recharge from the discharge area)
lies on the edge of the channel and the entire floodplain is a recharge area. Water-table slope and
hydraulic gradient are greatest near the channel in the discharge zone. Throughout the rest of the
floodplain, the flow pattern is relatively uniform. Figure 5b shows the water table and flow pattern
which results in hummocky terrain, as might arise where the floodplain comprises infilled oxbows.
There are numerous sub-basins and water may be discharged locally to the nearest topographic low or
flow towards the main channel. The effect of a layer of high hydraulic conductivity is shown in figure
5c. The permeable layer forms a conduit in which flow is concentrated with recharge from the
overlying alluvium and a steep upward discharge to the channel.
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Figure 5. Flow nets for a floodplain-channel system (After Freeze and Witherspoon, 1967):
(a) for a homogenous sedimentary layer and flat terrain; (b) for a homogenous sedimentary
layer and hummocky terrain; (c) for a floodplain with a more permeable layer at depth
showing bypass flow beneath the upper layer.
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In many cases, the floodplain is coupled to its hillslope and the combined drainage system must be
considered. Figure 6 summarises the ways in which water can flow across a floodplain to reach the
stream channel. Overland flow moving on to the floodplain will infiltrate provided that sufficient
storage capacity exists i.e. the water table is not at or close to the ground surface. Infiltration will be
maximised where the infiltration capacity of the floodplain soil is high, and vice versa. If the floodplain
is completely waterlogged, overland flow will move rapidly across the floodplain to the river
(Waddington et al., 1993). Subsurface slope drainage may follow one of three main pathways:

1. Where the floodplain sediments are impermeable, but there is a permeable layer at depth, either a
gravel deposit below the alluvium or a permeable bedrock, subsurface flow can move quickly under
the floodplain alluvium to the stream (cf. Fig. 5¢). This is thought to be a very common situation in
British floodplains where late Pleistocene gravels are overlain by less permeable Holocene alluvium.
There is relatively little flow through the upper alluvium which, though remaining largely
saturated, remains somewhat stagnant. In such cases, the potential of the floodplain to act as a
nitrate buffer zone may be greatly reduced. A similar example is given in Plenet and Gibert (1992).
Examples of deep groundwater upwelling to recharge a valley-bottom wetland are provided by
Lloyd and Tellam (1995) and Gilvear et al. (in press).

2. In the absence of a permeable substrate, slope drainage is forced to the surface, moving as overland
flow to the channel. Waddington et al. (1993) studied a riparian wetland near Toronto, Canada.
Springs emerging at the wetland margin produce rivulets which flow across the riparian zone to the
spring. This is a major discharge pathway with the result that much of the wetland’s subsurface
buffer potential is effectively bypassed. Where the floodplain terrain consists of hummocks and
pools (cf. Fig. 5b), the pattern of surface flow across the floodplain may be complex (cf. Burt and
Gardiner, 1984).

3. Only where floodplain sediments are permeable and homogenous will slope water move through
the alluvium to the stream in a uniform, unconcentrated manner (cf. Fig. 5a). In terms of buffer zone
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functions which require interaction between water and soil, only this last situation will provide the
optimal hydrological condition. Correll (this volume) shows that the depth of the permeable layer is
critical: if subsurface flow is too deep, the saturated zone lies well below the soil and the buffer zone
is unable to function effectively. Optimally, the depth of permeable substrate above an aquiclude
should be sufficient to fully saturate the soil horizons, but without generating overland flow.

Figure 6 . Summary of main flow paths by which hillslope discharge moves through a
floodplain to reach the channel: (a) for surface water inputs from upslope; (b) for subsurface
water inputs from upslope.

(a) overland flow

direct discharge
into the

channel
"f ) Yzo ©
o .O' O o (-] .
p o oinfiltration where soil o

< hydraulic conductivity and o

© © o o watertable conditions allow ©
(=] [=] (=] (=] (<] (-] [<] (=] (=] (=]

o

(-]

o

(b) subsurface flow

exfiltration (‘'return flow') where soil hydraulic
conductivity or saturated conditions on

floodplain restrict drainage -

flow through main
floodplain sediments “#

k possible bypassing of subsurface
drainage beneath less permeable sediments

“4—— FLOODPLAIN ———P~4¢——— HLLSLOPE —»

Many field studies have used only a single line of piezometers to monitor flow across the floodplain
(e.g. Grieve ef al., 1995). In most cases the hydraulic gradient does not lie orthogonal to the channel but
is aligned downvalley in response to the floodplain gradient (Anderson and Kneale, 1982). In order to
sample a given body of water as it moves across the floodplain (for example, to observe progressive
loss of nitrate), it is necessary to adopt a three-dimensional approach using a grid of piezometers (see
for example, Haycock and Burt, 1993). A single row of piezometers may involve waters of different
origin and false conclusions could be made concerning the evolution of the water quality as a result.
Sedimentary structures such as infilled oxbows may also complicate flow patterns on a floodplain,
again requiring a three-dimensional survey of water table height. Vegetation patch mosaics found on
floodplains imply that sedimentary structures and resulting flow paths may be very complex in some
instances (Large and Petts, 1994). It is important to emphasise therefore that water does not flow
across the floodplain in a simple and uniform manner. Flow paths may well be tortuous and will very
often tend in a downvalley direction.

An important outcome is that the pattern of groundwater discharge along a stream will be spatially
variable, with certain locations forming important inflow sites (Anderson and Burt, 1978). In
headwater basins, diffuse hillslope runoff will tend to concentrate in hillslope hollows (or swales);
these are the variable source areas discussed earlier. In such cases non-point (or diffuse) pollution may

28



The hydrological role of floodplains

flow across the floodplain as concentrated (overland) flow and enter the river channel at a single point
source. These sources must clearly form the focus of attention in any buffer zone scheme. A further
cause of spatial variation in inflows relates to the thickness and permeability of the floodplain
sediments. Where these are thin or impermeable, surface runoff is likely. Thicker, permeable sediments
tend to favour subsurface flow and where there is an aquifer below, saturated conditions may occur
only at great depth, with important consequences for buffer zone functions (see Correll, this volume).

FLOODPLAINS AS A SOURCE OF RUNOFF

Once floodplains become sufficiently wide, they become an important source of runoff in their own
right as well as continuing to provide a conduit for slope drainage to the river. Undrained floodplains
may well be waterlogged to the surface and may therefore be an important source of saturation-excess
overland flow; under such circumstances, spring water emerging from the base of the hillslope will be
conducted rapidly across the floodplain surface to the stream.

In many cases, floodplains with heavy clay soils have been drained as a means of making waterlogged
soils more manageable, either by open ditches or by underdrainage (often called tile drainage in the
UK). Decrease in water content, and therefore an increase in bearing strength, allows better access and
more opportunities for cultivation (Parkinson, 1988). As a result, many floodplains, formerly used
only for summer grazing, are now under continuous arable cultivation. Drainage has two effects:
firstly, hillslope water moves rapidly to the stream with no opportunity for interaction with floodplain
soils; in essence the slope becomes directly coupled to the channel. Secondly, the drained floodplain
itself becomes an important source of subsurface water which, in combination with more intensive
land use, may result in large losses of soluble soil nutrients from near-stream land. Green (1979)
perceptively linked some of the increase in nitrate concentrations seen in English rivers since the 1960s
to the extensive drainage of floodplains and clay vales. Clay soils are often macroporous; this in
combination with underdrainage results in very rapid disposal of rainfall (Robinson and Beven, 1983)
giving little or no opportunity for soil buffering as the water drains to the river.

RIVER-TO-FLOODPLAIN FLOWS

There are two occasions when the normal hillslope-to-floodplain flow direction may reverse:

1. As noted above, in the upper reaches of a catchment, subsurface contributions to streamflow aid in
the build-up of a flood wave. In the lower reaches during a flood the river stage may be higher than
the floodplain water table and river water will then flow into the floodplain sediments; this is often
referred to as bank storage (Freeze and Cherry, 1979). The impact of bank storage in moderating the
flood hydrograph is shown on figure 7. As the flood wave arrives, flow is induced into the bank; as
the stage declines, the flow is reversed and the stored water flows back out into the channel. The
effect is to attenuate the flood wave, reducing and delaying the peak discharge. A more extreme
version of this effect occurs when the river bursts its banks and inundates the floodplain. This in
itself causes large quantities of floodwater to be stored. Further storage takes place because some
floodwater then infiltrates the floodplain soil. Current research at Bristol and Durham Universities
aims to investigate these processes: the two-dimensional modelling schemes of Bates and Anderson
(1993) will be extended by linking a one-dimensional finite difference model of subsurface
hydrology to the two-dimensional finite element model of floodplain/channel flows. In addition,
water fluxes to and from the hillslope will be simulated by integrating this scheme with a three-
dimensional finite difference hillslope hydrology model. Hitherto, all current hydraulic models have
had closed impermeable boundaries except at the inflow and outflow points to the modelled reach;
in effect no flux of water occurs between the channel/floodplain flow and floodplain soils or
adjacent hillslopes. As well as its impact on the flood hydrograph, overbank inundation may
provide an additional pathway by which a floodplain may act as a sink for sediment-bound
contaminants and nutrients. Current work by Price (in prep.) aims to couple a denitrification routine
to the one-dimensional infiltration model mentioned earlier.
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2. Under low-flow conditions, groundwater recharge by influent seepage from a river channel is a
common occurrence. In many cases, flow from the hillslope across the floodplain to the channel
takes place only in the winter months. In summer, the hydraulic gradient is reversed and water
moves from channel to floodplain. Haycock (1991) has monitored this seasonal reversal of the
hydraulic gradient for a small floodplain near Oxford (Fig. 8). In summer, the water table in the
local limestone aquifer falls sufficiently so that inflow from the river takes place; once the aquifer
has been recharged in the autumn, the aquifer then drains through the floodplain sediments to the
channel. The period of hillslope-to-floodplain flow thus coincides with the time of maximum
discharge and peak nitrate concentrations in subsurface flow and the floodplain is able to function
as a nitrate buffer zone.

Figure 7 . Flood wave modification due to bank storage effects (based on Freeze and Cherry,
1979): (a) change in flood stage during the flood; (b) attenuation of flood hydrograph
because of bank storage; (c) flow into and out of the channel bank during the flood; (d)
volume of flood water stored in the channel bank; (e) the impact of flow reversal on
groundwater discharge to the flood hydrograph.
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Figure 8 . Seasonal reversal of the hydraulic gradient across the floodplain of the River Leach
near Oxford (reproduced from Haycock, 1991, by kind permission of the author). The graph
shows the difference in water table elevation potential between row 4 and row 6 (distance =
11 m) at the grass floodplain site described by Haycock (1991; see also Haycock and Burt,
1993). In summer there is effluent seepage from the channel into the floodplain; in winter, the
flow direction is reversed and groundwater discharges into the channel.
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In both instances, river-to-floodplain flows assume more importance in the lower reaches of the
drainage basin (Fig. 1) so that the floodplain becomes more important as a sink than a source of water,
sediment and nutrients. Many buffer zone processes operate most effectively in headwater basins
where hillslope-to-channel flows dominate and where most of the channel length (and by implication,
most of the riparian land) is located. However, though the opportunity for buffer zone functions may
be less in the downstream reaches of the basin, the importance of floodplain and channel storage in
that zone should not be underestimated.
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Abstract

Riparian buffer zones are generally considered to be sediment sinks in watersheds disturbed
by human activities. However, under some circumstances, buffer zones may be sediment
sources. This paper describes the principal processes affecting sediment transport to and
within buffer zones, reported trapping efficiencies for various types of buffer zones,
techniques for enhancing the effectiveness of buffer zones as sediment sinks, maintenance
requirements and the likely long-term effectiveness of buffer zones for sediment trapping.
Both herbaceous and forested buffer zones are considered, as well as three-zoned buffers
consisting of unmanaged and managed forest zones and a managed herbaceous zone
immediately adjacent to the runoff source area. Effects of changes in watershed hydrology as
well as the effects of sediment accumulations and concentrated flow on buffer performance
are discussed along with models that have been developed to describe sediment transport in
buffer zones.

INTRODUCTION

Non-point source (NPS) pollution from agricultural and urban areas is now recognised as one of the
most significant water quality problems facing the world. In 1995, the US Environmental Protection
Agency (USEPA) reported that 40% of US rivers, lakes and estuaries did not meet water quality
requirements (USEPA, 1995). Non-point source pollution from stormwater runoff and snowmelt was
identified as the leading cause of impairment in rivers, lakes and estuaries. Sediment was identified as
the primary pollutant in rivers and the second most important pollutant in lakes. Agriculture was
identified as the primary source of pollution in rivers and lakes and the main source of sediment in all
water bodies. Magnitudes and sources of water quality impairment in other industrialised countries,
where point source pollution has been controlled, are similar.

To help reduce sediment, nutrient, pesticide and pathogen loadings to surface waters,
environmentalists and government agencies have been promoting riparian buffer zones as a means of
removing pollutants from surface and subsurface stormwater runoff. In addition, buffer zones promote
channel stability, reduce flooding and enhance aquatic habitats. Buffer zones are bands of planted or
indigenous vegetation, situated between pollutant source areas and ephemeral and perennial streams
and other waterbodies. Pollutant removal in buffer zones is accomplished by a combination of physical,
chemical and biological processes. These processes are poorly understood, but there is a general
consensus in the scientific community that buffer zones are an essential element of all NPS pollution
control programmes (Karr and Schlosser, 1978; Gilliam, 1994; Lowrance et al., 1995). Unfortunately,
there is considerable uncertainty as to the site-specific effectiveness of buffer zones in removing
pollutants from runoff and there are no standards or accepted methods for buffer zone design. As a
consequence, buffer size requirements are typically established by political acceptability, not scientific
merit. Buffers that are undersized place aquatic resources at risk; while buffers that are larger than
needed unnecessarily deny landowners the use of a portion of their land (Castelle et al., 1994).

The primary goal of this paper is to examine the role of buffer zones in reducing sediment loads
to receiving waters. Excessive erosion and sedimentation results in destruction of aquatic habitats;
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increased sediment-bound pollutant transport, water turbidity, water treatment costs and flooding
and decreased recreational water use and water storage capacity. In the US, soil erosion is estimated to
cause in excess of $6 billion in annual off-site damages (Clark, 1985) and over $1 billion in annual on-
site damages due to declines in crop productivity (Baker, 1992). These costs were estimated in the
1980s and have almost certainly escalated since then.

This paper has three specific objectives: 1) To review the literature pertaining to the effectiveness of
buffer zones in removing sediment from runoff, 2) To discuss how buffer zones can sometimes become
sediment sources, and 3) To suggest ways in which the buffer zone sediment trapping can be enhanced.

REVIEW OF BUFFER ZONE EFFECTIVENESS

The use of buffer zones as a primary means of removing sediment and other pollutants from runoff
is a relatively new practice. Historically, sediment control efforts minimised off-site pollution by
reducing upland erosion and surface runoff. Buffer zones, on the other hand, are designed to remove
sediment from runoff once it has left the upland area. The major sediment removal mechanisms
associated with buffer zones involve changes in flow hydraulics which enhance the opportunity for
the infiltration of runoff and fine sediment into the soil, sediment deposition and filtration of sediment
by vegetation. For these mechanisms to be effective, it is essential that the surface runoff passes slowly
through the buffer to provide sufficient contact time for the removal mechanisms to function.

Infiltration is one of the most significant removal mechanisms affecting buffer zone performance.
Infiltration is important since the finer sediment particles enter the soil profile along with infiltrating
water and because it decreases surface runoff, thus reducing sediment transport capacity. Since
infiltration is one of the more easily quantifiable mechanisms affecting buffer zone performance, many
buffer zones have been designed to allow all runoff from a design storm to infiltrate into the buffer
zone. This approach results in large land requirements because it ignores other removal mechanisms.

Buffer zones also remove sediment through the process of deposition. Buffer zones are usually
composed of either dense herbaceous vegetation or forests with sparse understorey and dense surface
litter. These surface conditions offer high resistance to shallow overland flow and decrease the velocity
of overland flow immediately upslope and within the buffer zone, causing significant reductions in
sediment transport capacity. If the transport capacity is less than the incoming sediment load, then the
excess sediment may be deposited and trapped. The filtration of sediment by vegetation during
overland flow is not as well-understood as the infiltration and deposition processes. Infiltration is
probably most significant for clay sized particles while deposition is most significant for silt and larger
sized particles. Filtration is significant only with the largest soil particles and aggregates.

Grass buffers

Wilson (1967) conducted one of the first buffer zone sediment trapping studies. He reported optimum
distances required to trap sand, silt and clay in flood waters on flat slopes and concluded that buffer
length, sediment load, flow rate, slope, grass height and density, and degree of vegetative submergence
all affect sediment removal. Neibling and Alberts (1979) used a rainfall simulator on grass plots with a
slope of 7% to show that 0.6 to 4.9 m long grass buffers reduced sediment discharge by over 90%. Clay
transport was reduced by 37, 78, 82 and 83%, for the 0.6, 1.2, 2.4 and 4.9 m buffers, respectively.
Significant deposition of solids was observed just upslope of the leading edge of the buffer zone and
91% of the incoming sediment load was removed within the first 0.6 m of the buffer zone.

The most comprehensive research on sediment transport in grass buffers was conducted at the
University of Kentucky (Barfield et al., 1979; Hayes et al., 1979; Tollner et al., 1982). Design equations
were developed relating the fraction of sediment trapped in vegetation to the mean flow velocity, flow
depth, particle fall velocity, buffer length and the spacing hydraulic radius. High trapping efficiencies
were reported as long as the vegetation was not submerged, but trapping efficiency decreased
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dramatically at higher runoff rates which inundated the media. The Kentucky researchers, like
Neibling and Alberts (1979), observed that the majority of sediment deposition occurred just upslope
of the buffer and within the first metre of the buffer, until the upper portions of the buffer were buried
in sediment. Subsequent flow of sediment into the buffer resulted in the advance of a wedge-shaped
deposit of sediment down through the buffer. The Kentucky researchers did not consider the long-
term effectiveness of buffers.

Young et al. (1980) used a rainfall simulator to study the ability of 27.4 m grass buffers with 4% slopes
to control pollution from feedlot runoff. Sediment losses were reduced by 66 to 82%. Magette et al.
(1989) used a rainfall simulator on field plots to study the effectiveness of 4.6 and 9.2 m grass buffers
in removing nutrients and sediment from agricultural runoff. Sediment losses were reduced 52 and
75% by the 4.6 and 9.2 m bulffers, respectively. Buffer zone effectiveness was also reported to decrease
with time and with decreasing buffer zone to source area ratio. Dillaha et al. (1989a) used a rainfall
simulator to evaluate the effectiveness of grass buffers for sediment and nutrient trapping. Plots were
constructed with both shallow uniform flow and concentrated or channelised flow. The 9.1 and 4.6 m
buffers with shallow uniform flow removed 87 and 75% of the incoming sediment. Buffers with
concentrated flow were much less effective, with percentage reductions averaging 23 to 37% less for
sediment.

The effectiveness of existing grass buffer zones in Virginia was qualitatively evaluated by visiting and
observing buffers on 18 farms in Virginia over a 13-month period (Dillaha et al., 1989b). Buffers were
evaluated by talking with landowners and conservationists and observing site conditions. All the
buffers were approximately 6 m in length and were used in combination with cropland. Most were
installed for water quality improvement in conjunction with Virginia’s Chesapeake Bay Programme.
Buffer performance was generally judged to fall into two categories depending on site topography. In
hilly areas, grass buffers were judged ineffective for sediment trapping because drainage usually
concentrated in natural drainageways within the fields before reaching the buffers. Flow across these
buffers during larger runoff-producing storms (the most significant in terms of sediment loss) was
therefore primarily concentrated and the buffers were locally inundated and ineffective. This
assessment was confirmed by the fact that little sediment was observed to have accumulated in the
majority of the buffers observed. Buffers in these areas, while not effective for trapping sediment, were
beneficial because they provided cover in areas adjacent to streams, which are often susceptible to
severe localised channel and gully erosion. They also provided a narrow buffer between cropland and
streams that reduces aerial drift of fertilisers and pesticides to streams during application. The effects
of buffers in trapping sediment deposition during channel overflow and floodplain inundation events
was not considered.

In flatter areas, such as the Coastal Plain, buffers appeared to be more effective. Slopes were more
uniform and significant portions of runoff entered the buffers as shallow uniform flow. Most sediment
was observed to deposit just upslope of, or within the first metre of, the field/buffer interface due to
the abrupt increase in vegetation density that slows water and reduces its sediment transport capacity.
The coarser sediment deposited at the field edge often formed a berm that blocked further inflow of
surface runoff into the buffer zone at this point. Several buffers were observed that had trapped so
much sediment that they were higher than the adjacent fields. In these cases, runoff flowed parallel to
the buffer until a low point was reached where runoff crossed the buffer as concentrated flow. In this
situation, the buffer acted more like a terrace. Flow parallel to the buffer zone also was observed on
several farms where mouldboard ploughing was practised. When soil was turn-ploughed away from
the buffer, a shallow ditch was formed parallel to the field. If this ditch was not removed later by
careful disking, runoff concentrated and flowed parallel to the buffer until it reached a low point and
crossed as channel flow. Berms of this type were observed with both forest and grass buffers. In
response to this problem, one conservationist required landowners participating in the state buffer
strip cost-share programme to construct berms or water bars perpendicular to and at 15 to 30 m
intervals along width of the buffers. The water bars minimised flow parallel to the buffer and
encouraged more uniform distribution of runoff through the buffer. The water bars, which were made
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with a tobacco ridger, were broad and shallow enough that they did not interfere with planting and
harvesting operations. Water bars of this type would be particularly useful in forest buffers to
distribute runoff more evenly across the width of the buffer, rather than allowing channelised flow
parallel to the buffer until a developed channel is encountered. Water bars are a common forestry
conservation practice used to minimise erosion on logging roads.

Most of the grass buffers observed by Dillaha et al. (1989b) had significant forest buffers between them
and receiving waters. In many cases, surface runoff was able to pass through the forest buffer in well-
developed channels with little opportunity for sediment deposition. In other cases (lower sloped areas
in the Coastal Plain), well-developed channels seemed to disappear as they moved into the forested
area and high rates of sediment trapping would be expected. Conclusions drawn from the plot and
field observations include (Dillaha et al., 1989a; 1989b):

1. Buffers of reasonable length are effective for sediment removal only if flow is shallow and uniform
and if the buffers have not been previously inundated with sediment.

2. The effectiveness of herbaceous buffers for sediment removal appears to decrease with time as
sediment accumulates in the buffer and encourages concentrated flow across the bulffer.

3. Active maintenance is required for sustainable sediment trapping in herbaceous buffers.

a) At sites with significant flow parallel to the buffer, water bars should be constructed perpendicular
to the buffer at 15-30 m intervals to intercept runoff and force it to flow through the buffer before it
can concentrate further.

b) To promote vegetative growth and sediment trapping, herbaceous buffers should be mowed and
the residue harvested 2-3 times per year. Mowing and harvesting of vegetation will increase
vegetation density at ground level, reduce sediment transport and remove nutrients from the
system.

c) Caution should be used when applying herbicides to adjacent fields to prevent accidental damage
to buffer vegetation.

d) Buffers should not be used for roadways or turn rows because traffic will damage the buffers and
may cause concentrated flow problems.

e) Cattle should be excluded from buffers at all times, but especially during periods when soils are
moist and buffers are most susceptible to hoof damage.

f) Buffers should be inspected regularly for damage caused by farming operations and should be
repaired as soon as possible.

g) Buffers that have accumulated excessive sediment must be ploughed out, disked and graded if
necessary and re-seeded, in order to re-establish shallow sheet flow conditions.

h) Extreme care must be taken during tillage operations to avoid reducing the length of the buffer. If
mouldboard ploughing is practised, the last plough pass should turn soil toward the buffer and
the disturbed area next to the buffer should be carefully disked to minimise gully formation and
concentrated flow parallel to the buffer.

4. Most on-farm herbaceous buffers observed were judged to be ineffective for sediment removal
because most flow tended to accumulate in natural drainageways before reaching the buffer zone.
This was more of a problem in hilly areas and less of a problem in flatter areas such as the coastal
plain.

5. Buffers should be installed on the contour as much as possible to promote shallow uniform flow
across the buffer.
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6. Large fields with significant natural drainageways or grassed waterways are acceptable for buffers
only if buffers are installed on both sides of internal field drainageways. This will trap sediment
before it can enter the drainageways.

7. If slope-lengths are not excessive and buffers are on the contour, up and down slope tillage
(perpendicular to the buffer) is preferred over contour tillage because it will distribute runoff more
uniformly along the length of the buffer. Unfortunately, it is difficult to till up and downslope
without damaging the buffer because of the necessity of using it as a turn row.

Dillaha et al. (1989a) concluded that the effectiveness of experimental buffer zones with shallow
uniform flow, which are typically used by researchers in short-term studies, should not be used as a
direct indicator of real world buffer zone effectiveness because of long-term sediment accumulation
and concentrated flow problems previously discussed. Concentrated flow effects under real
agricultural conditions were estimated to be orders of magnitude greater than those encountered
during experimental plot studies.

Natural forest buffers

Cooper et al. (1987) used "Cs data and sediment mapping techniques to estimate sediment trapping in
a forested buffer zone receiving cropland runoff in a Coastal Plain watershed. The riparian buffer was
found to remove 84 to 90% of the sediment eroded from the cropland. Sand and coarse sediments
were deposited at the forest edge, while silt- and clay-sized particles were trapped deeper in the
buffer. Cooper et al. suggest that buffer length should increase as stream order increases because the
opportunity for sediment deposition decreases and transport capacity increases as stream order
increases. Smith (1989) reported that excluding cattle from a 10 to 13 m length riparian pasture
reduced sediment loading to the receiving stream by 87%. Castelle et al. (1994) reported that the
relationship between buffer length and sediment removal was non-linear in that disproportionately
long buffers are required for increased sediment removal. For example, increasing sediment removal
from 90 to 95% on a 2% slope would require buffer length to be doubled from 30.5 to 61 m. In a
literature review, Gilliam (1994) reported that riparian buffers are the most important factor reducing
sediment loadings to receiving waters, with sediment trapping efficiencies of 85 to 90% commonly
reported in Coastal Plain regions. In another literature synthesis, Lowrance et al. (1995) reported
similar trapping efficiencies, 80 to 90%, in forested Coastal Plain buffer zones. Sediment trapping
efficiencies in other physiographic regions have not been as well investigated and are probably lower
than those reported for the Coastal Plain because of steeper slopes and channelised flow effects.

Lowrance et al. (1995) reported that buffer zones are the most effective with first and lower order
streams because of the greater potential for interaction between upland runoff and the riparian zone in
lower order streams. For ephemeral and first order streams, the potential impact of buffer zones in
trapping sediment is directly proportional to the proportion of surface runoff from the contributing
area that moves through the buffer zone as shallow sheet flow. Smith et al. (1993) suggest that buffers
are very important for ephemeral channels because they may be greater sources of NPS sediment
loads than perennial channels because of their abundance and lower vegetative cover. For second-
order and larger streams, sediment reduction will be based on the proportion of surface runoff from
the upslope contributing area that flows through the buffer and the proportion of the surface runoff
that enters the riparian area through upslope lower order streams. Clearly, as stream order increases,
the impact a buffer zone along a particular stream reach can have on the reduction in overall load
within that reach is reduced (Lowrance et al., 1995). On a watershed basis, the higher the proportion of
streamflow originating from relatively short flow-paths to small streams protected by buffer zones, the
greater the potential impact of buffer zones. Similarly, the higher the drainage density of a watershed,
the greater the potential benefits of buffer zones.

Zoned riparian buffers

In response to the need for the development of guidelines for the design and management of forest
buffer zones, Welsch (1991) suggested that buffer zones should consist of three zones (Figure 1).
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Zone 1 is a permanent and undisturbed forested zone immediately adjacent to the stream. Zone 2 is a
managed forest zone, just upslope of Zone 1, in which timber is periodically harvested. Zone 3 is a
managed herbaceous strip, usually grasses, just upslope of Zone 2 that is used to control runoff. The
three-zone forest buffers are specified for habitat and water quality protection of waterbodies adjacent
to cropland, pastures and urban areas that are sources of diffuse pollution. Applicable waterbodies
included perennial and intermittent stream, lakes, ponds, wetlands and groundwater recharge areas.
Required lengths for each of the zones were not presented.

Figure 1. Three zoned riparian buffer zone system (Lowrance et al., 1995)
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The principal purpose of the unmanaged forest zone (Zone 1) is aquatic habitat protection and
streambank protection. The primary purposes of the managed forest zone (Zone 2) are removal of
sediment from overland flow and nutrients from overland and subsurface flow. Zone 3, the managed
runoff control zone, has two principal purposes. First, because it is composed of close growing
herbaceous vegetation, usually grass, it offers high resistance to overland flow and is thus an effective
sediment deposition area under shallow flow conditions. Secondly, because it is a managed and
possibly constructed zone, it can be designed to minimise the movement of runoff into Zone 2 as
concentrated flow. Under shallow, uniform flow conditions (minimal concentrated flow), Zone 3 will
be responsible for most of the sediment trapping in the three zone buffer. Once Zone 3 is inundated
with sediment, and/or flow into Zone 2 is no longer shallow and uniform, Zone 3 will have to be
reconstructed and trapped sediment moved back up into the contributing source area. Because of
known problems with channelised flow through buffer zones, several researchers (Welsch, 1991;
Franklin et al., 1992) have suggested that Zone 3 could also incorporate engineered level-lipped
spreaders to distributed runoff across a wider portion of Zone 2.

Lowrance et al. (1995) provided a comprehensive research synthesis on the likely effectiveness of
Welsch's three zone forest buffer system in the Chesapeake Bay drainage basin. They discussed the
likely effectiveness of forest buffers for habitat protection and removal of sediment and nutrients in
the three different physiographic regions of the Chesapeake Bay. Most of their report deals with the
Coastal Plain region where conditions are ideal for buffer zones (widespread existing forested riparian
zones, lower slopes, sandy soils and low upland to riparian land ratios, typically 2:1 to 3:1) and where
the most detailed research on buffer zones for water quality protection in the US has been conducted.
Research on riparian zone effectiveness for sediment removal in the Piedmont and the Valley and

38



Buffer Zones as Sediment Traps or Sources

Ridge physiographic provinces was reported to be very limited and it was difficult to make
quantitative estimates of buffer zone effectiveness in these areas. Sediment removal by buffer zones in
the Piedmont was assumed to be similar but somewhat less than that in the Coastal Plain due to
higher slopes and greater channelisation of flow through the buffers. Sediment trapping is assumed
lower still in the Valley and Ridge because of higher slopes and increased channelisation but trapping
can still be significant if the runoff control zone (Zone 3) is well-maintained and flow channelisation is
minimised.

Buffer zones as sediment sources

Although most of the literature views buffer zones as sediment sinks, some researchers have reported
that buffers are sometimes sediment sources. In addition, even though buffers are usually net
sediment sinks, downstream channel and streambank erosion often negates the benefits of buffer
zones with respect to reducing sediment yield. In a Coastal Plain watershed in Maryland, Jordan et al.
(1993) unexpectedly found that a forested buffer receiving runoff from a no-till corn field was a net
sediment source because of active erosion in the channel flowing through the buffer and little
opportunity for deposition elsewhere. Erosion in the buffer channel was attributed to higher hydraulic
loadings (channelised flow) than reported in other buffer zone studies. The channel erosion in the
buffer was also probably due to the low sediment load in the surface runoff from the no-till field. Since
the sediment load was low, most of the energy in the runoff was available for sediment detachment
and consequently one would expect channel erosion if the channels were not well-protected from
scour. Smith (1992) had similar results in a field study in New Zealand on the effects of forested (pine)
buffers in reducing NPS pollutant losses from steep pasture land. After eight years of growth, the
forested buffers were sediment sources rather than sinks. Sediment losses were 52 to 219% higher from
the buffers than from the control pasture. Observations of the soil surface in the buffer zone found that
the soil was largely bare or covered with a thin loose layer of pine needles. As the pine canopy had
closed in, the original grasses and weeds in the pasture had presumably died leaving the soil with
little protection from the erosive scour of the channelised surface runoff from the upslope pastures.

Baker (1992) points out that reductions in soil loss from upland watersheds due to conservation
practices often do not result in decreased sediment loadings to higher order streams and lakes.
Sediment yields may remain steady despite declining sheet and rill erosion because of increased
stream bank and channel erosion required to satisfy the available sediment transport capacity of
channelised flow. These phenomena have been observed in classic watershed erosion studies such as
Coon Creek, Wisconsin (Trimble, 1981) and are further evidenced by steady suspended solids
concentrations at most USGS water quality monitoring stations since the 1970s, despite declining
cropland erosion (Baker, 1992).

The above phenomena would be expected in any watershed which experiences a significant decrease
in upland erosion due to changes in land management (urbanisation or installation of BMPs for
upland erosion control). During the period when upland erosion was high, the downslope buffer areas
would be expected to be sediment sinks because of the high incoming sediment load and sediment
transport capacity deficit. However, as land use changes and upland erosion decreases (and runoff
possibly increases in the case of urbanisation), the erosive potential of runoff entering the buffer
would increase due to a sediment transport capacity excess and channel erosion will increase. The
buffer and downslope channels would continue to be sediment sources until a new geomorphologic
equilibrium in the watershed is reached. This could take years or decades. This effect would be
partially offset by decreases in runoff rates and volumes (due to increased infiltration and flow
retardance in the buffer zone) that would decrease watershed sediment yield because of reduced
sediment transport capacity. Even though watershed sediment yield might not decrease significantly,
water quality would almost certainly improve because of the lower nutrient and organic matter
content of eroded channel substrate as compared to upland top soils. A possible exception to this
would be the erosion and resuspension of high clay content wetland and channel sediments that may
be enriched with nutrients and organic matter.
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Buffer zone design models

There are very few suggestions or widely accepted methods in the literature that can be used to
determine site specific buffer lengths required for a given sediment trapping efficiency. Barfield et al.
(1979) developed a steady state model, the Kentucky filter strip model, for determining the sediment
filtration capacity of grass media as a function of flow, sediment load, particle size, flow duration,
slope and media density. Laboratory experiments indicated that clay-sized particles are not trapped in
grass buffers, so the model does not allow deposition of clay-sized particles. Outflow concentrations
were primarily a function of slope and media spacing for a given flow condition. The Kentucky model
was extended for unsteady flow and non-homogeneous sediment by Hayes et al. (1979). The model
was incorporated into SEDIMOT II (Wilson ef al., 1984), an erosion and stormwater management
model that is widely used at surface mining sites.

Several attempts have been made to design buffer zones using the CREAMS model (Knisel, 1980).
Williams and Nicks (1988) applied CREAMS to a 1.6 ha watershed in Oklahoma. Buffer effectiveness
was found to be dependent on buffer zone length, Manning’s n, slope and slope shape. Flanagan et al.
(1989) used the CREAMS model to develop a simplified set of equations that could be used for buffer
zone design as a function buffer length, slope and vegetation density (Manning’s n). The WEPP model
(Flanagan and Livingston, 1995) has also been proposed for use in buffer zone design. WEPP uses
more advanced hydraulic and sediment transport routing models than CREAMS, but sediment
trapping is still primarily a function of buffer slope and Manning’s n. These models, like the Kentucky
model, cannot consider the long-term effectiveness of buffer zones because they do not account for
sediment accumulations within the buffer zone. Consequently, these models would be expected to
overestimate long-term sediment trapping. These models also cannot account for concentrated flow
effects that some researchers believe are the most important factor affecting buffer zone performance.

The Riparian Ecosystems Management Model, REMM (Altier, 1994), is a state-of-the-art buffer zone
model. The model has sophisticated nutrient and vegetative growth models required for simulating
nutrient dynamics in riparian zones, but the simplified hydrologic and sediment transport portions of
the model are based on CREAMS era technology and the model’s usefulness for estimating sediment
dynamics in buffer zones is probably limited.

Prato and Shi (1990) used the AGNPS model to compare the economics of in-field erosion control
practices and riparian buffer zones in meeting water quality objectives. Erosion control practices
generated greater reductions in sediment yield but were less cost effective than riparian buffer zones
in meeting water quality goals. However, in-field erosion control resulted in higher income for farmers
than the riparian strategy because of the land taken out of production by the riparian strategy. AGNPS
is an event-oriented model that does not simulate the principal long-term processes, such as
vegetative growth, that control sediment transport in buffer zones. Consequently, its predictions have
limited value for buffer zone design.

Recently, Inamdar (1996) developed a physically-based, continuous simulation, riparian zone model to
simulate surface and subsurface runoff and sediment transport in forested and herbaceous buffer
zones. Hydrologic portions of the model were successfully validated with field data from Canada,
Japan and the US. The sediment transport model was validated using data from Kentucky. Site
conditions such as slope gradient, slope shape, flow concentration and soil horizon thickness were
shown to play a significant role in shaping hydrologic and sediment transport in buffer zone. Further
testing and validation of the model is required, but the model is probably the best model available for
predicting long-term sediment dynamics in herbaceous and forested buffer zones.

DISCUSSION

As indicated previously, there is considerable uncertainty and debate regarding the site-specific
effectiveness of buffer zones for sediment removal. Until there is a better understanding of surface and
subsurface hydrology in riparian areas, it will be impossible to accurately predict the effectiveness of
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riparian zones in trapping NPS pollutants (Gilliam, 1994). In spite of this uncertainty, there is a general
consensus that buffer zones are beneficial for sediment and other pollutant removal and for habitat
enhancement. Several models have been developed to help design buffer zones with respect to
sediment removal, particularly in grass buffers. Unfortunately, none of these models simulate the
effects of sediment accumulations in the buffer and the observed decline in trapping efficiency over
time. All of the models assume that buffers are in a virgin state with respect to sediment trapping
ability at the beginning of each storm. None of the models except Inamdar’s (1996) simulates the
effects of concentrated flow on sediment transport. All assume that flow is shallow and uniformly
distributed across the width of the buffer. This is a serious limitation since concentration of flow in
natural drainageways is the rule rather than the exception in the real world (Dillaha, 1989b). The
development of a comprehensive field or watershed scale model for buffer zone design must simulate
the effects of natural drainageways upslope of and within the buffer zone and the effects of long-term
sediment accumulations to accurately predict buffer zone sediment transport.

Several techniques, including water bars and level-lipped spreaders, were suggested as means to
improve buffer trapping efficiency by reducing concentrated flow through buffers. Water bars are
probably a more realistic option because they can be quickly constructed using conventional farm
implements, require minimal maintenance and do not interfere with other farming operations. Level-
lipped spreaders are probably not suitable for agricultural applications because of the high degree of
control required in their construction, the expense of construction materials and labour and possibly
because of high maintenance requirements. They are probably more suitable for use in urban areas
where the costs of alternative pollution control practices are high.

While buffer zones are an essential watershed protection practice, it is critically important in
agricultural situations to view them as secondary best management practices (BMPs) to be used only
in conjunction with in-field BMPs (Dillaha et al., 1989b; Barling and Moore, 1994). In-field BMPs such
as conservation tillage, contouring, strip cropping, controlled grazing, etc. should be given priority
over buffer zones for NPS pollution control because they prevent pollutant generation at its source.
Sediment and nutrients are valuable natural resources when they are in the field. They only become
pollutants when they leave the field. Buffer zones trap pollutants downslope on the field and they are
lost from the agricultural production system unless they are collected and hauled back to the fields.
Hauling sediment back to the fields is not economically feasible in a forest buffer and difficult in
herbaceous buffers as traditional farm machinery is not suited for moving soil more than a few metres.
While in-field BMPs are preferred for high yield agricultural production systems, in-field BMPs alone
do not provide adequate off-site water quality protection. In-field BMPs may hold sediment losses to
acceptable levels, but current BMPs have a difficult time controlling agricultural chemical losses.
Consequently, a combination of buffer zones and in-field BMPs is required if we are to have both high
yield agriculture and improved water resources (Karr and Schlosser, 1978).
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Abstract

Phosphorus (P) is transported in surface runoff from a drainage area to watercourses in
dissolved (DP) and particulate (PP) fractions. To alleviate eutrophication of the recipient
water bodies, P losses should be diminished by minimising P dissolution and the
detachment of P-carrying soil particles, and by measures removing P from the surface runoff
water. In certain areas, buffer zones — i.e. buffer strips, ponds and wetlands — may be
effective traps for P. Vegetated buffer strips between fields and recipient water bodies
remove PP through deposition of suspended particles from the runoff water on the soil
surface and from the water infiltrating into soil pores. Small ponds and artificial wetlands
retain PP through sedimentation of particles by decreasing the water flow velocity. DP
concentration in runoff may be decreased in buffer strips through sorption by soil
components, especially during infiltration, and through biological uptake by plants and
microorganisms. In ponds and wetlands, removal of DP depends on adsorption by the
suspended solids and bottom deposits, and microbial and plant uptake. Sometimes the
concentration of DP may increase during transport through buffer zones, due to the release
of P from decaying vegetation. Moreover, rooted macrophytes pump P from the pond
sediment and release it in dissolved form. During transport through buffer zones, the
sorption/desorption equilibrium between dissolved phosphorus, suspended sediment and
soil is affected by the properties of the solid phase and ambient solution. The sorption
capacity of the solid phase is dependent on the content of Al and Fe oxides, organic matter
and calcium carbonate. The desorption tendency, by contrast, is markedly dependent on the
degree of P saturation on the oxide surfaces. Therefore, in the source soil, P losses can be
effectively diminished by reducing the accumulation of fertiliser P. Apart from the amount
of sorptive agents in the buffer zones, the efficiency of strips and ponds as P traps is affected
by kinetic factors, contact time and temperature. The best buffer zones can retain half of the
P from agricultural runoff. They should be effective in field areas which are most susceptible
to runoff and erosion. The highest retention of sediment and P is achieved in small
watersheds, close to the point of erosion. Compared with PP, the retention of DP is much
less efficient, and in some cases the losses may even be increased.

PRINCIPAL SOURCES OF P WITHIN CATCHMENTS

Phosphorus is carried to watercourses from point sources such as industrial or municipal wastewater
and from diffuse sources such as forested or agricultural areas. Point sources are easy to identify and
control, and they have been reduced since the late 1960s. As further point-source control becomes less
cost-effective, attention is now being directed towards the contribution of diffuse P load from
agricultural soils. In Scandinavia, the contribution of agriculture to the total loading of P is estimated
to be 39% in Denmark, 54% in Norway, 73% in Sweden and 79% in Finland (L6fgren and Olsson, 1990;
Kronvang and Svendsen, 1991; Graesbell et al., 1994; Rekolainen et al., 1995).

The different P forms in runoff are often operationally grouped into dissolved (DP) and particulate
(PP) fractions, according to the method of determination and potential availability to algae. PP consists
of undissolved inorganic and organic compounds in colloids and larger particles. According to
bioassay experiments, 5 to 41% of the PP in agricultural runoff is biologically available (Persson, 1990;
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Ekholm, 1994). As for point sources, the availability has been found to be higher: 30% in urban runoff
(Cowen and Lee, 1976), 40 to over 90% in purified wastewater (Young et al., 1982; Shannon, 1983;
Berge and Kallqvist, 1990; Persson 1990) and 80% in the effluent of a pulp and paper mill (Priha, 1994).

In surface runoff, the proportion of P in dissolved form is reported to vary from 17 to 45% (Pietildinen
and Rekolainen, 1991). In contrast too much PP, dissolved orthophosphate P (PO4-P), the main form of
inorganic dissolved P in runoff waters (Broberg and Persson, 1988), is considered directly available to
algae (Walton and Lee, 1972; Ekholm et al., 1991; Ekholm, 1994).

PP and DP losses from soil are induced by quite different mechanisms: erosion producing suspended
soil particles and thus PP to runoff, and desorption of DP both from the soil remaining in the field and
from the suspended soil particles (e.g. Logan, 1982; Yli-Halla ef al., 1995). In general, the P content of
the eroded particulate material is greater than that of the source soil, due to preferential transport of
clay-sized particles rich in sorptive oxides. The transport of DP in runoff is initiated by desorption,
dissolution and extraction of P from soil and plant material. These processes occur as a portion of
rainfall or snowmelt water interacts with a thin layer of surface soil before leaving the field as runoff
(Sharpley, 1985).

The P buffering by the soil means that, depending on the circumstances, phosphate anions can be
sorbed to, or desorbed from, the solid particles. For each soil-solution system, there is an equilibrium
phosphate concentration in the solution, above which P is sorbed and below which P is desorbed to
the solution (Beckett and White, 1964; Hartikainen, 1991). As mineral soils often retain P effectively, a
progressive build-up of residual fertiliser P has resulted in a larger P content in the surface layer of
soils compared with the subsoil. As a consequence, the P sorption capacity of surface soils may
become slowly saturated, and the soil surface will support a higher concentration of DP in runoff. In
the case of deep infiltration and flow to the drainage system, however, the slow movement of water
through the subsoil may allow sorption of DP from the percolating waters (Hartikainen, 1979;
Sharpley and Syers, 1979; Turtola and Paajanen, 1995). Therefore, in most cases, P export from
catchments occurs in surface rather than subsurface runoft.

Within a watershed, the prevailing cropping practices influence the magnitude of P losses and the
relative abundance of PP and DP. Reflecting the extent of soil erosion, PP losses tend to be highest
from bare fallow, high from row crops, moderate from cereals and fertilised leys and lowest from
perennial unfertilised leys (e.g. Gustafson, 1982; Brink et al., 1987; Turtola, 1994). However, soil erosion
may be high from heavily grazed pastures (Heathwaite et al., 1990) thus promoting large PP losses.
Due to lower PP losses from ungrazed leys the proportion of DP in runoff tends to be higher from
these areas (Uhlen, 1978; 1988). Large DP losses have been measured from areas where fertiliser P is
broadcast on the soil surface rather than incorporated (Timmons et al., 1973; Sharpley et al., 1992;
Turtola and Jaakkola, 1995).

RECOMMENDATIONS FOR ESTABLISHING BUFFER ZONES

A few general recommendations exist for establishing buffer zones. The width of the buffer strips
depends on the size of the source area of the runoff. Narrow buffer strips may be sufficiently wide
between small field areas and open ditches and brooks. However, wider strips or zones are needed on
fields with steep slopes along watercourses (Ahola, 1990).

Some computer models e.g. GRAPH (Lee et al., 1989) and CREAMS (Chemical, Runoff, Erosion and
Agricultural Management Systems, reported by Williams et al., 1990), may be used to simulate P
transport in grass buffer strips. It is also possible to use these models to provide recommendations for
the width of buffer strips.

Within a watershed, small ponds and wetlands are recommended near P sources. The lower reaches of
watersheds are considered to be natural sites for large wetlands (Hammer, 1992). The ponds and
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wetlands should be large enough for sedimentation of small particles even during peak flows. The
ratio of pond area to the area of the whole drainage basin should be at least 1:1000. To retain soluble
nutrients as well, the ratio should be 1:50. The slopes around the pond and wetland must also be
shallow enough to reduce bank erosion.

In the United States, a combination of a vegetative filter strip and a riparian ecosystem has been
recommended to provide both short- and long-term control of agricultural pollutants (Lowrance,
1991). The system comprises three zones of vegetation between field and stream. Zone 1, nearest to the
stream, is a narrow zone (5-15 metres) of woody vegetation to provide streambank stabilisation and
shading of the stream. Zone 2 is wide enough to remove nutrients associated with eroded soil particles
to background levels. Zone 3, upslope from Zone 2 is a vegetative buffer strip designed primarily for
coarse sediment deposition.

In Finland, the establishment of buffer zones is supported by the Government and the EU. The rules
for buffer strips require a strip of one metre on the sides of main ditches, and a strip of three metres,
covered by perennial vegetation, on the sides of brooks and watercourses, rivers, lakes and the
sea, and around household wells. In addition, the establishment of wider buffer strips, ponds
and wetlands may be eligible for financial support. Buffers with a width of over 15 metres are
recommended on the sides of brooks and watercourses, provided that they are left uncultivated for
20 years. According to the recommendations, the area of the pond/wetland should be at least 0.15%
of the whole drainage area and 0.2% of the field area. The financial support for buffer strips, ponds
and wetlands is (max) 3600 FIM ha (790 US$ ha).

EXPERIMENTAL RESULTS CONCERNING THE EFFICIENCY OF
BUFFER ZONES AS P TRAPS

According to experimental studies, the efficiency of buffer strips, ponds and wetlands in retaining P
varies considerably (Tables 1 and 2).

Table 1. Retention (%) of Total Phosphorus (Tot-P) and Orthophosphate Phosphorus (POs-P)
in Buffer Strip Studies.

Author Location Source Buffer Retention (%) Comments
Area (ha) Width (m) Tot-P PO;s-P
Dillaha et al. (1989) Virginia, USA 0.01 4.6 49-85 69-83 Simulated rainfall
9.1 65-93 48-31 Increase of PO4-P
Magette et al. (1987) Maryland, USA  0.01 4.6 41 Less effective over time
9.2 53
Syversen (1995) Norway 0.045 5 45-56 2-77 Natural rainfall,
10 56-85 0-88 slope of 12-17%, and
15 73 10 strips with native grass
Uusi—-Kamppa
and Ylaranta (1996) Southern Finland 0.063 10 20-36(a) 0-62 Natural rainfall,
increase of PO4-P
Uusi—-Kamppéa
(unpublished data) Southern Finland 0.063 10 53-78(a) 33-33 During summer 1995
Schwer and
Clausen (1989) Vermont, USA wastewater 26 89 92 Greatest removal in
growing season
Vought et al. (1994) Sweden 8 66 Greatest removal within

first metres
16 95

(a) = Particle-bound P
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Table 2. Retention (%) of Total Phosphorus (Tot-P) and Orthophosphate Phosphorus (POa-
P) in Ponds and Wetlands.

Author Location Source Pond Retention (%) Comments
of P Area (ha) Tot-P POs-P

Sedimentation pond

Brown et al. (1981) Idaho, USA Runoff water 0.09 25-33 Efficiency depended on
flow rate

Hirvonen et al. Southern Finland  d.a. of 580 ha 0.18 35 No removal after two

(1996) years

Lindkvist (1992) Southern Sweden d.a. of 650 ha 8 8 In autumn, increase of
PO4-P

Lindkvist and Southern Sweden d.a. of 650 ha 22 "19 In spring, increase of

Hakansson (1993) PO4-P

Submerged macrophyte pond

Horberg and Southern Sweden  w.w. 11 62 Annual P retention 0.03

Kylefors (1991) g/m4d

Mander et al. (1991) Estonia w.w. from a farm 56-67 Greatest removal in
growing season

Bioditch

Mander et al. (1991) Estonia w.w. from a farm 60-92 Greatest removal in
growing season

Root-zone

Horberg and Southern Sweden  w.w. 0.11 61 Annual P retention

Kylefors (1991) 0.4 g/mxd

Mander et al. (1991) Estonia w.w. from a farm 60-75 Greatest removal in

growing season
Artificial Wetland

Braskerud (1994) Southern Norway  d.a. of 50-100 ha 0.02-0.09 20-42 Greatest removal in
winter

Jenssen et al. Southern Norway — w.w. 0.01 98 A combination of four

(1993, 1995) units

Natural Wetland

Gehrels and Canada Runoff water 18 22 Increase of PO4-P

Mulamoottil (1990)

Mander et al. (1991) Estonia W.W. 18 27-88 Greatest removal in
summer

Pommel and Switzerland / Runoff water 3 65 65 During stormflows and

Dorioz (1995) France lowflows

d.a. = drainage area
w.w. = wastewater

In Norway, Syversen (1994) studied the efficiency of filter strips with widths of 5, 10 and 15 metres
planted with native vegetation. More than 50% of the incoming P and 0-88% of DP was removed. In
terms of P retention, there were no differences between strips covered with forest and grass. Mander
et al. (1991) reported alder forests and willow brushes to be the most effective biotopes for buffer
strips. Ten-metre-wide strips were able to adsorb /transform almost 100% of the incoming P.

In buffer strips, the filtration process is found to be of an exponential nature: on the upper part of
strips the amount of adsorbed and transformed P is significantly larger than that in the middle and
lower part of the buffer (Mander et al., 1991; Vought et al., 1994). Thus even narrow forest/brush strips
may be important in removing nutrients from runoff water.

P retained in buffer strips may be transformed into more mobile forms which may subsequently be
lost into an adjacent water body. In an artificially-created rainfall situation, Dillaha et al. (1988) found
that buffer strips may increase DP losses. Uusi-Kdmppé and Yldranta (1996) obtained similar results
from buffer strip plots with native vegetation: the loss of DP was over 50% greater from plots with
native vegetation as compared to plots with no buffer strip or with a grass buffer strip. High losses of
DP from buffer strip plots with native vegetation may have been due to the release of P from decaying
grass residue in the spring. In a model simulation, Lee et al. (1989) found that above-ground biomass
in a buffer strip was a more significant source of P than the source soil.
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According to several studies, the retention of DP is often rather low (e.g. Dillaha et al., 1988; Lee et al.,
1989; Uusi-Kdamppéd and Yldranta, 1996; Williams et al., 1990). Moreover, a buffer zone may at first act
as an efficient sink for P and then turn to a source of P (Richardson, 1985; Dillaha et al., 1988, 1989;
Magette et al., 1989; Vanek, 1991). This may happen when environmental conditions change, when the
soil material becomes gradually enriched with P or when the assimilative capacity of a buffer zone is
exhausted, allowing previously trapped P to be released from the filter vegetation and soil as DP.
Dillaha et al. (1988) assumed that DP removal should decrease with time as filtration decreases, the
adsorption capacity of vegetation is saturated and surface soil P sorption sites become occupied.

Both natural and artificial wetlands have been used for removing P from domestic wastewater and
agricultural runoff (e.g. Richardson, 1985; Mander et al., 1991; Baker, 1992; Mitch, 1992; Braskerud,
1994; Jenssen et al., 1995). Artificial wetland ecosystems with aquatic vascular plants, vegetated
bioponds and bioditches on natural soil, root zone systems in water bodies, and vegetated riparian
buffer strips were able to adsorb and/or transform P (Mander et al., 1991). In Norway, an artificial
wetland system planted with Phragmites and Typha and modified with a fabricated porous medium
(Leca 0-4 mm) with high P adsorption capacity showed an average removal of 97% for P over a period
of 18 months (Jenssen et al., 1993, 1994).

Wetlands may convert some PP to plant available POs-F, thus contributing to downstream
eutrophication problems (e.g. Gehrels and Mulamoottil, 1990). This conversion is considered to be
due to the intense leaching of decaying vegetation and high water levels, which induces anaerobic
conditions, thus increasing the solubility of phosphate.

In Finland, Hirvonen (1994) reported on an experimental pond, built in a ditch to retain P from
agricultural field waters. The retention of P was best in the first year, when as much as two thirds of
the incoming P was trapped. In the second year only one fifth of the P was retained, and over the last
two years the pond did not retain any P (Hirvonen et al., 1996). Richardson (1985) reported that
wetlands used for wastewater filtration became P-saturated in just a few years.

Wetlands may temporarily act as a sink or a source for P. In summer, the wetlands usually retain P
because of sedimentation. In autumn, however, the high flows resuspend the sediment and carry it
forward in the watercourse. Therefore, P retained during the summer period can be a major source
of nutrient transport in the autumn (Svendsen, 1992; Taponen, 1995). Moreover, the water-sediment
interface may become anoxic also during summer, increasing the release of PO4-P.

PRINCIPAL PROCESSES ACCOUNTING FOR THE RETENTION OF P

WITHIN BUFFER ZONES

Phosphorus retention and removal from agricultural runoff in buffer zones is driven by a combination
of chemical, biological and physical processes. The most important mechanisms are deposition of P
with sedimenting material, sorption of DP by soil and uptake of P by vegetation (Dillaha et al., 1988;
Horberg and Kylefors, 1991; Lowrance, 1991). In addition, infiltration of runoff water into the soil

profile and filtration of suspended solids by vegetation cause the retention of P from runoff water
(Dillaha et al., 1988).

Sedimentation and infiltration

Dense vegetation on a buffer strip increases the hydraulic roughness, decreasing overland flow
velocity and sediment transport capacity. Sedimentation of particles is a major process removing P
from cropland runoff, both in vegetated buffer strips and in wetlands (Dillaha et al., 1989; Baker, 1992).
In many cases, however, only the large sand-sized and silt-sized particles and aggregates are
deposited (Brown et al., 1981). A large portion of the PP may be bound to particles which are too small
to settle out in small ponds and wetlands (Brown et al., 1981).

The ability of ponds to remove PP is controlled by stream power. High flow rates, outside the growing
period especially, may overload a small pond, resulting in an increase in velocities to a point where
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even silt-sized particles may not settle. During low flows, silt-sized particles may settle, but the clay-
sized particles cannot be trapped without the aid of flocculation (Brown et al., 1981; Taponen, 1995).
Furthermore, in vegetated ponds and wetlands, plant stems and leaves obstruct flow and thus
facilitate sedimentation (Hammer, 1992).

In buffer strips, infiltration of runoff water may facilitate reduction of both PP associated with small
particles and of DP. During infiltration PP may be sieved from the water in the soil profile (Dillaha
et al., 1988). Vegetation may also change the soil structure by creating root channels and thereby
increasing the infiltration capacity (Vought et al., 1994). Furthermore, infiltration into the buffer strip
soil decreases surface runoff, which in turn reduces the ability of the runoff water to transport soil
particles and PP (Dillaha et al., 1988).

Adsorption

The action and efficiency of buffer zones in reducing the DP load from cultivated soils is dependent on
the dynamic equilibrium between soil and dissolved P. The direction of the net reaction depends on
the sorptive properties of the solid material and on environmental factors such as the P and salt
concentrations in the runoff water, solution to soil ratio and temperature.

The sorptive reaction is initially fast but continues slowly for many days. The slow phase is
attributable to the diffusion of P into the porous oxide material, which renders P less desorbable.
Therefore, the contact time is also of significance in controlling the load of DP. It is obvious that during
fast flow over a narrow strip of buffer zone soil, the sorption reactions do not have time to occur.

The reduction of the DP by the buffer zones is markedly dependent on the pathway of the runoff
water (Burt, this volume). The sorptive properties can be utilised most efficiently in the case of high
infiltration capacity and water passing through the soil mass in the buffer zone.

Assimilation by plants

During the growth season, P is retained from runoff water by plant uptake and incorporation of P into
biomass. However, in a cold climate the P assimilation is reduced (e.g. Granéli, 1990; Mander et al.,
1991), especially during the spring runoff period.

The amount of P assimilation varies between plant species. The incorporation of nutrients into tree
biomass seems to be an important sink for P (Peterjohn and Correll, 1984; Leonardsson, 1994). Uusi-
Kamppa and Yldranta (1996) observed that native herbage vegetation on buffer strips took up more P
than grass stands of timothy and meadow fescue. Horberg and Kylefors (1991) observed that in a
pond with Canadian waterweed (Elodea Canadensis) and Cladophora glomerata, and in a root-zone with
common reed (Phragmites australis), the retention of P was 60% from wastewater. However, harvested
biomass contained only about 16% of the retained P. In a study by Schwer and Clausen (1989), grass
vegetation on buffer strips took up only 2.5% of the incoming P. Some systems with periodic plant
harvesting slightly increased direct removals by plants (Granéli, 1990; Hammer, 1992; Osborne and
Kovacic, 1993). In wetlands, the plants generally take up only very small quantities (<5%) of the
nutrients or other substances present in the influent waters (Hammer, 1992).

Rooted emergent wetland vegetation may sometimes act as a source of P. The vegetation takes up P in
summer, but after tissue death the plant P is released in autumn. Thus, vegetation serves only as a
short-term sink for P unless the biomass is harvested. In addition, bottom-feeding fish (e.g. carp,
catfish) and birds may cause resuspension and thus increase P concentration in wetland outlet water.

EFFECT OF THE INTERNAL PROPERTIES OF THE BUFFER ZONE SOIL
ON P RETENTION

In buffer strips, the extent of the retention of soluble P is determined largely by the amount of sorptive
components in the soil. In acid soils, P sorption is considered to occur mainly by a specific ligand
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exchange on to the hydrated Fe and Al oxides. Other soil components capable of retaining P are
Fe**and Al** ions associated with humic compounds, and some clay minerals, especially allophane.
In calcareous soils, the concentration of P is also controlled by the solubility of Ca-phosphate
compounds.

The extent of sorption depends on pH and the saturation degree of the oxide surface. At a high pH,
the OH- ligands on the oxide surfaces tend to dominate over H>O-groups, rendering the particle
surfaces negative. With decreasing pH the OH- groups protonate to form H>O ligands, and the
negative charge decreases thus facilitating P sorption. Even if the ligand exchange takes place on the
oxide surface, irrespective of the charge, it is favoured by a low pH. This response can be explained by
two factors: 1) owing to the decrease in negative charge the anion repulsion diminishes, and 2) the
H:O ligands formed are more easily replaced by phosphate than OH- ligands.

The sorption affinity of oxide surfaces is known to decrease with increasing P coverage. This is not
only attributable to the fact that the number of sorption sites available diminishes: another factor is
that sorption of phosphate anions can render the oxide surface more negative and thus disfavour
further sorption. Similarly, other anions possessing the same specific sorption mechanism on to the
oxide surfaces can retard or reduce the retention of P through competition. Organic anions, especially
humic compounds, can effectively block sorption sites and lower the P retention in surface soils.

EFFECT OF ENVIRONMENTAL FACTORS ON P RETENTION

Some external factors contribute to the retention of DP from the runoff water passing over the surface
or infiltrating into the buffer strip soil. A low salt concentration in the solution favours the desorption
of P from the suspended soil particles and from the bulk soil mass to the surface runoff water.
A decrease in the ionic strength of the solution is shown to markedly enhance the desorption or,
vice versa, to depress the sorption (e.g. Yli-Halla and Hartikainen, 1996). Similarly, an increase in the
solution:soil ratio during surface runoff is capable of favouring the desorption by diluting the salt
concentration in the solution phase. As a result of the P buffering, a dilution-induced decrease in the
dissolved P concentration is counteracted by P release from the soil material. Furthermore, oxygen
depletion usually results in an increased P concentration in the solution. This response can be
attributed to the reduction of Fe™ in the oxyhydroxides to Fe*, whose affinity for P retention is lower.
A contributing factor is the tendency of pH to increase under reduced conditions, which in turn
promotes the P desorption. However, it is unlikely that the efficiency of the buffer strips is limited by
low redox potential. In the ponds, by contrast, oxygen depletion may occasionally appear and induce
some desorption of P from the bottom material or the suspended particles.

SEASONAL VARIATION IN THE EFFICIENCY OF BUFFER ZONES

A large seasonal variation in temperature may contribute somewhat to P exchange within the buffer
zone. It has been shown that, depending on the P concentration in solution, an increase in temperature
can promote P release from the soil as well as the retention of P by the soil (Yli-Halla and Hartikainen,
1996). This response means that the higher the temperature is, the more effectively a high P
concentration in the solution is diminished through sorption.

In the Nordic region, the temperature of runoff water during the peak flows in autumn and
particularly in spring is much lower (between 0 and 5°C) than temperatures prevailing during the
summer runoffs. In buffer strips, the low temperatures of soil and runoff will decrease the retention of
DP compared with conditions prevailing in summer. Moreover, the marked seasonal variation in other
external conditions, such as ionic strength and volume of runoff as discussed above, will affect the
sorption reactions in the buffer zones too.

The efficiency of buffer zones may be considerably affected by snow cover and soil frost (Schwer and
Clausen, 1989). Depending on the moisture content during freezing, soil pores may be blocked by ice.
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As a consequence, the lower infiltration capacity in the soil surface will decrease the ability of the
buffer zone soil to trap PP and DP.

CONCLUSIONS

Obviously, the most efficient approach to reducing P losses from agriculture employs a combination of
(1) the best management practices to reduce P losses from the source soils, including management to
improve water infiltration for diminishing surface runoff and (2) the establishment of buffer zones to
further decrease the P load entering the waterways.

The effect of buffer strips to trap PP is mostly attributable to reduction of waterflow velocity. As buffer
zones, the lower ends of concave slopes, where waterflow velocity is markedly reduced, could act as
sedimentation areas for incoming PP. In contrast, buffer strips established at the lower ends of convex
slopes would primarily reduce losses of PP only from that particular slope area. For maximum P
retention efficiency, the buffer zone soil should have high porosity to enable infiltration of large
amounts of water. Moreover, a dense, native vegetation with high species diversity and deep-rooted
plants would best promote trapping of incoming P by plants. Buffer zones are able to decrease quite
efficiently the load of particle-bound P, which is the main form of P in agricultural runoff, though not
necessarily the main source of available P. Therefore, buffer strips and sedimentation ponds should be
established at the lower ends of fields with high erosive cultivation producing relatively large losses of
PP. In particular, depressions which channel water from large areas should be considered as potential
sites for these zones.

Compared with PP, the retention of DP in buffer zones is much less efficient, and in some cases the
losses of DP are even increased. Moreover, though the buffer zones are efficient initially in trapping P,
this may decrease over time.

Drawing a conclusion from the processes of P retention in the buffer zones discussed above, one may
state that an acidic soil rich in oxide material and clay and low in adsorbed P and organic matter
would best serve as a chemical sink for P. These requirements are usually fulfilled by a fine-textured
subsoil material, provided that the permeability is high enough to allow infiltration. It should be taken
into account, however, that the accumulation of erosion material can change the mineralogical,
chemical and physical properties of the buffer zone soil.
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Abstract

Riparian buffers have been proven to be very effective in the removal of sediment associated
nitrogen from surface runoff and nitrate from subsurface flows. In both surface and
subsurface flows, hydrologic characteristics are the key to determining how effective the
buffer will be in nitrogen removal. Even though buffers are extremely important to minimise
entry of non-point source nitrogen into surface waters and removals of 90% are common,
they do not work well in some hydrologic conditions.

INTRODUCTION

Permanent vegetation between agricultural fields, grazed land or forests and surface waters has long
been known to be effective in reducing movement of sediment and nutrients to surface waters.
Although this information was much more qualitative than quantitative, vegetative filter strips have
long been accepted as a Best Management Practice for conservation of soil and water resources.
Historically, justification for the practice was based on limiting movement of sediment in surface
runoff water. This changed in the late 1970’s when the importance of streamside vegetation on stream
environment and health was recognised (Karr and Schlosser, 1978; Johnson and McCormick, 1978).
Water quality improvement by riparian buffers was recognised in a general manner by a few authors
(Kitchens et al., 1975; Kuenzler et al., 1977). However, documentation of water quality improvement
was still largely limited to surface processes. In the early 1980’s, three independent reports indicated
that water quality improvements by riparian buffers also improved subsurface water quality
(Lowrance et al., 1983; Peterjohn and Correll, 1984; Jacobs and Gilliam, 1985). These authors showed
that nitrate concentrations in shallow groundwater flowing through riparian buffers toward streams
in the Atlantic Coastal Plain of the US were reduced by as much as 90%.

The ever increasing concern with water quality and general recognition of the water quality benefits of
riparian buffers has resulted in a large increase in the amount of research on this topic in the past ten
years (Gregory et al., 1991). Even with limited quantitative information, there has also been a
widespread acceptance by the general public and regulators of the water quality benefits of riparian
buffers. Many regulatory bodies are currently encouraging increased use of riparian buffers through
voluntary or regulatory procedures. Although the focus of this paper is on nitrogen, overall water
quality benefits of riparian buffers must be considered because of the questions currently being asked
by the public as to the best use of riparian buffers.

There have been several recent reviews on riparian buffers which focus largely on nitrogen as related
to water quality (Gilliam, 1994; Lowrance et al., 1995; Hill, 1996) so this paper will not attempt a
complete review of the literature. The excellent review by Hill (1996) gives a detailed description of
the current status of knowledge on the removal of nitrate in riparian buffers. Thus this paper will not
attempt to duplicate that review but will review only that information necessary to explain what
additional information and research is needed to answer the two major questions being asked
throughout the world. These questions are “how wide do riparian areas need to be?” and “what plants
are needed to achieve a certain level of treatment of both surface and subsurface flows?”. To answer
these questions accurately, a greater understanding of the interaction of the many factors controlling
nitrogen removal by riparian buffers present in various landscapes is required.
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NITROGEN REMOVAL FROM WATER BY RIPARIAN BUFFERS

Most recent research papers and reviews on N removal from water in riparian buffers have focused on
removal of nitrate from subsurface flows. However, nitrogen entering streams through surface runoff
is also important and riparian buffers have an important role in removal of nitrogen from surface
waters.

Surface runoff water

Unless heavy rain immediately follows a surface application of inorganic fertiliser to an agricultural
field, most nitrogen in surface runoff is present as organic nitrogen associated with suspended solids.
There is considerable information available about the TKN (organic-N plus NH4-N) removal efficiency
of grass buffers when runoff water from land receiving either animal waste (Bingham et al., 1980) or
inorganic fertilisers passes through them (Magette et al., 1989; Daniels and Gilliam, 1996). Some of the
researchers who first measured nitrate removal from subsurface water in wooded riparian buffers also
measured nitrogen losses from surface water (Correll, 1983; Lowrance et al., 1985; Chescheir et al.,
1991).

All of the above have measured very significant removals of N from surface waters flowing through
buffers. As expected, removal of sediment-bound N is generally higher than removal of inorganic N in
solution (Dillaha et al., 1989). Also, N removals are quite variable between and within buffers as shown
in Figure 1. Factors which influence sediment removal in buffers is covered in much more detail by
Dillaha and Inamdar in this volume. Thus, we will not comment further on this except to point out
that published (Parsons et al., 1994) and unpublished data we have collected indicate that grass buffers
are more effective in both sediment and TKN removals from surface water than forested buffers (when
the buffers are of similar widths).

Figure 1. Loss of TKN as surface runoff water flows through grass and grass plus mixed
vegetation (from Daniels and Gilliam, 1996).
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The most studied nutrient removal process in riparian buffers during the past decade has been nitrate
loss from subsurface flows. As pointed out by Hill (1996), there are several reasons for the tremendous
interest in this process. These include: (a) the major pathway for nitrate movement to surface waters
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from many humid uplands is through diffuse subsurface flow which may or may not pass through a
riparian buffer, (b) there is general agreement among many researchers that presence of riparian
buffers is the most important factor controlling entry of non-point source nitrate in surface water
(Lowrance et al., 1995) and (c) there was essentially no scientific information about the process before
the early 1980’s. However, there are still many unanswered important questions making it difficult to
predict nitrate losses under many landscape situations. There is agreement that the two major
processes responsible for removal of nitrate in riparian buffers are plant uptake and denitrification but
there is no agreement of the relative importance of these two processes in many landscapes. There is
no question that both are important processes whose relative importance varies with landscape
conditions. All who have looked at a variety of riparian buffers throughout the world agree that they
are complex environments which are heterogeneous in both the vertical and horizontal direction in all
of the important characteristics controlling nitrate loss.

Many early studies on nitrate removal in riparian buffers measured a decrease in nitrate concentration
in the groundwater with distance from a field edge into the buffer without directly measuring the
process(es) responsible for the decrease. Denitrification was assumed by some because reducing
conditions were measured in the saturated sediments near the stream and there was a marked decease
in the NO3-N/Cl ratio (Jacobs and Gilliam, 1985). Also, the first few studies were all conducted in the
Atlantic Coastal Plain of the US in areas where a relatively shallow aquatard existed which was
assumed to prevent both (i) movement of significant amounts of water upward to dilute nitrate
concentration in the laterally flowing groundwater and (ii) movement of nitrate to deeper
groundwater. Later studies by Schipper et al., (1993, 1994) in New Zealand, Haycock and Burt (1993) in
Great Britain and Pinay et al., (1993) in France very clearly showed that denitrification was the primary
mechanism responsible for nitrate disappearance in their riparian buffers.

However there are problems with assuming that denitrification will remove most of the nitrate
wherever groundwater flows below a riparian buffer. In almost every study cited thus far, the nitrate
concentration decreased dramatically in the first few (<10) metres of the buffer. In these situations, it
would seem that uptake could not be responsible for all of the nitrate disappearance occurring within
this short distance. However, the water table at the upper edge of the buffer in our studies in North
Carolina and in Lowrance’s in the Coastal Plain of Georgia was commonly more than a metre below
the surface of the soil. Groffman et al., (1991) and Lowrance (1992) have clearly shown that C
availability for denitrification in the soil below the A horizon in some of the riparian soils where they
measured apparent nitrate removals was limiting (Table 1). These data do not indicate that
denitrification would not occur at the depths where most water is flowing through the edge of the
buffer, but losses are apparently occurring where measured denitrification potentials are low. We have
collected similar unpublished data in North Carolina showing that nitrate is apparently being lost
even when denitrification rates were low. Groffman (personal communication) has hypothesised that
much of the denitrification occurring riparian buffers with apparent low denitrification potential may
be occurring in localised micro sites as has been measured in field soils by Parkin (1987).

Table 1. Changes in groundwater nitrate concentration, depth to water table, and
denitrification potential in the first 10 m of a riparian buffer in Georgia (from Lowrance, 1992).

Water Table Relative Denitrification
NO3s-N Conc. (mg/L) Depth (m) Potential at Buffer Edge
Buffer Edge In10m Max. Min. Mean Soil Depth (cm)
5 30 90
14 2 2 0.6 1.6 1 0.07 0.01

Many authors have noted that knowledge of hydrology is essential to understanding nitrate removal
rates in riparian buffers (Correll and Weller, 1989; Hill, 1990; Gilliam, 1994) although few have made
detailed studies of the local hydrology. Hill (1996) pointed out many deficiencies in our current
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knowledge in this area. Two recent studies show how important hydrologic information can be in
interpreting results of riparian buffer studies. Altman and Parizek (1995) measured large changes in
nitrate concentration in the groundwater near the discharge area from a farm in the Valley and Ridge
and the Appalachian Plateau of the US. They determined that a small part of the decreased
concentration may have been a result of denitrification, but the change was mostly due to dilution by
groundwater from another area. These authors were careful to point out the hydrologic differences
between their study area and other areas studied in the Atlantic Coastal Plain to help explain why
their results were different. However, many reviewers have questioned results of any study where
denitrification was not directly measured and/or age of groundwater determined. Thus it is important
that researchers working on N loss in riparian buffers obtain sufficient information to show exactly
what the N dynamics are.

A very interesting technique for dating groundwater by determining chlorofluorocarbons
concentration in the water was recently developed by US Geological Survey (Dunkle et al., 1993;
Plummer et al., 1993). Puckett et al., (1995) used this technique in a recent study in a Minnesota
riparian wetland to show that water in the riparian area containing very low nitrate concentrations
was much older than the groundwater at the edge of the field which contained much higher levels of
nitrate. Because the groundwater in the riparian wetland was so much older than groundwater below
nearby fields, nitrate concentration differences probably were not a result of nitrate removal in the
riparian buffer. The technique of dating groundwater and its utilisation in riparian buffer studies was
presented by Puckett as a poster at this conference and should be applied in other riparian areas to
better understand the dynamics controlling movement of nitrate to surface waters.

Scientists working with nitrate loss in groundwater below riparian buffers have discussed the
possibility of the water passing below a riparian buffer at depths where there would be no or minimal
influence of the buffer. Data to confirm this possibility were recently obtained in the Delmarva
Peninsula by Phillips et al., (1993) and Correll et al., (1994). Their data indicate that the lack of a shallow
aquitard may greatly reduce nitrate removal from groundwater in riparian areas. Thus one cannot
assume that a riparian buffer will necessarily remove nitrate from groundwater flowing below it.

Another aspect of hydrology influencing nitrate removal in riparian areas is residence time of the
water in the buffer. This was demonstrated very well by Haycock and Pinay (1993) who showed that
nitrate in groundwater entering a riparian floodplain at a fast flow rate moved further into the
floodplain than nitrate at a similar concentration in groundwater moving slower.

Because of the low denitrification potentials observed in subsoils where nitrate concentrations were
decreasing in riparian buffer groundwater, we tried to estimate residence time of the nitrate in the
riparian zone (Xu, 1992). Nitrate and chloride salts were placed in trenches at the top of the B horizon
upslope of riparian buffers at the Piedmont site (soil: Clayey, kaolinitic, thermic Typic Hapludult) and
at the Coastal Plain site (soil: Fine-loamy, siliceous, thermic Typic Paleudult) mentioned earlier. The
vertical and horizontal movement of the nitrate in the riparian areas after 530 days and 1147 mm of
rain at the Piedmont site and 558 days and 1366 mm of rain at the Coastal Plain site are shown in
Figure 2. The movement was slow at both sites in both the vertical and horizontal directions. As
expected, movement was faster in the sandy Coastal Plain soil but residence time in the riparian buffer
was relatively long. Under these hydrologic conditions, a slow rate of denitrification or plant uptake
could remove a significant amount of nitrate before it left the area in subsurface drainage water.

Some have questioned how long riparian buffers can be effective in removing nitrate from ground
water. Where most riparian buffers are currently effective, they are receiving continuing inputs of
organic carbon from surface vegetation. Thus, they are likely to continue their effectiveness for a long
period of time. However, Groffman et al., (1992) suggested that long-term buffering at a site they
studied may be limiting. Thus, a definitive answer to this question is currently lacking and may be site
specific.
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Figure 2. Nitrate distribution in a North Carolina Coastal Plain buffer 558 days after
application (left side) and in a Piedmont buffer after 530 days (right side) (from Xu, 1992).
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A very important question being asked by those encouraging increased protection of surface waters by
riparian buffers concerns the relative removal efficiency of trees versus grass. Osborne and Kovaic
(1993) in Illinois and Haycock and Pinay (1993) in England compared nitrate removal rates in buffers
below trees and grass and both researchers reported somewhat higher removal in buffers that
included trees. There has also been a general consensus among several scientists that trees are the
preferred vegetation in a riparian buffer for nitrate removal because of a potentially deeper rooting
zone (Lowrance et al., 1995). Presumably, the deeper roots increases both plant uptake and C supply
required for denitrification (Haycock and Pinay, 1993). This certainly may be true, but other scientists
have pointed out that grasslands tend to have more organic matter deeper in the soil profile than do
forests. Also, there are some deep-rooted grasses which might do better than those previously tested.
There is very strong opposition by land owners in many areas to planting trees in riparian areas
whereas a permanent grass buffer is much more acceptable.

Because environmental problems are not limited to water quality, concern is frequently expressed that
increased denitrification in riparian areas may be trading a water quality problem for an atmospheric
problem because of increased N>O evolution. However, Weller et al., (1994) measured lower N>O
evolution in their riparian buffers (0.35 kg N ha'yr') in Maryland than was emitted from adjacent
cropland. Buffington (1994) measured much larger amounts of N2O evolution from our Piedmont and
Coastal Plain sites in North Carolina than those measured in Maryland. However, the N2O evolution
rates were still similar to those measured from cropland in North Carolina (Spooner, 1980).
Surprisingly, the N2O concentration in the groundwater entering the riparian areas in Buffington’s
study contained about 200-500 ugL* N>O-N at the Coastal Plain site and 40-100 ugL™ N>O-N at the
Piedmont site. Concentrations decreased with distance into the riparian buffers at both locations. The
data from both Maryland and North Carolina seem to indicate that increased use of riparian buffers to
remove NOs3-N from groundwater is not likely to contribute much, if any, to the current problems
caused by N>O.

DISCUSSION
The authors believe that riparian buffers are the most important factor controlling entry of N,
particularly NOs-N, from agricultural land into surface water in humid regions. However, there is
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tremendous variation in their effectiveness even within a single buffer and certainly between
physiographic regions. The public and regulatory agencies have accepted the scientific conclusion as
to the value for protecting water quality. In many ways, the demand for information and utilisation of
the practice is advancing faster than the science.

Welsch (1991) presented an idealised riparian buffer system for the protection of water quality. This
general concept was also adopted by the group of scientists who evaluated the potential for use of
riparian forest buffer systems to protect water quality in the Chesapeake Bay of the US (Lowrance et
al., 1995). The width between cropland and stream for the idealised system was 29 m. There is
tremendous resistance by land owners where no vegetated buffer currently exists, to installing a 29 m
buffer. We believe that a 29 m buffer is a desirable goal for wildlife, stream health, etc., but frequently
many of the water quality benefits can be achieved with narrower buffers. For example, many studies
have shown dramatic decreases in TKN in surface runoff water with a 10 m buffer and the same
reductions have been seen for NO3-N concentrations in subsurface flows. Current information allows
one to design ideal riparian buffers, but we cannot predict results which would be obtained by less
than ideal widths which may be greatly over-designed for many places. The same uncertainties may
be true with regard to use of trees or grass. If a combination of trees and grass is best (Welsch, 1991),
what are relative water quality benefits of varying widths of only trees or only grass?

Another question frequently asked about riparian buffers is in regard to channellised streams or large
ditches. Frequently the water table is 1-3 m below the ground surface near the ditch bank so there
might be little interaction between the water table and buffer vegetation. We have initiated research to
see if we can use a combination of controlled drainage (structure in ditch or stream to regulate flow)
and permanent vegetation on bank to enhance NO3-N loss in these situations. Again, we have the
unanswered question related to width of the vegetated strip. We are also developing simulation
models to address the hydrology-nitrogen interaction in these areas. Our modelling effort will enable
an examination of the relationship between riparian buffer width and nitrogen reduction in various
landscapes. In addition we will be testing and evaluating other modelling approaches including the
Riparian Ecosystem Management Model (REMM) which is currently being developed in Georgia
(Bosch et al., 1996).
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Abstract

The movement of pesticides to surface waters has become an area of concern across Europe
and other countries where pesticide usage is a key part of crop management. Pesticide losses
to surface waters can be rapid; as a consequence, remedial measures may have a more or less
immediate effect in reducing contamination, and resulting environmental impact. One such
measure attracting increasingly widespread interest is the use of buffers generally considered
to be best located close to, or adjacent to, surface water courses. However, the mechanisms by
which buffer zones can control pesticide loss are not well understood, neither is the optimum
design and function of buffers always clear. This review paper considers the mechanisms and
importance of pesticide transport to surface waters and assesses the evidence that indicates
whether buffers can be effective in protecting both water quality and the environment. In
particular, the paper examines research which addresses the appropriate design of buffers
and assesses the potential long-term role for these landscape features.

INTRODUCTION

As agriculture has intensified, an increasingly wide range of pesticides has been found in surface
waters draining agricultural catchments at concentrations above that considered appropriate for
potable water and wildlife (White and Pinkstone, 1995). In the EU, Williams et al. (1991), Gillet (1991),
Harris et al. (1993) and Traub-Eberhard et al. (1995) are among many who have reported studies
showing appreciable pesticide losses. In the US, Asmussen et al. (1977), Neely and Baker (1989) and
Bengston et al. (1990) all reported pesticides in surface runoff at concentrations considerably above
0.1ug/1. Most workers have reported that peak pesticide concentrations were found soon after
application and the initiation of surface runoff or drainflow, often with concentrations higher in the US
than in the EU. Leonard (1988) in particular, suggested that these higher peak pesticide concentrations
in the US were due to more intense storms than are found in Europe.

Pesticide movement has been reported both in solution and in the particulate phase. Flow paths for
each can be different and the likelihood of a pesticide being absorbed to particulates will depend on
its adsorption properties (Marshall et al., 1996). As a consequence, measures introduced into the
landscape to address pesticide movement must reflect these different flow paths.

The conversion of streamside margins and riparian areas to provide a buffer to pesticides reaching
watercourses has been reported widely (Muscutt et al., 1993; Norris, 1993). In particular, in the US,
vegetated filter strips are an approved ‘Best Management Practice’ which is part-funded by the US
Department of Agriculture. Also, in the US, widespread installation has occurred along all perennial
streams (Dillaha, 1989). Other countries have also adopted similar approaches. For example, in some
Scandinavian countries vegetated buffer zones are already widely used alongside lakes to control
contamination (Keskitalo, 1990) whereas in New Zealand a policy of ‘retirement’ of riparian zones has
been recommended to protect aquatic habitats (Smith, 1989).

This paper reviews the information available on the mechanisms of diffuse pesticide transport from
agricultural soils and assesses the impact that buffers and a buffer policy could have on pesticide
concentrations and the biodiversity of surface waters.
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MECHANISMS OF PESTICIDE MOVEMENT

Surface runoff

Surface runoff can occur when the surface soil becomes saturated or when rainfall intensity exceeds
the infiltration capacity of the surface soil aggregates. Agricultural management can influence water
movement. For example compaction of the soil surface by machinery or the use of permanent
tramlines (Harris, 1995) can increase surface runoff.

Many pesticides are readily carried in surface runoff at concentrations that could affect both catchment
water quality and stream biodiversity; this process applies particularly to pesticides only weakly
adsorbed (Asmussen et al., 1977, Wauchope and Decoursey, 1986; Leonard, 1990; Harris et al., 1994;
Brown et al., 1995).

Sub-surface runoff

Sub-surface flow is widespread in many surface water catchments, particularly in clay-based soils
without pipe drainage. Where permeability is particularly low, permanent pipe drains will be linked
to a secondary drainage treatment to improve water movement (Harris, 1995). In such soils the
presence of macropores is particularly important to the flow of water (Beven and Germann, 1982). In
contrast in the US, and in more permeable EU soils, surface drainage, or drainage without secondary
treatments, is more common and considerable research has focused in these regions on surface runoff
(Leonard, 1990).

Pesticides are often applied in the autumn, just before the onset of drainage, or in the spring when
soils are still relatively wet and hence rapid losses can occur. Once a pesticide is applied to the soil,
the likelihood of movement to sub-surface drainage will depend on the properties of the chemical
itself (especially mobility and degradation), soil structure and organic matter content, the period of
time between application and drainflow, and the background soil moisture and temperature
conditions (Jones et al., 1995). However, some groups of pesticides are more likely to be lost than
others, for example herbicides, such as isoproturon, which are readily mobile and remain in the soil
for many months (Monke et al., 1989; Williams et al., 1991; Harris et al., 1994). In contrast strongly
adsorbed pesticides have only been found at very low concentrations and with low overall losses
(Jones et al., 1995).

Particulate transport

Wauchope (1978) has suggested that only pesticides with a solubility in excess of 10 ppm are likely to
be lost primarily in the water phase. However, it is evident that many pesticides are found in
particulate matter and that this may be an important transport route in some conditions. Buttle (1990)
found 20-46% of the losses of the pesticide metachlor (a moderately soluble herbicide) were carried in
sediments over the reporting period. House et al. (1992) and Worral et al. (1993) have also highlighted
the importance of this mode of transport. House et al. (1992) found simazine and atrazine in water in
three UK catchments, but lindane, DDT and other strongly adsorbed pesticides were also detected in
bed and suspended sediments. Recent studies, for example those reported by Marshall et al. (1996), are
investigating the source of the particulate matter involved and will be important in determining the
most appropriate control measures for this route of pesticide transport.

Spray drift

A further source of contamination not always considered is that from spray drift, directly into the
watercourse, which can pose a further risk to aquatic life. Numerous studies have shown that spray
can drift over considerable distances (Harris et al., 1992; Ganzelmeier, 1993; Lloyd and Bell, 1993),
although for a typical arable crop the volume of the original spray application that travels in excess of
6 m may be no more than 1%.
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POTENTIAL FOR BUFFER ZONES TO REDUCE PESTICIDE LOSSES

Surface runoff

Field margin buffer zones are widely reported to reduce diffuse contamination of watercourses,
especially for nitrate movement and where water movement is relatively slow through the buffer
area (Muscutt et al., 1993; Norris, 1993; Patty et al., 1995; Patty and Real, 1996). Other benefits have
been reported for buffers, e.g. as wildlife refuges and to remove irregular field boundaries.
However, research has also shown that uncropped areas can potentially reduce in-field crop yields
(Speller et al., 1992).

Plot studies in the US have suggested that grass buffers are effective sediment filters with retention of
over 80% reported (Dillaha et al., 1987; Parsons et al., 1990). However, Niebling and Alberts (1979)
found that buffers were less effective in the clay particle range, especially when only narrow strips
were used. Fenessey (1993) suggested 40-80 m wide strips were needed to reduce surface runoff and
contamination in poorly drained soils and 15-60 m wide strips for better drained soils. However, this
does not take into account the problem of point source input, especially the importance of sub-surface
drainage in clay soils (Harris ef al., 1994). US grant-aided filter strips are between 20 and 30 m wide,
whilst German work generally recommends a buffer zone of 5-10 m on well-drained soils for the
effective interception of surface runoff, and a width of 15-20 m for poorly drained soils.

Research into the effect of buffers in controlling pesticide movement is less well documented.
Experiments in the US by Mickleson and Baker (1993) suggested that 4.6 m grass buffers could remove
72% of sediment (as long as the slope was not too steep to cause erosion near to the watercourse) and
by 75% for 9.1 m buffers. The 4.6 m and 9.1 m buffers reduced losses of atrazine from a 4.6% slope by
32 and 55% respectively. Tillage on the upslope area did not affect the results. Baker et al. (1995)
suggest that even 2 m wide buffer strips increased water infiltration and could therefore be effective in
reducing pesticide movement. Jones (1993) reported similar German studies using 5 m buffers on a
13% slope. He found that although runoff was little affected by a bare soil buffer, herbicide losses were
reduced by 40%. In contrast a grass buffer virtually eliminated soil erosion, reduced water movement
and substantially cut pesticide movement to surface waters. He concluded that although more
research was needed to quantify the size of buffers, they could be effective in reducing pesticide losses
to surface waters.

More recent studies by Gril et al. (this volume) found that buffers were effective at removing sediment
and a range of pesticides studied. Using a range of buffer sizes from 6 to 20 m, considerable reductions
were achieved. For example, concentrations of isoproturon and diflufenican were reduced by at least
57% and 68% with 5.7 and 11.1 m buffers, respectively.

Sub-surface drainage

There is little reported evidence on the benefits of buffers in reducing pesticide movement in sub-
surface drainage waters. This is because movement from these systems is rapid (Harris ef al., 1994) and
the residence time in any buffer will therefore be very small. However, recent research (Harris ef al.,
1996) has suggested that the combination of mole drainage and secondary drainage treatments in clay
soils may, in effect, be overdraining the soil profile, and a lower drainage standard might be
acceptable. Such systems, which restrict drainage until the soil profile is saturated, will increase the
opportunities for adsorption of pesticides and the potential for buffers to be effective. Harris et al.
(1996) found a reduction in loss of isoproturon of around 25% when drainage was restricted to periods
of soil saturation.

Spray drift

Although primarily interested in the effects of buffers on bank vegetation, Marrs et al. (1993) and
Marrs and Frost (1995) assessed spray drift travel and suggested that, on sites where seedling
establishment was an important mechanism for community regeneration, buffer zones between
farmland and the sites need to be 20 m. Seedlings of some species were affected at greater distances

64



Buffer zones to reduce pesticide contamination

than established plants, indicating either greater capture of drift, or a greater sensitivity. This would
clearly have implications where buffers were being established as part of an approach to create
wetland flora, and could have a further consequence where floral survival might further influence
contaminant removal.

Evidence of the effect of buffers on spray drift for features including hedges is provided by Davis et al.
(1994) who demonstrated that hedges planted alongside water courses would affect the spray drift.
They found that spray deposition immediately behind the hedge was substantially decreased but that
this increased again up to 15 m away; in their studies this was nine times the height of the hedge.
When tested against MCPA sprays, they found that the protection afforded by the hedge could be
limited in strong winds. Similarly, Greig-Smith et al. (1992) suggested that hedges provided little
resistance to drift when free of leaves at the end of winter.

IMPACT OF PESTICIDES ON THE BUFFER ZONE HABITAT

Damage to invertebrate populations following the spraying of insecticides is well documented and
described in the United Kingdom by Muirhead-Thompson (1978), Crossland et al. (1982) and Pinder
et al. (1993). The UK MAFF Pesticides Safety Directorate currently imposes ‘no spray zone’ label
restrictions on more than 160 agrochemical products in order to prevent pesticides that represent a
high risk to aquatic life from entering surface waters or ditches. These restrictions are designed to
restrict spray drift and do not prevent the loss of pesticides to surface waters through drain flow or

surface runoff which can occur at concentrations sufficiently high to pose a threat to aquatic life
(Harris et al., 1996; Williams et al., 1996).

Quantification of the effects of pesticides in surface waters can be difficult, since natural population
fluctuations may be extremely variable. Fleming et al. (1995) describe a freshwater mussel ‘die-off’
where some 1000 mussels were found to be dead or moribund in North Carolina in a stream whose
catchment was dominated by forestry and agriculture. The event was suspected to be of acute origin
since there was no evidence of disease and laboratory investigations detected cholinesterase
inhibition. The authors suspect carbamate or organophosphate poisoning, but the cause could not be
confirmed since there were no detectable levels of anticholinesterase pesticides in either mussel tissue
or water samples.

Pollution events such as this are likely to be transient and thus difficult to detect, but are most likely to
occur following heavy rainfall shortly after pesticide application. For example, Williams et al. (1996)
demonstrated that rainfall events can generate transient pesticide concentrations in headwater streams
that are fatal to Gammarus pulex, a freshwater shrimp. An in-situ bioassay (Matthiesson et al., 1995)
showed that following heavy rainfall peak concentrations of 27 ug/1 carbofuran in a stream caused a
cessation of feeding and 100% mortality of the test animals. Subsequent deployment of the Gammarus
pulex bioassay following an application of chlorpyrifos led to mortality of 36% of test animals
following a 12 mm rainfall event in 24 hours (47% of animals in the same test were assessed as
moribund). The report concludes that transiently high pesticide concentrations are potentially
significant to the ecology of streams and recommends that headwaters should be protected.

In addition to acute toxicity to stream invertebrates or fish, indirect effects may be caused by herbicide
applications that deplete algal and macrophyte populations and deprive invertebrates of food
(Hamala and Kollig, 1985). Forster and Botham (1996) measured the laboratory toxicity of trifluralin in
three sediments (E:Cso — 50% growth inhibition over 14 days) to Lemna minor, and compared it with
measured concentrations of trifluralin in the stream. The maximum measured concentration was
50 pug/l and the lowest E:Cso was found to be 0.4 mg/l. Although this represents a twentyfold
difference and the minimum E;Csp would be unlikely to cause damage to aquatic plants as a single
dose, repeated inputs could reduce populations in the long term.

The relatively low toxicity of trifluralin to Lemna minor may be influenced by reduced bioavailability of
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the pesticide in the presence of sediment. Trifluralin binds strongly to organic matter and is not very
soluble in water. Atrazine (a more mobile and soluble material) is an effective inhibitor of
photosynthesis in algae and can affect algal communities in artificial ponds and streams at
concentrations between 10 and 20 ug/1 (Stratton, 1984). Despite this high inherent toxicity, there is
evidence that algae can develop a tolerance to atrazine in agricultural streams (Hersh and Crumpton,
1988).

In recent years there has been increasing interest in the effects of pesticide pollution on benthic
invertebrates in addition to the surface dwelling insects such as pond skaters and whirligig beetles
that are most readily affected by overspray and spray drift. Particulate pesticide transport via
drainflow or surface runoff is less likely than spray drift to affect surface dwelling and water column
invertebrates, but benthic organisms may be at risk via ingestion of particulate material as well as
exposure to interstitial water and the water column.

The increased use of no-spray zones and specially constructed buffer strips to reduce spray drift and
leaching via drain flow and surface run-off will help to reduce pesticide contamination of both
relatively impoverished headwater streams and, more importantly, biologically diverse surface
waters. Some concern has been expressed at the potential build up of pesticides in such buffers and
the consequent effect on the flora and fauna within the buffer area itself. This is of concern because
data are difficult to obtain due to the natural variation in soil microbial populations (Edwards et al.,
1994). In a long-term study, Bromilow et al. (1996) found no deleterious effects on soil microbial
populations after up to 20 years of applications of five pesticides to replicated plots on a silty clay
loam soil, whereas Edwards et al. (1994), found reductions in microbial activity following the
application of the fungicide captan in discrete microcosm studies.

DISCUSSION AND CONCLUSIONS

Although there are numerous reports citing the benefits that buffers can bring to reducing nutrient
pollution, and suggesting design standards, papers citing procedures for the establishment of buffers
to reduce pesticide contamination are relatively rare, indicating that this is an area where further
research is needed. The lack of adequate guidance may be, in part, because the understanding of the
mechanisms of pesticide transport is relatively new, compared to nitrate. In particular, the chemical
properties of the pesticides themselves differ greatly and properties such as mobility and adsorption
will greatly affect their travel paths and propensity to leach (Marshall et al., 1996; Jones et al., 1995).

The reported evidence suggests that relatively narrow buffers, between 2 and 10 m in width, are
sufficient to trap both surface runoff particulates in many hillslope situations and aid the infiltration of
surface water into the buffer (Baker et al., 1995). However, equally important is that considerable
pesticide movement is observed in sub-surface drainage in clay-based soils, entering the stream
system effectively as point sources (Harris et al., 1994). In such circumstances, surface buffers are
unlikely to result in any noticeable reduction in pesticide movement to surface waters and buffers
must be considered as three dimensional features.

For buffers to be effective in any situation it is evident therefore that the residence time is the most
important variable for water quality improvement, since pesticide adsorption takes place only while
the material is in the buffer. Where underdrainage is a problem, an approach showing some promise,
and reported by Harris et al. (1996), has involved restricting drainage and placing absorbent materials
within the drainage system to reduce pesticide loss. Depending on field slopes, there may be
opportunities for extending this approach into three-dimensional streamside buffers, thus increasing
wetness and residence time within the buffer, and thus providing opportunities to reduce pesticide
contamination. Whereas a number of workers have assessed the hydrological and other limiting
factors controlling nitrate removal in buffers (Haycock and Burt, 1993; Baker and Maltby, 1995) there is
little published on the ideal hydrological conditions for pesticide removal. If pesticides have been
successfully retained within a buffer, then degradation will be increased by increased soil moisture
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and temperature (Nicholls ef al., 1993) and may be further influenced by pH (Cox et al., 1996). Also if
increased pesticide adsorption in the buffer is a problem, then rapid degradation may be possible by
the use of microbes with an enhanced degradation capability. For example, Cox et al. (1996) have
identified and cultured a field soil which can degrade the herbicide isoproturon within a few days,
compared to a normal half-life of around two months in the topsoil.

In addition to buffer width and the issue of sub-surface control of pesticide contamination, there are
other features which need to be considered during buffer design. Buffers, as landscape features, can
clearly influence spray drift essentially by removing the application of spray from this area. The wider
the buffer, the greater the benefit, although widths up to 15 m might be necessary to eliminate most of
the effects of spray drift (Davis et al., 1994). Greig-Smith et al. (1992) suggested that open hedges had
little effect on drift, indicating that further research is needed to maximise the design of the buffer to
minimise drift, especially where economics dictate that only narrow buffers are feasible.

Buffers are generally considered as linear streamside features. In most situations the stream margin is
the most appropriate location, although to control particulate movement, targeting the source may be
preferable and this may be on the hillslope rather than stream margin area. The presence of
considerable particulate loads in some drainage systems (Marshall et al., 1996) provides evidence that
the products of hillslope erosional activity can enter the drainage system, and thus bypass any
streamside buffer. Equally, water and contaminants can enter streams as point sources, influenced by
micro-topographical features. Linear buffers are therefore more suited to conservation than as a means
of reducing contamination of watercourses. In a review of the role of buffers to control contamination
of surface waters, Muscutt et al. (1993) concluded that targeted buffers are essential, and should be
designed accordingly.

In conclusion, there is still much to learn about how buffers can be used to reduce pesticide
contamination of surface waters. In particular, research is needed to determine a best practical
approach, to include risk management considerations, and to cover the range of geographical
situations and modes of transport for pesticides, so that those who advocate the use of buffers as
landscape features, and those responsible for their implementation, can design effective systems.
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Abstract

Over the past few years, monitoring of water tables and surface freshwater in France has
shown significant cases of pesticide contamination and many surface water samples have
exceeded the set limits for drinking water (0.1 yg 1" European Directive 80/778/CEE). As a
consequence public authorities, in collaboration with agricultural and rural development
partners, have decided to initiate activities to limit this form of contamination.

Contamination is limited firstly by the improvement of cultivation methods: control of
runoff and erosion, choice of pesticides, reduction of application rates and amelioration of
spraying. The scientific bases of these methods are understood quite well and farmers
simply require information and training to implement them. The CORPEN (see note)
working group has specific responsibilities to circulate technical data amongst local
organisations. However, the implementation of these approaches are difficult to control and
they are therefore insufficient on their own.

The second way of limiting contamination is through the filtration of runoff before it joins
the water networks. There appears to be widespread demand for an increased use of buffer
zones and in particular grass buffer strips. Therefore, there is an immediate need to establish
design criteria and identify appropriate locations for these buffers within the catchment. It is
also important to avoid inappropriate applications of the buffer zone approach which, over
the long term, would bring adverse publicity to this promising method. However, studies
are quite rare and it is difficult at present to establish design criteria on the basis of current
scientific knowledge. For this reason, a two-tier approach has been set up in France. Firstly,
research projects look at the effectiveness of grass buffer designs and also at the direction of
water circulation and location of buffers. Secondly, the CORPEN working group has been
set up to collect and synthesise present knowledge (concerning hydraulics, effectiveness and
choice of plant species) in order to avoid basic errors being repeated.

INTRODUCTION

The use of grassed buffer zones (GBZs) to reduce pesticide transfer to surface waters has aroused a
great interest in France recently, triggered by drinking-water regulations and sustainable agriculture
programs. This particular best management practice often causes reactions which are more emotional
than scientific: many are in favour of GBZs, others not. In fact, GBZs are neither a universal panacea,
nor totally inappropriate — just as it could be said for all other crop protection practices (choice of
active ingredients, application rates, mechanical weed control, etc.). On the one hand a widespread
use of GBZs without effective results could lead to an abandonment of this practice in the long term
whilst on the other hand, a simple rejection of the technique’s potential would also put an end to a
promising way to improve surface water quality.

The “CORPEN” is currently assessing what information is available on the principles and practice of
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using GBZs and will soon publish a practical guide. Other elements are subjects for research programs
(ongoing or planned).

We have identified three series of questions which require answers in relation to the appropriate
design and implementation of GBZs:

* To what extent are GBZs effective in restricting pesticide transfer in runoff? Are we able to model
both the GBZ and the characteristics of runoff?

* Where should GBZs be located in the watershed: along rivers, as a grass strip downslope of the
fields or in hill-slope hollows where concentrated runoff collects?

* Are we able to give practical recommendations which are both technically and socioeconomically
sound for GBZ implementation and maintenance?

Our paper reports results relating to the first questions.

EFFECTIVENESS OF GBZs

GBZs have been studied and used since 1965, mostly in the U.S., to reduce erosion and nutrient
transfer in runoff. Historical data show that buffer strips increase water infiltration, reduce nutrient
transport from feedlots and trap suspended solids via filtration and sedimentation in the strips. As
pesticides in runoff are both in a soluble form and a particulate form (adsorbed to fine clay particles
and organic matter), it was not obvious that GBZs would reduce pesticide transfer in runoff in
addition to limiting erosion. Asmussen et al. (1977) and Rhode et al. (1980) reported that a 24.4 m
grassed waterway reduced 2,4 D (soluble) and trifluralin (strongly adsorbed particulate) losses in
runoff by an average 70 and 94%, respectively.

In France, studies have been conducted since 1992 by ITCF and Cemagref (in collaboration with
Rhone-Poulenc Agro and the Ministry of Agriculture) to evaluate the effectiveness of GBZs in
restricting pesticide transfer in runoff. Pesticides with different environmental behaviours were
selected (Table 1).

Table 1. Physico-chemical properties of pesticides applied

IPU DFF lindane atrazine
Water solubility 65 0.05 7 33
(mg litre™)?
Koc (CM3g?)? 120 1990 1100 100
half-life (days)? 12-32 175-294 100-120 60-70

@ from Rhéne-Poulenc Agro
Koc : Organic carbon partition coefficient

The first study, started in 1992 at ITCF’s La Jailliere experimental farm in Brittany, aimed to determine
the effectiveness of a 5.7 m and a 11.1 m GBZ in reducing isoproturon (IPU) and diflufenican (DFF)
transfer in runoff generated on small plots (125 m?). Since 1993, additional experimental sites were
implemented at ITCF’s La Jailliere, Bignan and Plélo research farms in Brittany for two purposes: to
assess the effectiveness of 6, 12 and 18 m grassed strips at reducing lindane, atrazine and its
metabolites and to confirm preliminary results obtained with IPU and DFF in a range of soil and
cropping conditions. Runoff in these experiments was generated from larger cultivated plots (250 m?).

Variations in runoff volume and residue concentration observed in the different experimental
conditions provide an overview of GBZ effectiveness (Patty et al., 1995a). Runoff volume was reduced
by 8 to 99.9% within the GBZs and 69 to 100% of suspended solids were retained. Lindane and
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atrazine were reduced by 72 to 100% and by 44 to 100% respectively. The atrazine metabolites were
reduced by 45 to 100% within the GBZs. Finally, IPU and DFF were reduced by 75 to 99% and by 68 to
97% respectively. GBZs were shown to be effective in reducing pesticide transfer in runoff under
various experimental conditions, during the whole cropping period, including the first runoff events
following pesticide application (Figure 1). GBZs effectiveness seems to be independent of rainfall
intensity — at least, in these particular experimental conditions. Moreover, in spite of experimental
limitations, rainfall simulation results obtained in 1995 at La Jailliere showed that the strips were still

effective in conditions of intense runoff (Figure 2).

Figure 1. IPU (a) and DFF (b) losses in runoff at Plélo (1994-95 cropping period)
[B6: Strip width = 6 m; B12: Strip width = 12 m, etc.]

6

5

IPU (mg)

w

DFF (mg)
N

[ERY

o
ocur N U WwyL b

_ -=— BO
1 —— BG
—>—B12
T @) —0— B18
f ot T—X o =0 ot o— o8 |
0 10 20 30 40 50 60 70
Time after application (days)
T (b)
0 10

Time after application (days)

Figure 2. IPU and DFF concentrations in runoff at La Jailliere (1995 rainfall simulation)
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Limiting pesticide contamination in France

It is clear that a number of hydrological, physical and chemical processes are involved in the
functioning of GBZs including infiltration of water and soluble pollutants within the strips and the
retention of sediment-bound pollutants due to filtration and sedimentation. Preliminary results
obtained at La Jailliere showed that IPU and DFF concentrations in runoff were depleted within the
strips. As infiltration and sedimentation are not likely to induce the large reductions observed in
herbicide concentrations, we assume that sorption of pesticides onto organic matter and vegetation in
the GBZ is a significant factor in their effectiveness. But this assumption has to be verified with further
experiments.

Our results are in agreement with recent literature (Baker ef al., 1995) and show that GBZs provide a
way to improve surface water quality in agricultural areas. But there are still many questions to be
answered. For example, do residues accumulate in the strip or leach through the soil and reach
groundwater? Baker et al. (1995) reported that atrazine and cyanazine concentrations declined in a
buffer strip as the season progressed, presumably due to degradation.

These experiments demonstrate the effectiveness of GBZs. However, work should continue to evaluate
the long term effects under various conditions. Current results are not yet sufficient to make
conclusions about adequate GBZ widths. In particular, there is a need for more data on the
interception of concentrated runoff within GBZs.

Runoff simulation experiments have also been undertaken by Cemagref and ITCF as a tool to test a
variety of situations (inlet flow rates, density of grass coverage, GBZ slope, etc.). The influence of the
amount of grass residue on the GBZ is also being observed. These experiments are still in progress.

Note

CORPEN - “Comité d’orientation pour la réduction de la pollution des eaux par les nitrates, les
phosphates et les produits phytosanitaires provenant de l'activité agricole” : committee working on
the reduction of water pollution caused by nitrates, phosphates and pesticides: this collaborative
organisation gathers specialists from public authorities and private organisations involved in
agriculture and water protection. The CORPEN has already published general guidelines to optimise
chemical treatments for crop protection and methodological guidelines to diagnose causes of
contamination in a watershed. Documents concerning GBZs and good spraying methods will be
published in the near future.
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Abstract

In the last few years a lot of concern has been given to riparian zones as terrestrial-wetland
ecotones, able to control the nutrients moving from the drainage basin into the river. But
riparian zones also constitute an important water-wetland ecotone which influences many
environmental parameters in the river such as temperature, radiation etc. and represents a
vital trophic resource for the benthic communities. An important but still unanswered
question is whether these riparian zones, strongly modified at their terrestrial-wetland
ecotone through an increase of nutrient loads from the drainage basin, can affect their water-
wetland ecotone and, in turn, the adjacent benthic communities.

In this study we evaluated in 64 different riparian zones how nearby land use could affect
the riparian structure and, in turn, the river benthic biodiversity. We used two new
environmental indices developed in the last few years by a multidisciplinary research group
(Braioni et al., 1995) to assess river bank quality: 1) The natural state index which reflects the
state of nature conservation on the bank and the potentiality of the area to support a high
level of biodiversity, 2) The buffer strip index which gives an evaluation of the capacity of
the riparian zone to filter, metabolise and bioaccumulate nutrients and pollutants.

INTRODUCTION

A large number of studies have shown how a river responds to changes in water and sediment
discharges which result from alterations in land use, such as the conversion of forest to agriculture
and urbanisation (Brookes, 1988). In Italy there has been a massive transformation of the fluvial
environment, particularly with regard to riparian vegetation due to intensive land use.

In the last few years, a lot of attention has been given to the ability of riparian zones, as terrestrial-
wetland ecotones, to retain the nutrients moving from the drainage basin into the river (Pinay et al.,
1990). However, riparian zones also constitute important water-wetland ecotones which influence
many environmental parameters in the river such as temperature, radiation etc. (Fisher, 1977) and
represent a vital trophic resource for benthic communities (Anderson and Cummins, 1979; Cummins
and Klung, 1979; Webster and Benfield, 1986). A co-evolutionary process, as described by Cummins
et al. (1989), points out the link between riparian vegetation and macroinvertebrate communities.

An important, but still unanswered question, is whether these riparian zones, strongly modified at
their terrestrial-wetland ecotones through an increase of nutrient loads from the drainage basin can
affect their water-wetland ecotones and, in turn, the adjacent benthic communities.

The structure and function of biotic communities have been considered as an interrelated system to
monitor changes which occur in the environment (Naiman and Décamps, 1990). Macroinvertebrates
have been the most studied communities in flowing water environments (Hellawell, 1986; Rosenber
and Resh, 1992).

The aim of our research is to study the relationship between the different uses of buffer zones and the
neighbouring aquatic community, which requires the evaluation of the aquatic biodiversity while
looking at the quality of the riparian zone. This tests the hypothesis that land use near the riparian
zone affects the structure of the zone which, in turn, modifies the structure of the aquatic community.

74 Buffer Zones: Their Processes and Potential in Water Protection. Edited by N.E. Haycock, T.P. Burt,
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With this in mind we set up a preliminary investigation, on a basin scale, over a vast area (Reno River
Basin) in the Bologna region between the Apennines and the Po River. A survey on land use and
riparian zones, and evaluation of lotic macroinvertebrate biodiversity was carried out in 51 sites
throughout the upper part of the Reno River Basin.

STUDY AREA
The Reno River is the ninth longest river in Italy (220 km) crossing two Regions: Tuscany and Emilia-
Romagna. It ends in a catchment basin of 4953 km?* with 1 million inhabitants (Fig. 1).

Figure 1. Map of the Reno River Basin. The circles show the sampling sites, the arrows and
numbers show the discharge sections.
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Figure 2 . Seasonal patterns in rainfall and discharge at two sites on the Reno River.

The site A is located in the upper part of the basin, section n°2 and the site B is located in the
lower part of the area under study, section n° 5 (see Fig. 1). Data give the historical average
over 50 years.
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Table 1. Characteristics of the main streams in the study at different discharge sections. The
section numbers are shown on the map of the study area.

Water Section Basin Site Average Mean
courses number area (km?) altitude (m) altitiude (m) discharge
Reno 1 12.8 665 870 0.66
Reno 2 39.1 595 893 2.00
Reno 3 89.2 530 951 3.99
Reno 4 581 160 735 18.11
Reno 5 1051 60 639 25.5
Samoggia 6 170 44 375 2.1
Silla 7 81.4 330 873 3.05
Limentra 8 106.7 345 784 4.01
Setta 9 315.8 130 623 7.5
Savena 10 115 720 1005 0.38
Savena 11 77 325 752 1.67
Savena 12 157 72.9 530 2.36
Sintria 13 21 325 605 0.38
Senio 14 269 33 432 3.09

The Reno river and its tributaries (Table 1) are characterised by a medium rainfall of 700/800 mm per
year and, as are all Apennine streams, with wide discharge fluctuations throughout the year. The
typical hydrograph has peak discharge in spring and fall, and low flow in summer. Moreover, the
discharge is often strongly affected by river regulation. The Northern Apennines river basin geology is
characterised by two layers of easily degradable clastic sedimentary rocks (clay, sandstone, sand)
(Cattaneo et al., 1995). In the streams under study, impermeable basins are usually found in which
temporal variations in runoff are less pronounced than rainfall variations (Fig. 2).

As is often the case elsewhere, the boundary between the hill region and the plain also divides the
Reno River basin into two parts. The upper part is partially natural and partially modified while the
lower part of the basin has been substantially affected by both land use and extensive modifications of
the river course (channelisation). For these reasons our study focused only on the upper part of the
basin.

METHODS

Qualitative kick samples of the macroinvertebrate community were collected in 51 sites, from 1993 to
1995 throughout the area under study in the upper part of Reno River Basin. The amount of time spent
sampling each habitat type was proportional to the area it occupied. The samplings were carried out at
least twice, once with low discharge (July) and again with medium discharge (March). At the same
time inventory sheets of the area (Braioni ef al., 1994) were completed giving, in particular, details
about the riparian zone and surrounding countryside. Furthermore, the features of the buffer strip and
land use were integrated with careful observations of suitable maps: scale 1:25000, for riparian
vegetation and land use.

The lotic macroinvertebrate biodiversity was assessed by the number of taxa and the Extended Biotic
Index, originally proposed by Woodiwiss (1978), which has become widely used in Italy. In this
investigation the modified Extended Biotic Index was used, in accordance with the application
method suggested by Ghetti and Bonazzi (1981) and Ghetti (1986). This index is based on the
presence/ absence of key taxa whose tolerance to pollution is known, and on taxon richness. All taxa
present are taken into account and different scores are given, depending on the total number of taxa
and the presence of taxa sensitive to pollution. For this index, the macroinvertebrates of a stream reach
are collected and classified to a standard level, genus or family, depending on the group. The range of
E.B.L values is from 13 to 1 and these values are divided into five classes of environmental quality
from I (the best) to V (the worst).
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The river bank quality was evaluated using two new environmental indices (Braioni et al., 1994;
Braioni, 1996): 1) The “wild state index” (W.S.1.) which reflects the state of nature conservation on the
bank and the potential of the area to support a high level of biodiversity; and 2) the “buffer strip
index” (B.S.I.) which gives an evaluation of the capacity of the riparian zone to filter, metabolise and
bioaccumulate nutrients and pollutants.

The inventory sheet is the same for both indices. It is organised into 31 variables. 25 variables are used
in the normal application of the indices. These variables relate to surrounding landscape, river bed,
banks (e.g. angle, height, surface), floodplain, trees, shrubs, herbaceous vegetation, crops, buildings,
railway tracks, embankments, diversion of flow, excavation, inflows, irrigation and other human
impact. Each index is evaluated by a separate numerical weighting given to each of the variables on
the inventory sheet. The range of values is from +8 to -10 for the “wild state index” and from +8 to -8
for the “buffer strip index”. The final scores were divided into five classes of environmental quality
from I (the best) to V (the worst). Both indices are based almost on the same parameters but the weight
of each parameter differs in accordance to the aim of each index.

To classify the use of the land surrounding the site, an area of 4 km? around each station was surveyed
and six different typologies were obtained: 1) Urban-Cultivated (UC); 2) Cultivated (C); 3) Cultivated-
Urban-Natural (CUN); 4) Cultivated-Natural (CN); 5) Urban-Natural (UN) and 6) Natural (N).

An analysis of variance (ANOVA) was used to test the differences between land use, the two river
bank indices and aquatic invertebrate biodiversity. Finally, to compare the total number of taxa and
E.B.I. values with the scores of the two river bank quality indices, the Spearman Rank Correlation was
used.

RESULTS AND DISCUSSION

The buffer zone in the upper and medium part of the basin is characterised by gravel soil and by a
wide range of water levels.

The riparian vegetation in this area is, on the whole, rather homogeneous; poplars and willows being
the most common. The intermediate stage between Populus and Salix is the most common type of
vegetation. The most common species of tree is Populus nigra with a smaller number of Populus
canescen, while Salix purpurea, Salix eleagnos, Salix fragilis and Salix alba are the most common shrubs.
Some allochtonus and opportunistic species such as Robinia pseudoacacia are also abundant, especially
in the more disturbed reaches. On the other hand, in the most pristine areas only a few examples of
Alnus glutinosa are found and rarely in abundance (Table 2).

Away from the river this riparian vegetation is more usually replaced by a cultivated and urbanised
area or road rather than woodland. In the agricultural areas permanent crops, arable crops, grassland
and market gardens are cultivated.

Considering the “wild state index” values, the sites were classified into the five quality classes with
most of them belonging in equal numbers to the second and third classes of “wildness” and only a few
of them to the fourth. Meanwhile, the buffer capacity of these sites was evaluated using “buffer strip
index”. The distribution among the five classes of this index clearly indicates lower values compared
to W.S.I.. Only 20% of the sites were classified into the second class of B.S.I, 60% into the third and
20% into the fourth.

The invertebrate communities are made up mainly of five insect groups: Ephemeroptera, Thricoptera,
Plecoptera, Coleoptera and Diptera. The Plecoptera, the most sensitive to the environmental changes,
was represented almost completely by the genera Leuctra, one of the most tolerant of this group. The
most diversified group was the Ephemeroptera with 8 genera (Table 2).
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In the basin under study the term natural was used to refer to those areas in the most untouched state,
as there were no true pristine ones. As a result, no examples of the first quality class for each index
were considered and few of the most sensitive macrozoobenthic were found.

Table 2. Main vegetation species and main macroinvertebrate taxa found in the streams
under study.

Vegetation
Species Reno Sam. Lav. Silla  Ver. Ven. Sam. Lim. Setta Sav. Sell. Sen. Sint.

* * * * *

Alnus glutinosa
Populus alba
Populus nigra
Populus canescens
Salix alba

Ulmus campestris
Robinia pseudoacacia
Rubus ulmifolius
Sambucus nigra
Salix eleagnos
Salix purpurea
Salix viminalis
MACROINV. TAXA
Leuctra

Baetis

Caenis
Ecdyonurus
Habrophlebia
Hydropsychidae
Limnephilidae
Rhyacophlidae
Elminthidae
Hydraenidae
Chironomidae
Simulidae

EE S
* ok ok ok Ok X F
*
*
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L *

*
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Considering that the riparian zone is both a terrestrial-wetland ecotone and also an important water-
wetland ecotone, the ANOVA and the Spearman Rank Correlation were used to find the relationship
between the three environments: river, riparian and surrounding area.

The stream riparian areas are not disturbed unless a large proportion of the catchment is devoted to
agriculture. As the land devoted to agriculture increases, there is a much higher rate of loss of riparian
stream-side vegetation. The ANOVA test shows highly significant (p< 0.01) differences between the
different land uses under consideration with respect to the “wild state index” and the “buffer strip
index” scores (Fig. 3). This points out the strong relationship between land use and buffer zone
structure in the area under study.

When the quality classes of “wild state index” and “buffer strip index” were compared with respect to
macroinvertebrate biodiversity, only the “wild state index” classes showed significant differences
(p<0.05) on both taxa and E.B.L values (fig. 4). Moreover, the correlations between the two river
bank index values and the macroinvertebrate biodiversity (EBI values and n° of taxa units) were tested
by Spearman Rank Correlation. The values of “buffer strip index” and macroinvertebrate were not
significantly correlated but the correlation was highly significant (p<0.01) between “wild state index”
and benthic organisms. This may indicate that the biodiversity of the invertebrate communities was
more affected by the natural state of the riparian zone than its buffer functions.

Although this aspect needs to be verified through a specific investigation, the clear relationship
between the wildness of riparian zones and the structure and function of the macroinvertebrate
community was confirmed (Petersen and Cummins, 1974; Gazzera et al., 1991; Salmoiraghi et al., 1991).
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Figure 3. The comparisons between land use categories (see methods) and the values of
river quality bank indices, by ANOVA test with interaction line and error bars: £1 Standard

Deviation(s).
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Figure 4 . The comparisons between the quality classes of Wild State Index and

macroinvertebrate biodiversity, by ANOVA test with interaction line and error bars:
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The small streams are so closely linked to their
agriculture and urbanisation, cause severe and long-term disruption which is likely to impact on both
local and downstream environments. The study indicates that the land use near a riparian zone affects
the structure of the zone which in turn modifies the structure of the aquatic communities. The
ANOVA test shows highly significant (p<0.01) differences between the different land uses, with

respect to the macroinvertebrate biodiversity as measured by n° of taxa and E.B.I. (Fig. 5).

catchments that terrestrial disturbances, such as

Figure 5. The comparisons between land use categories (see methods) and

macroinvertebrate biodiversity, by ANOVA test with interaction line and error bars:

+1 Standard Deviation(s).
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A river effect can be excluded because the different land uses considered are distributed over the
different water courses (Table 3). A stronger land use by man coincides with the lowest EBI values and
the lowest number of taxa.
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Table 3. The sites divided by six different typologies of land use (see methods) for each
water course of the Reno River Basin.

Water courses Land uses
ucC C CUN CN UN

Reno 2 3 3 3 3

Samoggia 1 1 1 1

Lavino 1 1 1

Silla 1 1

Vergatello 1

Venola 1

Sambro 1

Limentra 1 1

Setta 1 1 3

Savena 1 1 1 2

Sellustra 5

Senio 1 1 1 2

Sinitria 1 1 1
CONCLUSIONS

The results of this study can be summarised by two points. The first is that the surrounding areas
affect the riparian zone which, in turn, modifies the aquatic macroinvertebrate biodiversity because of
the alterations of the riparian zone. The second is that the lotic macroinvertebrates are affected by the
natural state of the riparian zone but not by its functions, such as filtering, metabolising and
bioaccumulating nutrients and pollutants. Although further specific investigations are needed, it
seems that the buffer zones in the sampling reaches are not “wide” enough to buffer the impact of
terrestrial land use. We need to evaluate how “wide” the buffer zone should be and also understand
better the role of this area in modifying the transport of nutrients, sediment and micropollutants to the
stream (Mulholland, 1992).

In the last ten years the importance of buffer zones has been well-documented (Peterjohn and Correll,
1984; Haycock et al., 1993; Brunet et al., 1994; Lowrance et al., 1995; Hubbard and Lowrance, 1996).
Considering this extensive information we endeavoured to delineate the potential of the buffer zone to
protect water quality. Unfortunately, the sites available did not allow us to do so, as there were few
sites with the necessary combination of land over-use and efficient buffer zone. Consequently we were
unable to evaluate the potential of the buffer zone in water protection in the Reno River Basin.
Rehabilitation of riparian zones and their functions and clearly demonstrating the relationships
involved is the first step in making this evaluation. Another task to be undertaken is to test the
performance of the available buffer strip management techniques (Altier et al., 1994), set up under
different environmental conditions, in the study area.

As Petersen et al. (1987) explained, for economic, political and cultural reasons it is difficult to manage
the entire drainage basin. Therefore, it is practical to start on a small scale, with the land areas of
streamside vegetation, the riparian zones.

The rehabilitation of riparian zones would be improved by the application of EU regulation
concerning the promotion of more environmentally friendly agricultural practices (Reg. CEE 2078/92)
particularly the actions regarding 20-year set-aside and maintenance, restoration and conservation of
natural areas.

The recently established “River Basin Authority” should be able to play a key role in river protection,
overcoming the former sectorial approach where the river was seen simply as a conveyor of water
with no environmental significance.
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Contaminant effects on microbial functions
in riparian buffer zones
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Abstract

Micro-organisms are fundamental to several aspects of the pollutant removal capacity of
buffer zones. Microbes can take up nitrate (NO3) as a nutrient via immobilisation, or can
convert it to nitrogen (N) gas via denitrification. Organic compounds, including animal
wastes, pesticides and industrial compounds, can be degraded by a wide range of general
and/or specific microbial groups. While much work has gone into determining the factors
that control the nature and extent of microbial activity in soils and aquifers, much less
work has gone into describing the effects of contaminants on soil microbes. Microbes are
inherently controlled by the supply of energy (e.g. organic compounds or reduced inorganic
compounds) and the availability of electron acceptors (e.g. oxygen (Oz), NOs, sulphate
(SO#*), carbon dioxide). Contaminants can influence microbes either by providing energy
(e.g. organic compounds), accessory nutrients (e.g. N, phosphorus), or electron acceptors
(e.g. NOs3, SO4*), or by affecting microbial growth and/or efficiency (e.g. heavy metals).
In this paper, I review the ways that pollutants and microbes interact in soils and aquifers,
in a general sense, and then discuss in detail the effects on microbes of the two classes of
contaminants of most concern in riparian buffer zones (N and pesticides). I stress the need
to design and interpret studies of microbial processes in field and landscape-scale contexts
that are relevant to buffer zone research and management. Critical areas of uncertainty
(e.g. N saturation) are highlighted.

INTRODUCTION

Although the role of micro-organisms in the attenuation of pollutants in riparian buffer zones is well-
recognised and generally well-studied, the effect of contaminants on microbial processes is much less
well-understood. Microbial processes that affect the dynamics of N and organic pollutants in buffer
zones have received much attention over the last 20 years or so. However, the effects of pollutants on
the microbial populations and communities that transform pollutants are not well-studied. These
effects represent a critical gap in our understanding of the ability of riparian zones to function as
long-term sinks for pollutants because of the possibility of positive and negative feedback effects of
pollutants on microbial populations and processes.

In this paper, I give a brief review of the microbial processes responsible for pollutant removal
in buffer zones. This review focuses on relationships between microbial processes and readily
observable “map-able” and manageable features of buffer zones, i.e. it is an ecosystem and landscape-
scale evaluation of riparian buffer zone microbiology. I then go on to discuss the effects of the two
most common classes of contaminants of concern in riparian buffer zones (N and pesticides) on buffer
zone microbial communities and the positive and negative feedback effects of these pollutants on
buffer zone pollutant attenuation capacity.

SCALE-APPROPRIATE MICROBIAL ECOLOGY

Evaluation of the role of microbial processes in riparian buffer zone function is complicated by the fact
that most microbial research is carried out at small, laboratory scales of investigation. Translating
information from pure culture and molecular studies into an understanding of the fate and transport
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of pollutants in soils and groundwater is a major challenge in microbial ecology. This translation
requires an understanding of how the factors that control the microbial process in question are
expressed at different scales of investigation. However, scale-appropriate evaluation of controlling
factors is a very useful approach to posing specific questions about microbial functions, allowing
for evaluation of the unique characteristics of buffer zones that facilitate microbial attenuation of
pollutants, management strategies that enhance attenuation and site-specific factors that influence
pollutant fate.

To illustrate a scale-appropriate approach to microbial ecology, I use denitrification, the microbial
process that converts NOs to N gases (Table 1). This anaerobic process is one of the most valued and
well-studied microbial processes in riparian buffer zones. Most denitrification research is carried out
at the organism or molecular scale and is focused on the micro-scale factors that influence this process,
particularly Oz , NOs and carbon (C). There has also been great interest in denitrification at the field
scale, because this process can be a significant sink for fertiliser N applied to support crop growth.
In field-scale studies, investigators have generally not focused on O, NOs and C as controllers of
denitrification, rather they have focused on the appropriate field-scale controllers of this process.
Many studies have examined relationships between denitrification and soil moisture (a field-scale
controller of Oy availability to denitrifying micro-organisms), fertiliser input or nitrification rates
(field-scale controllers of NOjs availability to denitrifiers) and residue dynamics or organic matter
inputs (field-scale controllers of C availability to denitrifiers). At the landscape scale, research has
focused on factors that influence the variation in soil water, NOs supply and C supply among
different fields (i.e. landscape components). Landscape-scale studies focus on variation in soil type
(e.g. texture and natural drainage class) and plant community type (e.g. different natural ecosystem
types, different agricultural management systems). Regional-scale studies focus on even broader
factors that influence the distribution of soil and plant community types such as geomorphic features
and human economic systems.

Table 1. Controlling factors of denitrification at different scales. Adapted from Groffman
(1991).

Scale Controlling factors

Organism 02, NOg3, C

Field Soil H20, NO3z supply, C supply
Landscape Soil type, plant community type
Regional Geomorphology, land use
Global Biome type, climate

For riparian buffer zones, most of our microbial studies need to be relevant at the field or landscape
scale. Field-scale studies are relevant to analysis of specific microbial processes within a particular
riparian buffer zone, e.g. how does seasonal variation in soil moisture influence denitrification or
pesticide degradation. Landscape-scale studies are useful for evaluating and comparing microbial
processes in riparian buffer zones on different soils, with different vegetation, e.g. how do
denitrification and pesticide degradation vary in soils with different water-table levels or in grass
versus forested buffer zones. The value of scale-appropriate microbial ecology is that it allows for
evaluation of specific microbial processes in relation to factors used for planning, management and
evaluation of buffer zones and thus facilitates interaction with scientists from other disciplines
studying these areas (e.g. hydrologists, soil scientists) and with decision makers involved in
management and policy efforts.

A scale-appropriate approach to microbial ecology will also be important for resolving many of the
mechanistic and management uncertainties for buffer zones that are highlighted in the other chapters
of this book. Many of these uncertainties arise from spatial and temporal discontinuities between
hydrology (large and slow, especially in groundwater) and microbiology (small and fast). Studying
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and expressing microbial processes at scales relevant to the movement of water and pollutants in the
landscape will be critical to resolving these problems.

MICROBE-POLLUTANT INTERACTIONS

Given a scale-appropriate approach to microbial ecology, what can we say about interactions between
specific pollutants and microbial processes in riparian buffer zones? At the organism scale,
contaminants affect micro-organisms either by providing energy, accessory nutrients or electron
acceptors (compounds used in respiration), and/or by affecting microbial growth and efficiency.
Pollutants ranging from pesticides to ammonium (NHjs*) can be consumed, i.e. eaten by microbes as
energy sources. Nutrient pollutants of concern in buffer zones (e.g. N and P) can be used as nutrients
by microbes, just as they are used by terrestrial plants and algae. Several pollutants of concern
(e.g. NOs, SO4*) can be respired as electron acceptors by microbes. This organism-scale framework
of evaluating pollutants as potential energy sources, nutrients or electron acceptors for microbes
provides a strong framework for predicting the fate of specific pollutants in buffer zones.

Although many studies have evaluated the behaviour of different pollutants in the organism-scale
context described above, pollutant/microbe interactions in riparian buffer zones are complicated by
long- versus short-term effects, by physical and chemical controls over biological processes and by
feedback and interactions with the plant community. Physical, primarily hydrologic, processes that
transport pollutants often control the nature and extent of pollutant interaction with buffer zone
micro-organisms. Examples of hydrologic control include pollutants moving rapidly in surface runoff
that have no chance of being processed by microbes, or pollutants moving in deep groundwater that
do not interact with the organic-rich and biologically active surface zones of the soil. Chemical
processes of importance include fixation and/or sorption of pollutants by clay and organic matter.
Pollutant interactions with the plant community can be complex, e.g. nutrients can change the quality
of plant material that is the food source for soil microbes. And finally, the organism-scale approach
to evaluating the fate of pollutants is limited because it is based on a short-term, small-scale
understanding of microbial ecology. Over time, microbial demands for energy, nutrients and electron
acceptors can become saturated, or community composition can change, invalidating predictions
about how a pollutant will behave in a particular buffer zone. Over space, many physical, chemical
and biological processes interact making it difficult to predict microbial / pollutant interactions at the
field and landscape scales necessary in buffer zone studies using an organism-scale approach.

In the sections below, I briefly review organism-scale pollutant/microbe interactions for N
and pesticides and then discuss how specific pollutant/microbe interactions are regulated at field
and landscape scales. I also discuss positive and negative feedback interactions between pollutants,
microbes and plants that could influence the pollutant attenuation function of buffer zones in the long
term.

Nitrogen

Many of the chapters of this book deal with N dynamics in buffer zones (e.g. Gilliam, this volume) and
I do not present a comprehensive discussion of N dynamics here. Rather, I focus on the effects of N on
microbial processes and highlight key areas where these effects can influence the N filtering
performance of buffer zones.

Nitrogen can enter riparian buffer zones in three forms, NHy,, NO3 or organic N, and can be
transported in surface runoff, groundwater or particulate matter (organic N only). At the organism
scale, NHy' can function as an energy source for one specific microbial group (nitrifying bacteria) and
NOs serves as an electron acceptor for a diverse group of facultatively anaerobic bacteria (e.g.
denitrifiers). Ammonium and NOj3 can also serve as sources of N to support general microbial and
plant growth and activity. Nitrogen contained in organic compounds is processed as a by-product as a
result of the use of the carbon in these compounds as an energy source by the general heterotrophic
microbial community. As organic compounds are processed by this community, N is either released to
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(mineralised), or taken up from (immobilised), the environment, depending on the N content of the
compound being degraded and the N demands of the active microbial community.

Although our organism-scale understanding of the interactions between different N forms and
microbes provides a strong basis for predicting the effects of N on microbial processes in buffer zones,
these effects are complicated by interactions with hydrology, seasonal variation and interactions with
plant processes. As mentioned above, and discussed in other chapters in this book, hydrologic
transport controls the nature and extent of N interactions with the buffer zone microbial community.
The N compounds of environmental interest are all highly soluble and can be transported through
buffer zones in surface runoff or beneath buffer zones in deep groundwater flow. These hydrologic
bypass problems are exacerbated by the seasonal nature of biological processes. In temperate zones,
much hydrologic transport of pollutants occurs during the biologically dormant season when plant
and microbial processing of N are reduced. Evaluating N effects on microbial processes in buffer
zones is also greatly complicated by interactions with plants. Plants have a strong appetite for N and
they thus compete with microbes for this nutrient. Moreover, in the long term, plant litter quality
and community composition are altered by N (Aber et al., 1989). These changes affect the flow and
availability of C to microbes, changing their activity in ways that are difficult to predict.

Critical uncertainties in our understanding of the effects of N on microbial processes in buffer zones
that I discuss below include: 1) denitrification response to N loading, 2) subsurface dynamics, and
3) N saturation.

1. Denitrification response to N loading

It is well-established that buffer zones dominated by inherently wet, poorly-drained, wetland, hydric
surface soils have a high capacity to consume NOjs via denitrification. These soils support the
anaerobic conditions and high levels of organic matter necessary for denitrification (most denitrifiers
are heterotrophs) (Cooper, 1990; Ambus and Lowrance, 1991; Schipper et al., 1993; Groffman, 1994).
Wet buffer zone soils have been reported to denitrify over 100 kg N ha' y* (Pinay et al., 1993; Lowrance
et al., 1995; Groffman and Hanson, 1997).

It is also well-established that denitrification in wet soils responds positively to NO3 and C additions.
Many wet soils have low rates of denitrification due to a lack of NO3 (Bowden, 1987). However, once
exposed to NOs, i.e. once they are used as buffer zones, denitrification rates increase rapidly
(Broderick et al., 1988; Warwick and Hill, 1988; Schipper et al., 1991; Ambus and Christensen, 1993;
Bengtsson and Bergwall, 1995). The ability of denitrification to respond rapidly to NOs additions is
important to efforts to manage and/or restore buffer zones. However, the upper limit of denitrification
capacity that can be attained, and the factors that regulate the nature and extent of this capacity, have
not been established.

Table 2. Denitrification response to NO3z additions to anaerobic soil cores taken from four
different ecosystem types* on similar soils in Rhode Island, USA. Values are means of five
soil cores taken from each plot in July, 1988. Values followed by different superscripts within
a row are significantly different in a one-way analysis of variance with a Fisher’s protected
least significant difference test. Data from Groffman et al. (1991).

Dry Forest Wet Forest Tall fescue  Reed canary grass
gNhatd?
Control 1.1° 13.12 1.0° 1.0°
NO3 added 1,306° 1,402° 17,2082 15,2082

* The dry forest was dominated by approximately 80-year-old Quercus trees and was on a well-
drained soil. The wet forest was dominated by approximately 80-year-old Acer rubrum trees and was
on a poorly-drained soil. The tall fescue (Festuca arundinacea) and reed canary grass (Phalaris
arundinacea) plots were established on a well-drained soil and were two years old at the time of
sampling. All soils were Inceptisols derived from glacio-fluvial deposits.
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Groffman et al. (1991) compared denitrification response to nitrate additions in four ecosystem
types located on similar soil types. Response varied greatly, and in surprising ways, with two grass
ecosystems showing much greater response than two forest ecosystems (Table 2). These differences
suggest that the nature and extent of denitrification response to N loading depends fundamentally on
organic matter quality at a site. The grasses are likely to have higher litter quality than the forests due
to their inherent chemistry and to the use of fertiliser and lime for their production. It is not clear if
denitrification response in the forests would eventually equal that in the grasses. However, these
results strongly suggest that denitrification response to N loading is variable and amenable to
management.

2. Subsurface N dynamics

The nature and extent of microbial activity in groundwater and aquifer material are highly uncertain.
Subsurface environments are difficult to sample and studies have produced conflicting results, i.e.
studies have found high potential and/or actual denitrification in subsurface material (Trudell ef al.,
1986; Slater and Capone, 1987; Smith and Duff, 1988; Francis et al., 1989; Obenhuber and Lowrance,
1991; Haycock and Pinay, 1993), while others have found little or no activity (Parkin and Meisinger,
1989; Groffman et al., 1992; Bradley et al., 1992; Lowrance, 1992; Yeomans et al., 1992; Starr and
Gillham, 1993; Groffman et al., 1996). Subsurface environments are often very low in C, limiting the
potential for heterotrophic activity which, in turn, regulates O status (i.e. heterotrophic activity
consumes O;) (Lind and Eiland, 1989; Hiscock et al., 1991; Johnson and Wood, 1992; Korom, 1992;
McCarty and Bremner, 1992; Starr and Gillham, 1993; Weier and MacRae, 1993; Spalding and Parrott,
1994; Desimone and Howes, 1996). There is a critical need for studies to determine the field and
landscape-scale factors controlling: 1) the inherent C content of subsurface materials (e.g. buried river
channels, Fustec et al.,, 1991; Haycock and Burt, 1993), and 2) C transport from the surface to the
subsurface (e.g. root dynamics or dissolved organic C leaching). The importance of non-C based
energy sources (e.g. sulphur, iron, methane) is also deserving of investigation (Pedersen et al., 1991;
Postma et al., 1991; Korom, 1992; Garcia-Gil and Golterman, 1993; Parkin and Simpkins, 1993). The
uncertainty surrounding microbial activity in the subsurface is important because in many areas, the
dominant vector of NOs transport from uplands into buffer zones is via groundwater (Hill, 1990;
Jordan, et al., 1993; Schnabel et al., 1994).

Table 3. Microbial and root response to 10 months of NOz dosing of aquifer sediments in a
riparian buffer zone in Rhode Island, USA. Values for microbial variables are mean (standard
error) of three replicate samples taken from two aquifer depths beneath three different soils
within the riparian zone at four sampling dates between March 1992 and February 1993
(n=60). Values for roots are from only one depth (n=30).

Control Dosed
Denitrification enzyme activity ND ND
(Mg N kg* h?)
Microbial biomass C 62 (1) 67 (12)
(mg C kg?)
Microbial biomass N 2.9(0.3) 2.8 (0.2)
(mg N kg*)
Root biomass 203 (35) 129 (18)
(mg kg*)

ND — not detectable

Our lack of basic understanding of the nature and extent of microbial processes in the subsurface
makes it very difficult to predict the effects on N additions on these processes. Groffman et al. (1996)
quantified microbial response to 10 months of NOs dosing of aquifer sediments. Surprisingly, there
was no increase in denitrification potential, microbial biomass C content or microbial biomass N
content in this study, highlighting the uncertainty over the factors regulating microbial biomass and
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activity in the subsurface (Table 3). It is possible that the lack of response to N additions was related to
the significant decrease in root biomass in the dosed sediments which may have created strong C
limitation of the microbial community.

3. N saturation

The long-term effects of N loading of buffer zones on microbial processes are not well-characterised.
While denitrification results in clear cut removal of N from a buffer zone, plant uptake and
immobilisation of N allow for recycling and possible future mineralisation, nitrification and loss of N.
There is concern that long-term loading of plant and microbial pools will result in N saturation of
buffer zones, a condition where N outputs equal N inputs, i.e. the buffer zone will no longer be a sink
for N (Aber et al., 1989).

Hanson et al. (1994a,b) observed enrichment of total plant and microbial N pools and marked
increases in soil NO3z pools, mineralisation and nitrification (clear symptoms of N saturation) in a
forested riparian buffer zone subjected to long-term (30 year) N loading relative to a control riparian
zone (Figure 1). The N loading essentially converted an N-poor site into an N-rich site, with an
inherently lower ability to retain N inputs and a higher susceptibility to high rates of N loss following
disturbance by cutting, fire, blowdown, etc. (Vitousek et al., 1982). Interestingly, this site still
functioned as an effective buffer zone for N, likely due to the strong denitrification response to the N
loading.

There is a clear need for studies to partition the fate of N that enters buffer zones between
denitrification and internal recycling and to trace the ultimate fate of N immobilised by plants and
microbes. This partitioning and fate should be controlled by water-table dynamics and soil and
vegetation types, i.e. field and landscape-scale variables amenable to practical assessment and
management. There are also concerns that N enrichment of buffer zones can lead to changes in plant
communities (Morris, 1991; Ehrenfeld and Schneider, 1991) which can support different rates of N
mineralisation (Hill and Shackleton, 1989; van Vuuren et al., 1992) and biodiversity (Naiman et al., 1993).

Pesticides

Although the fate and transport of pesticides in buffer zones is important in agricultural,
urban/suburban and forestry contexts, there have been very few studies that have addressed pesticide
dynamics in buffer zones. Pesticide /microbial interactions are very well-studied from two viewpoints:
1) the effects of pesticides on microbial processes such as respiration, N mineralisation, nitrification
and denitrification, and 2) the ability of microbes to degrade specific pesticides. The first group of
studies has found that the vast majority of pesticides have little or no effect on microbial processes in
soil (Goring and Laskowski, 1982; Grant and Payne, 1982; Domsch, 1984; Bradley et al., 1994; Martens
and Bremner, 1994; Ghani et al., 1996). The biggest exception to this result are fungicides, which
can eliminate a significant fraction of the soil microbial biomass (Anderson et al., 1981; Duah-Yentumi
and Johnson, 1986). The second group of studies has found that microbial populations capable of
degrading many pesticides can develop quite rapidly following repeated application of the pesticides
(Spain and van Veld, 1983; Roeth, 1986; Smith and Aubin, 1991). Unfortunately, there have been few
field or landscape-scale studies of pesticide /microbial interactions relevant to buffer zones.

The few studies that have investigated pesticide/microbial interactions in riparian buffer zones have
suggested that these interactions are complex and worthy of further study. Entry et al. (1994, 1995)
found that herbicide degradation was faster in forest than pasture riparian zones and that degradation
was faster in old-growth forests than in younger forests. In contrast, Paterson and Schnoor (1992)
found no difference in herbicide loss from, or biotransformation within, barren, maize-cropped or
forested riparian zones. Voos and Groffman (in press, a) found that herbicide degradation was faster
in forested soils than in grass or maize-cropped soils in a laboratory study (Table 4). However, in a
companion field study (Voos and Groffman in press, b), physico-chemical sorption in the highly
organic surface soil horizons of the forest soils inhibited microbial access to, and degradation of,
herbicides in the forest soils relative to the grass or maize-cropped soils.
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Figure 1. Soil NOgz, potential net nitrification and mineralisation, and denitrification rate in
NO3 enriched and control riparian forests in Rhode Island, USA. Values are means (standard
error) over 15 sampling dates between March 1991 and 1992 in four soil drainage classes at
each site. MWD = moderately well drained, SPD — somewhat poorly drained, VPD = very
poorly drained. Data from Hanson et al. (1994a, b).
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Table 4. Residual herbicide (dicamba) concentrations in four different ecosystem types* on
similar soils in Rhode Island, USA. Values are means of three samples taken from laboratory
microcosms or field plots after 80 days of incubation. Values followed by different
superscripts within a row are significantly different in a one-way analysis of variance with a
Fisher’s protected least significant difference test. Laboratory data from Voos and Groffman
(in press, a), field data from Voos and Groffman (in press, b).

Laboratory study Field study
mg kg™*
Corn 15b 0.0b
Sod 2.1ab 0.0b
Dry forest 0.0c 0.4a
Wet forest 0.0c 0.9a
Aquifer 2.6a 0.0b

* The dry forest was dominated by approximately 80-year-old Quercus trees and was on a well-
drained soil. The wet forest was dominated by approximately 80-year-old Acer rubrum trees and was
on a poorly-drained soil. The corn (Zea mays) and sod (primarily Poa pretensis) plots were established
on a well-drained soil and had been under current management for approximately eight years at the
time of sampling. The aquifer material was collected 60 cm below the water table and 160 cm below
the soil surface from a previously-excavated site within the dry forest. All soils were Inceptisols derived
from glacio-fluvial deposits.
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Similar to N, there is great uncertainty about the potential for degradation of pesticides in
groundwater in buffer zones. Voos and Groffman (in press, a) observed very slow rates of herbicide
degradation in riparian forest aquifer material relative to forest, maize-cropped or grass surface soils
(Table 4). Beare et al. (1994) observed very slow rates of aldicarb degradation in groundwater material
from a forested buffer zone. The fate of pesticides in groundwater is an active area of research.
However, most pesticide in groundwater studies are done in upland areas where groundwater is deep
below the biologically active zone of the soil. In buffer zones, groundwater is often closer to the
surface, moving through sediments with higher C and lower O2 than upland areas.

CONCLUSIONS AND RECOMMENDATIONS

While there is high confidence in the ability of denitrification to consume large amounts of NO3 in
surface soils, there is a strong need for research to determine how management and restoration
activities can maximise denitrification capacity, e.g. different plants, harvesting regimes, soil liming.

There is a strong need for research on N saturation in buffer zones. We need to determine if it is
possible to manipulate the partitioning of N that moves into buffer zones between plants and
denitrification towards more denitrification. If this partitioning cannot be manipulated, there is a
strong need to develop management strategies to remove N from buffer zones (e.g. via harvesting).

There is a strong need to develop better understanding and management of groundwater
microbiology. We need to determine if surface management (e.g. vegetation selection) influences
subsurface microbial activity and to develop a capacity to predict where and when groundwater
denitrification will occur.

Existing research on pesticide/microbial interactions in buffer zones is quite limited and should
be expanded. Data suggest that most pesticides will not affect microbial nutrient cycling (e.g.
N mineralisation) and water quality maintenance (e.g. denitrification) functions in buffer zones.
However, the capacity of buffer zone microbial communities to develop the capacity to degrade specific
pesticides should be investigated. The importance of physical factors (e.g. sorption) as regulators of
pesticide/ microbial interactions in different types of buffer zones should also be assessed.
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Abstract

The upper Rhone river system enables us to highlight two types of major processes
occurring along the river. These are (i) the trapping processes of sediments which initiated
the deposition patterns and induced impacts on vegetation and (ii), the role of the plant
communities on the hydrosystem functioning. Two major sedimentation patterns were
studied:

1) The sedimentation pattern which characterises the rivers having a large floodplain. Here
the water flow may move laterally and induce the establishment of bars, islands and
terraces colonised by plant communities which are characteristic of various successional
stages.

2) The sedimentation pattern which characterises the stream corridors disturbed by dyking
and channelisation works since the end of the 18th century.

The latter case study was interesting for two reasons: (i) it allows us to analyse the
sedimentation processes and plant colonisation that take place on the side bars within
the dyked narrow floodplain and (ii) it provides information concerning the artificial
sedimentation processes induced by engineering-works during the 19th century in order to
make farming soils. The composition of plant communities that grew and succeeded while
the fine sediment layer has been raised and the evolution over time of the warping basins
provide interesting data. This information is useful before the development of “polder” and
other various techniques planned to stock water and sediment flows within the valleys in
order to prevent the flooding of agricultural and urban areas and to conserve natural
habitats and biodiversity. In addition, hydroelectric developments have at times modified
the dispersion patterns of water-, energy- and matter-fluxes, sometimes for several decades.
Consequently, new conditions concerning erosion, sedimentation, hydrology and plant
succession patterns are analysed.

INTRODUCTION: SITES FAVOURING THE SEDIMENTATION PROCESS

Stream corridors of the Alpine piedmont, through which water, energy, matter and species have
travelled for centuries, have the potential to contribute towards a greater understanding of the
complex interrelationships between sedimentation and vegetation. Some useful concepts are first
recalled, followed by a description of the processes governing the alluvial system. The role of the
factors controlling both sedimentation and plant succession are then discussed. Case studies are taken
from the French Upper Rhone river system with particular emphasis on the interactions of riparian
vegetation on sedimentation processes over various time scales. A comparative study is undertaken of
a relatively undisturbed floodplain and a dyked stream with its abandoned floodplain.

Several authors (Morizawa, 1985; Kellerhals and Miles, 1996) describe five river channel patterns
which can be divided into two main groups: (i) straight, sinuous or meandering river channels
composed of a single main channel, (ii) rivers with multiple channels taking either the braided forms
(with unstable bars and channels) or the form of an anastomosed channel (with more stable bars, mid-
channel islands and secondary branches). Both slope and total discharge control velocity, energy

Buffer Zones: Their Processes and Potential in Water Protection. Edited by N.E. Haycock, T.P. Burt, 93
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fluxes and the transport of sediment, allowing for 4 distinct zones. From its source in the alpine
headwaters to the mouth of an ocean or lake these zones are (Junk and Welcomme, 1990; Brookes,
1995):

1- Upland areas, constrained by valley walls, with a steep gradient and coarse sediments (boulders
and cobbles)

2 - Piedmont areas, with a moderate gradient and coarse sediments (cobbles, gravel and sand)

3 - Lowland areas, with a low gradient and fine sediments (fine sand, silt and clay)

4 - Estuarine areas (oceans, lakes), influencing tidal processes have low gradients and fine deposits.

Upland areas are characterised by 1st and 2nd order streams. The streamside vegetation comprises a
narrow riparian fringe. These zones supply reaches further downstream with sediment. The piedmont
zone is characterised by multiple braided or anastomosed channels with large numbers of islets and
deposits of alluvium. Braided and anastomosed forms are found where the banks are erodible, the
gradient steep and the bedload abundant. The braided form is found where, apart from during floods,
the flow is insufficient to entrain the bedload; the result is the creation of numerous unstable alluvial
deposits (Murray and Paola, 1994). Anastomosed streams are associated with sediments which remain
in basins with a shallow gradient, or where there is a large enough supply of fine materials to
maintain a broad floodplain; they are frequently found in zones of confluence where local base levels
are rising (Petts and Foster, 1985). The banks and the islets become vegetated quickly, so landforms are
generally more stable. Downstream, sections (of order 5 or above) have low gradients and the load is
mainly fine material. These sections are characterised by erosion on the outside banks and deposition
on the inside banks of bends to form point bars. The result of this is the sinuous or meandering form
characterised by one principal channel with features such as mid-channel islets, cut-offs and oxbow
lakes. Braided, anastomosed and meandering forms are made up transport and storage areas (2 and 3,
see Fig. 1) which develop along Alpine rivers such as the Rhone river upstream of Lyon and along the
Isere river between Albertville and Grenoble (Fig. 2). The two major types of aggradation promoting
sedimentation are (i) deposition on point bars along inside bends of the streams and (ii) deposition
during periods of high flow and flooding.

Figure 1. Geomorphic zones and floodplain models.
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Figure 2. The French Upper Rhéne River and major tributaries.

0 km 50
T
0 <
.£ Geneva %,
I ® )
IS Switzerland
(@]
o S
S g
@ 3
Lyon tac du - Alpertville Study
get
o Areas
Brégnier

\K \ e

&
K3
©
\M

P

Gre}m&/\ Italy
2\ Romanche \'\

Cordon

Valence

EROSION, TRANSPORT AND DEPOSITION OF SEDIMENT
ON FLOODPLAINS

The amount of sediment transported to and by streams depends on basin area and shape in addition
to steepness, vegetation coverage and land use. The amount of material flowing at any one time is a
function of prevailing climatic factors. Once in the stream, the particles move in “pulses” during
periods of high flow (Forman, 1995). Water flow controls or limits transport and deposition processes.
Movement of bedload material takes place only at high discharges while equally there is generally a
threshold discharge level below which no sediment movement occurs. When flow decreases to a level
below this threshold, sediment is deposited and will generally remain undisturbed until a flood (of
equal or greater magnitude than the threshold) recurs. The time span may be over several hours or
days (downstream of hydroelectric power plants), several months (during the snowmelt period), or
over several years or decades in conjunction with climatic factors. During periods of high flow,
increases in sediment load comes in part from the channel itself and in part from sources beyond the
main channel; consequently, channel morphology is constantly being modified through time by
erosion and deposition processes (Brookes, 1995). However, erosion and deposition processes are time-
and place-dependent. In the middle and lower courses of rivers, for example, deposition generally
exceeds erosion. Vegetation also plays a determining role; it traps sediment and in sufficient densities
can protect banks from erosion.

Research in Australia (Phillips, 1989) demonstrates that where 15% of total upland sediment was
eroded 50% reached streams and became trapped and stored downstream in riparian wetlands. The
diffusion/dispersion model (James, 1985) allow for a greater understanding of the transfer patterns of
sediment across the floodplain when a river overflows. The major factors affecting sediment
distribution are: (i) flow velocity (a decrease in velocity can result in the construction of levées at the
edge of channels and complex processes throughout the floodplain, because of the existence of
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abandoned channels, sloughs, hollows, ridges, etc. and (ii) turbulence which affects vertical and
horizontal deposition of sediment. It is known, for example, that sloughs and abandoned channels
have the highest rates of sedimentation (Bhowmik and Demissie, 1989; Hupp and Morris, 1990; Sparks
et al., 1990; Hupp and Bazemore, 1993).

The role of vegetation on sedimentation processes

The riparian environment plays an important role in fluvial geomorphology. It influences
sedimentation processes and bank stability as well as acting as a resistance to flow, especially where
debris dams are formed (Hickin, 1984). Sedimentation rates have been observed to increase where
riparian vegetation is present (Nanson and Beach, 1977; Hickin, 1984; Brunet and Gazelle, 1995) while
deforestation is known to provoke large scale erosion. Studies involving the measurement of
sedimentation in North American woody riparian wetlands (Hupp and Morris, 1990, Hupp and
Bazemore, 1993) have shown a sedimentation rate varying from 0.60 cm year' in Cypress-Tupelo
forests to 0.10 cm in deforested wetlands. It has also been demonstrated that invading phreatophytes
such as Tamarix or Eucalyptus communities are especially effective in trapping sediments and
stabilising alluvial deposits in response to changes in water regimes caused by dams (Graf, 1982;
Griffin, Stafford-Smith et al., 1989; Bren, 1992). By encouraging the deposition of sediment,
phreatophyte communities, in turn, proliferate leading to an extension of inundation zones. These
dynamic interactions, occurring on relatively short time scales, give an idea of similar processes
operating in the long term.

By increasing roughness and reducing the flow velocity, vegetation favours the deposition of sediment
(Pautou et al., 1972; Malanson, 1993) In turn, sedimentation results in the expansion of vegetation
communities. However, it has also been shown that the spatial expansion rate of pioneer plants (e.g.
Phalaris, Phragmites) is checked by an increase in flow velocity when the aggrading zone reaches a
critical area (Tsujimoto et al., 1996). A substantial understanding of reed growth (e.g. Phragmites
mauritianus) at different rates of sedimentation has allowed the development of a model which
predicts sediment movement and reed growth using discrete-state variables. The model is used to
predict the impact of developments in the river catchment areas or dam construction (James et al.,
1996). However, more precise analysis concerning the individual species, their size and physiognomy,
their distribution in relation to shear stress (erosion), flow velocity and surface roughness is still
needed (Malanson, 1993).

Woody debris and log-jams swept away or up-rooted during periods of high flow interact with stream
morphology, storage of fine sediment and woody debris movement. Along small rivers, log-jams can
build natural dams, blocking suspended material. Along larger streams, the woody debris also acts as
obstacles trapping diaspores and, in so doing, initiate the development of alluvial soils and plant
successions leading, eventually, to the perpetuation of fresh supplies of woody debris (Marston, 1982;
Swanson et al., 1982; Malanson and Butler, 1990; Montgomery et al., 1996).

STRUCTURE OF RIPARIAN PLANT COMMUNITIES

Riparian plant communities are often defined by geographical (bioclimatic) boundaries. Their
distribution is equally a function of the elevation of the site on which they are situated (on the
intrariparial scale) and on levels of soil moisture (itself dependent on water table levels and flooding
events). The spatial scale of riparian vegetation structure is further influenced on a temporal scale
when events responsible for significant geomorphological change occur; sediment types, alluvial
deposits, topography (i.e. the presence or absence of levées, ridges, depressions) and even the
formation of the floodplain itself, constantly change through time. Riparian vegetation can in fact be
seen to develop in response to such external abiotic processes over 3 temporal scales (Mitsch and
Gosselink, 1993): (i) a century/a millennium with respect to changes in hydrological conditions, soil
type and the stability of deposits; (ii) a decade, where wet or dry periods can affect the establishment
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and growth of seedlings and regenerating individuals and (iii) over a year, during which time
dominating influences such as the seasonality of temperature and hydrology play an important role in
shaping vegetation structure. Human impacts on riparian plant community structure generally takes
place over an even shorter time scale (months, days, hours) and tend to govern biogeochemical cycles
and biota (Gosselink, Brinson et al., 1990; Mitsch and Gosselink, 1993).

Establishment and succession

Riparian vegetation becomes established and new successional sequences unfold wherever the river
has created new sites during periods of high discharge. These new sites include (i) areas of deposition
such as mid-channel islands (islets), point bars, side bars, terraces and (ii) abandoned channels and
sloughs. Favourable sites for the establishment of vegetation undergo a continual process of renewal
and destruction depending on flow rates. Hydrological conditions also control the release or storage of
sediments and diaspores from the riparian zone (Kelsey et al., 1987). These tend to move gradually
downstream in pulses, becoming mobile during flooding events. Nevertheless, even as early as in the
initial stages of development, some differences occur. The reasons for these differences are linked to
geomorphic processes, the role of large woody debris, substrate conditions (availability of nutrients,
water, organic matter) and the degree of competition between different species (Walker and Chapin,
1986; Malanson and Butler, 1990).

The successional processes are controlled by site conditions essentially dependent on flooding,
sedimentation rates and autogenic processes related to competition. For example, it has been shown
(Conchou and Pautou, 1987) that Phalaris arundinacea populations are controlled in their initial
establishment and subsequent growth by sediment type, flood duration and fertility of the deposits.
Generally, floods allow for rapid establishment of plants by preparing the ideal seed-beds required by
pioneer species. When a site becomes isolated from active river processes and elevation provides
sufficient protection from flood waters, a successional sequence begins to evolve; pioneer species
(Populus, Salix, Alnus) are replaced by hardwoods (Fraxinus, Acer, Quercus or Ulmus) as the necessary
abiotic conditions for each successional stage becomes available (Johnson, Burgess et al., 1976; Pautou,
1980; Pautou, 1985). It is necessary to emphasise that flooding periods must coincide with periods of
viable seed release. This relationship highlights the vulnerability of species such as Salix, Populus and
Tamarix which are notable worldwide riparian pioneer species (Malanson and Butler, 1990). These
plants become established after floods in zones which have been inundated and soon cover the site
thereby increasing sedimentation in that zone by trapping of materials. This extensive storage of
sediment allows for vegetative regeneration of these species since any buried twigs can give rise to
new individuals. Major changes may then occur affecting successional pathways in sloughs,
abandoned channels and deltas in which sedimentation, floods and an accumulation of organic matter
undergo complex interactions (Waldemarson-Jensen, 1979). Within abandoned channels and sloughs
characterised by fine material deposits, pioneer species are more closely linked to nutrient availability
(Pautou, 1984).

COMPLEX INTERACTION OF SEDIMENTATION AND

VEGETATION STRUCTURE

Several authors (Bedinger, 1979; Hupp, 1982; Hupp, 1983; Barnes, 1985; Hupp and Osterkamp, 1985;
Pautou, 1989) have demonstrated that flood duration and frequency (controlled by topography) could
be the major factors affecting the internal structure of riparian communities. Species associations and
their niche within the floodplain could be more closely linked to these factors and to the stream energy
than to physico-chemical characteristics of sediment, but it is difficult to dissociate the effects of
sedimentation and flooding on vegetation structure. Without a succession of floods supplying
sediment, aggradation would not occur. Furthermore, flooding, sedimentation and vegetation are
influenced by other closely linked parameters:
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Soil moisture

Seemingly the most important of the edaphic and climatic variables, it plays a major determining role
in the survival of herbs and in the establishment phase of woody plants. It has been shown (Dawson
and Ehleringer, 1991) that shrubs are dependent on surface soil moisture while larger trees rely on
deeper sources of water.

Mechanical action of river flows

The force of a flood can affect the composition of the riparian vegetation through mechanical injury,
deposition of fine sediment and inundation (Broadfoot and Williston, 1973). The effect depends on the
age and stage of development of communities. Flood flows cause a redistribution of litter which is
more or less favourable to plants (Nilsson and Grelsson, 1990; Langlade and Décamps, 1994; Lavertu
et al., 1994). It has been shown (Bush and Van Auken, 1984; Hupp and Osterkamp, 1985; Pautou, 1989)
that the internal structure of riparian plant communities is linked to topography and flooding
frequency; as a result, biodiversity increases along a gradient of elevation.

Oxygen depletion

Riparian plant species are more or less adapted to periods of oxygen depletion (Kozlowski, 1984). The
duration of floods determines how anoxic conditions may become but this is also a function of the
elevation, microtopography and soil heterogeneity of a site rendering a substrate more or less
susceptible to drainage processes.

Organic matter content

In those systems where there is a scouring of the river bed and significant transport of materials,
substrate is usually coarse. Soils are thus generally less well developed and have organic matter
contents less than 2 to 5% (Mitsch and Gosselink, 1993). Alternating periods of flooding and low flow
and the presence of clay slows down but does not stop the decomposition of organic matter.
Nevertheless, high levels of primary productivity in the stream and large allochtonous inputs (debris)
influence litter quality and quantity and, hence, vegetation structure.

Presence of nutrients

Alluvial zones are highly charged with nutrients. This is in relation to (i) the high clay content of
alluvial deposits promoting the retention of phosphorus, (ii) organic matter, a rich source of nitrogen,
and (iii) a regular input of nutrients during periods of high flow with significant contributions from
lateral runoff (Lowrance et al., 1986). Spatial and temporal retention of nutrients are closely linked to
the geomorphology of catchments and channels (Marti and Sabater, 1996). Periods of anoxia triggered
during successive flooding periods have reducing properties responsible for changes in pH values and
hence in the mobilisation of minerals such as phosphorus, nitrogen or magnesium. Denitrification
processes, however, are favoured in substrate that are successively flooded and drained (nutrients are
more rapidly released in litter subjected to a succession of aerobic and anaerobic phases: Verhoeven
and Van der Thoorn, 1990).

SEDIMENTATION AND ANTHROPOGENIC IMPACTS

Human activities may increase erosion, sedimentation and flooding processes. Numerous human
impacts lead to siltation in channels during periods of low flow. These transient deposits of sediment
occur below construction sites and as a result of agricultural practices and forest removal (Bhowmik
and Demissie, 1989; Brookes, 1995; Freedman, 1995). In disturbing sedimentation rates and flow,
human activities consequently affect plant succession (Pautou, Girel et al., 1985; Bravard et al., 1986).
Succession types may be then purely abiotic (Morin et al., 1989). Nevertheless, some species such as
Tamarix, whose development is closely linked to high rates of sediment, may be favoured. The
anthropogenic factors particularly influencing flow regimes are embankments. Embankments
concentrate water, energy and matter in a single channel and limit floodplains to a small area between
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the dykes. Change in dispersion patterns of flow are noted downstream of hydroelectric power plants,
the latter directly influencing the grain size of river beds and island deposits (Dietrich et al., 1989).

In a recent study on the Colorado River, USA (Steven et al., 1995) a list of major disturbances caused by
reservoirs was assembled. Downstream from dams, daily fluctuations relating to hydroelectric power
generation resulted in a tidal zone devoid of vegetation and an overall decrease in sediment transport
in these areas. However, eddies which occurred along the length of the river encouraged
sedimentation in these areas where flow is much reduced. While these deposits are not very stable,
they tend to be very persistent and are colonised by tall-grasses (e.g. Typha, Phragmites, Juncus) on silty
deposits and by woody brushes (Salt-Cedar and Willows) on sandy bars. Factors controlling
vegetation were flooding frequency, soil texture and distance from the dam.

SEDIMENTATION AND VEGETATION STRUCTURE IN THE

LARGE ALPINE FLOODPLAINS

The first case study is taken from the French Upper Rhone river valley. The site, Brégnier-Cordon at
the southern tip of the Jura Mountains (Fig. 2), is an ancient old lake basin filled with sand and clay. It
covers an area with a shallow gradient (0.50 to 0.55 m km", maximum width: 6 km) through which a
meandering channel pattern has evolved. During the 19th century, the construction of an overtopping
dyke to facilitate navigation has lead to the development of a braided /anastomosed floodplain system
in which sedimentation progresses in 3 main stages: (i) formation of natural levées on banks (height
2 to 3 m), stabilisation of the landform by shrubby willow (Salix purpurea, S. triandra, S.alba) stands and
subsequent establishment of alder (Alnus incana) woodlands; (ii) deposition of fine materials (silt and
clay) on the islands and colonisation by oak/ash/poplar (Quercus robur, Fraxinus excelsior, Populus alba)
mixed forest characterising the alluvial shelves and (iii) formation of sloughs which are progressively

filled by fine material and then colonised by an elm/willow (Ulmus minor, Salix cinerea) community
(Fig. 3).

Figure 3. Transverse structure of alluvial deposits along the French Upper Rhéne (91.5 km).
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During periods of high flow, the ecological parameters of sandy deposits and anastomosed channels
are modified. Factors altering vegetation structure include (Pautou et al., 1972; Pautou, 1979): (i)
vertical spread of the oldest deposits, (ii) filling of sloughs and hollows and subsequent coalescence of
islands which were separated by secondary abandoned channels beforehand, (iii) establishment of
fine grained platforms (rich in gleyed colloids) at the downstream ends of islands, (iv) silting linked to
a lateral shift of main and secondary channels, (v) sedimentation of bedload materials on the upstream
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tip of islands (vi) filling of areas of confluence due to a decrease in flow velocity and in the formation
of eddies, (vii) emergence of new alluvial bars and (viii) deposition of natural levées along secondary
channels.

The early stages of the sequence

The coarse materials of bedload (pebbles, gravel, coarse sand) are deposited first and constitute dunes
when the flow discharge exceeds 900 m’s™. The dune roof is overtopped when the discharge exceeds
810 m’s™ (mean discharge: 400 m’s”). The fine suspended load is deposited on the gravely substratum
when the discharge is less than 500 m®s™.

On the middle part of the bar, a community of Phalaris arundinacea can establish. This reed is anchored
in the substratum by its root system. By increasing the bed rugosity, it initiates sedimentation of sand
which deposit behind each reed clump (Fig. 4). The next year, these dunes increase in length and
volume. The processes generally stop when the dunes reach a critical volume (Tsujimoto et al., 1996).
The biggest dunes are 2 m long and 0.60 m deep. New clumps supporting perennial grasses
such as Calamagrostis littorea, Agrostis alba and Festuca arundinacea generally come in between. This
colonisation induces a typical microtopography characterised by the presence of ridges and hollows.
Within the hollows, silt and organic matter are trapped; nitrophilous plants such as Polygonum
lapathifolium, Ranunculus repens, Deschampsia caespitosa, Mentha aquatica or Bidens tripartitus grow on
these eutrophic sites.

Figure 4 . Sediment trapping by Phalaris arundinacea.

On the less elevated parts of the bars, the deposits are colonised by a Phalaris arundinacea community
which promotes a rising of the ground level by sediment trapping. The shade effect produced by
heliophilous and hygrophilous plants will allow the subsequent establishment of sciophilous and
mesohygrophilous species.

In both cases, the arrival of willows (Salix alba, S. triandra, S. viminalis, S. purpurea, S. daphnoides) and
poplars (Populus alba, P. nigra) is recorded. The softwood shrubby thickets become rapidly dense and
the herbaceous layer disappears.

The lateral channel shift explains the presence of water bodies between the bars. These hollows or
swales (the so-called “l6ne”) are at first open water habitats without vegetation; then, once the filling
by fine sediments has begun and flooding is no longer permanent, Typha latifolia, Phragmites australis,
Carex acutiformis, Veronica beccabunga, V. anagallis become established. Some islands do not evolve
beyond this stage which can be reached after 15/20 years.

If sedimentation can progress, the willow community (Salix alba woodland) colonises the whole island
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over several years. This community, which characterises soils little affected by superficial
waterlogging (presence of Cornus sanguinea, Ligustrum vulgare, Impatiens glandulifera, Brachypodium
sylvaticum in the understoreys), will evolve to a mature phase, then to a decline phase in which, alders
(Alnus incana) will replace willows in the gaps.

The middle stages of the sequences

Heterogeneity of habitats is increased by deposition of sediment and coalescence of islands. Three
habitat types occur: (i) the sandy levées along the banks, (ii) the central island basins where flood
water can stagnate for long periods (the zone can be subdivided into terrestrial sandy platforms, at the
upstream tip and a silty/clayed semi-aquatic/aquatic area at the downstream tip) and (iii) the swales
(or sloughs) filled by clay and silt and isolated from the main channel.

At this evolutionary stage, islands support a grey alder woodland (Alnus incana — Equisetum hiemale
community). Some ashes (Fraxinus excelsior) may appear on the more elevated levées.

Grey alders thrive at the upstream parts where a thin silt layer lies on deep sandy deposits. The
alluvial soil is permeable and supports species avoiding superficial waterlogging such as Crataegus
monogyna, Ligustrum vulgare or Evonymus europaeus. Some shrubs characteristics of hardwood forests
(Fraxinus excelsior, Quercus robur) may appear and the herbaceous flora is represented by Rubus caesius,
Impatiens glandulifera, Humulus lupulus, Tamus communis, Galeopsis tetrahit and Circaea lutetiana. In the
downstream areas, the fine deposits, flooded during long periods, support a mixed softwood
community (Alnus incana, Alnus glutinosa, Salix alba). The silty/clayed swales exhibit, from
downstream to upstream, a reed community (Phragmites australis), a reed/sedge community
(Phragmites australis, Phalaris arundinacea, Carex riparia, Carex acutiformis, Carex pendula), a sedge
community (Carex acutiformis) and, on deep silty deposits (0.30 to 0.50 m), a wet meadow (Ranunculus
repens) invaded by willows. When the flow discharge reaches 450/500 m®s?, the latter community is
flooded; this explains the presence of hygrophilous and mesohygrophilous plants well adapted to fine
deposits such as Lysimachia nummularia, Myosotis palustris and Ranunculus repens. When the clay-plug
reaches 0.80 m high, it prevents water from flowing to the river and favours the establishment of a
stagnant water body which is filled slowly by fine sediments and sludge. On deep silty layers which
sometimes exceed 1.50 m, only elms (Ulmus minor) and willows (Salix cinerea) grow; they constitute a
dense shrubby community without a herbaceous layer.

Evolution to alluvial hardwood forests

As soon as sedimentation processes develop, the alder woodlands colonise from upstream to
downstream. At the same time, oaks (Quercus robur) emerge as indicators of evolution towards a
hardwood forest. Sedimentation caused a vertical accretion and a lateral growth in the riparian
deposits. The formation of recent banks made of silty material is observed; they are colonised by
Phragmites australis, Typha latifolia and Phalaris arundinacea which, in turn, will be rapidly replaced by
willow bushes (Salix triandra) (Fig. 5).

Figure 5. Cross section of a river island (French Upper Rhoéne river, 87 km, ile gabrielle).
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At this stage, any raising of the island level can be only made during exceptional flood periods. In this
case, sedimentation processes will deposit mainly silty materials. On an old island such as Le Sauget
in Bregnier-Cordon site (Fig. 6a), which already existed in 1607 (De Beins-De Dainville mapping), the
silt layers always reach 1.40 m (maximum 2.40 m) whereas the sandy layers lying beneath reach 3.5 to
5 m high at the bank levées and 1.00 to 2.00 in the central part (Fig. 6b). The island elevation
corresponds to the level of a 50-year flood (1450m® s*). When they are not farmed, these islands are
characterised by hardwood species such as Quercus robur, Fraxinus excelsior, Juglans regia, Acer
pseudoplatanus and Ulmus minor. Shrubs such as Ligustrum wvulgare, Lonicera xylosteum, Crataegus
monogyna, Evonymus europeus and herbaceous plants such as Hedera helix, Circaea lutetiana, Arum
maculatum, Paris quadrifolia or Galeopsis tetrahit are present in the understorey. The bottoms are
characterised by Ulmus minor and Lysimachia nummularia whereas the most drained deposits support
Quercus robur, Paris quadrifolia and Polygonatum officinale.

Figure 6 . Sedimentation levels on two islands in French Upper Rhéne river.
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In swales and in filled abandoned channels where there is a grain size gradient (gravel to silt) from
upstream to downstream, the last sedimentation phases lead to alder (Alnus glutinosa) woodland then
to the alder/ash forest.

It is important to underline that some islands can form if the flow velocity decreases in the main
channel (Fig. 7); this type of mid-channel island changes laterally and from upstream to downstream
but, in this case, no swales are produced.

Figure 7 . Development of a mid-channel island (French Upper Rhoéne river, 90.5 km).
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SEDIMENTATION AND VEGETATION STRUCTURE ALONG
CHANNELISED RIVERS

For the most part, Alpine streams are straight and channelised, constrained by dykes and hence have
a considerably reduced floodplain (Girel, 1993; Girel, 1994a; Girel, 1994b). These disturbances have
greatly affected flow dispersion patterns, creating a new set of ecological conditions with regards to
sedimentation, flooding and vegetation coverage. Other more recent disturbances of anthropogenic
origins such as dredging, gravel mining, damming and pumping of water for irrigation have further
impacted natural patterns of flow and sedimentation. The relationship between vegetation and
sedimentation will be studied both within the dyked channel and outside it, in the abandoned
floodplain where farmed soils have been made by artificial silting during the 19th century (Girel,
1994a; Girel, 1994b).

Sedimentation and vegetation within dyked channels

A dyked channel is similar to a “circuit’ in which large volumes of sediments, woody debris, nutrients
and dissolved organic matters travel and where there is a high energy during exceptional flooding
events. Dyked streams function like any other straight/constrained systems in which the slope value
allows for the deposition of sediment (Petts and Foster, 1985; Brookes, 1988). Sediment moves both
from upstream to downstream reaches and from one bank to the other. Lateral bars are formed and are
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separated from the dyked bank by narrow secondary channels, flooded only during periods of high
flow (Fig. 8). These side-bars generally alternate from one side of the river to the other and are
separated from each other by a distance which is equal to 4-6 times the channel width (Knighton,
1984). During periods of high discharge, lateral bars may move by gradual erosion of the upstream tip
and construction (deposition) on the downstream end. In a dyked system which is not disturbed by
new perturbations the “life cycle” of the deposit and consequently of the plant succession which
develops are limited over time. However, sedimentation is a process varying according to: (i) the type
of stream, the presence of different reaches in the stream beds, the volume of water flowing during the
annual cycle and (ii) engineering works which have developed along the length of the river.

Figure 8. Shifting islands along an artificially straightened river (the dyked Isére River
between Albertville and Grenoble).

dyke ]

pebbles
, sand ‘ secondary

- silt | o channel —

Examples of the Isere, Drac and Romanche rivers (Upper French Rhone system, see Fig. 2) have been
chosen, all of which have been dyked during the 19th century. The first consequence of the dykes was
an accumulation of huge volumes of sediment in certain reaches and subsequent flooding due to
breaches of the embankments. Dredging and gravel extraction activities counteracted aggradation
processes along with the progressive incision of the river bed provoked directly by the straightening of
channels. Also associated with channelisation are drops in water table levels (2-3 metres). These
processes have been followed by changes to vegetation communities. Post-pioneer communities such
as alder (Alnus incana) and hardwood woodlands (Fraxinus excelsior, Corylus avellana) become
established on bars in which the last stages of succession do not normally pass the willow brush stage.
Further development leads to the establishment of a hardwood community (Quercus robur, Fraxinus
excelsior, Ulmus minor, Robinia pseudacacia). The construction of hydroelectric reservoirs has resulted in
the trapping of sediment and has promoted incision below the dams. Damming also affects energy-
and water-fluxes. On the other hand, along the Isere river, high flow discharges persist from
November to June, during wet periods (e.g. “rain on snow” periods in November or February). As a
result, sedimentation becomes very important (i.e. during the year 1994/95, sandy deposits exceeded
0.50 m on lateral bars upstream of Grenoble; Pautou et al., 1996).

Close relationships exist between community types, floristic composition and levels of sediment
deposits. In the pebble layer located at the upstream tip of bars (lowest elevation) plants can only
become established when sheltered by obstacles such as boulders or debris dams. In the case of the
Isere, Drac and Romanche rivers, the pioneer which plays the major role on the geomorphological
processes is the grass Agrostis stolonifera. The adventitious roots soon spin a web anchoring the
grass to gravel deposit while above-ground vegetation traps sediments. Reeds (Phalaris arundinacea,
Calamagrostis littorea) play a similar role when elongated dunes are gradually formed. Flow velocity is
also slowed down by the deposits, thus increasing sedimentation of silt on the tops of the dunes which
are then colonised by reeds and grasses followed by shrubby willows such as Salix alba, S. triandra,
S. purpurea, S. viminalis and S. daphnoides.

Presently, the most developed communities, which are less than 10 years old, are willow bushes
colonising silt/sand bars of elevations of 1.00 to 1.50 metres. Grey alder (Alnus incana) white poplar
(Populus alba), black locust (Robinia pseudacacia) and maple (Acer pseudoplatanus) begin to establish in
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place of these communities (particularly on the banks of secondary channels) and one might even ask
if the alder community stage will not be by-passed. The absence of ecological constraints linked to
important flooding events could directly favour the establishment of hardwood species.

The plant succession stages can be summarised as follows: bare substrates (pebbles) to Agrostis
stolonifera to Phalaris arundinacea to Phalaris arundinacea and Phragmites australis to willow bushes to
Salix alba woodland to ash/maple woodland. The last stage depends on whether flow discharges are
great enough to allow for the continuation of sedimentation processes.

Along the Drac river, side-bars are different due to the absence of high discharges. Colonisation
patterns of the upper reaches of the side bars remain constant, with Agrostis stolonifera playing the
major role. On more elevated deposits, willows (Salix purpurea, S. eleagnos) and black poplar (Populus
nigra) are the first to become established. However, their growth is only possible if the flow level
remains high enough for a sufficiently long period to allow for the establishment of the seedlings. If
the water level drops too quickly, the seedlings will not persist. By trapping sediment, willow saplings
play the same role as reeds. The depth of the sediment layers increases from upstream to downstream
reaches (it can reach depths of 1.00 m in the middle part of the side-bar and 1.50 m at the lowest top).
The elevation increase induces modifications concerning the biotic factors: (i) increase in herbaceous
and woody plants biodiversity, (ii) increase in woody plants height, (iii) increase in number of age-
classes concerning trees (the oldest poplars are more than 35 years old), (iv) increase in plant covers
and particularly in the herbaceous layer which makes an unbroken carpet in the middle part of the
island and (v) increase in number of plants characterising lowland and upland hardwood forests.

Sedimentation processes are promoted by the density of pioneer plants, by the formation of log-jams
and by the presence of coarse materials stored in channels before the development of hydroelectric
dams. The communities which succeed one another on the floodplain are:

Agrostis stolonifera to Populus nigra and Salix eleagnos and S. Purpurea stands to Populus nigra thickets to
Populus nigra, Populus alba, Robinia pseudacaia woodlands to Fraxinus excelsior, Tilia cordata, Acer
pseudoplatanus, A. platanoides, Carpinus betulus.

Sedimentation and vegetation outside the dyked systems

The construction of dykes has prevented large areas of lowland from being flooded during periods of
high flow. These areas, originally of braided/anastomosed form, are typically constituted of coarse
alluvial deposits (sand and gravel) and were made up of numerous channels. In order to fill these
lowlands and to create agricultural land, hydraulic engineers used an old method already used in
previous centuries by the Incas in the Andean floodplains (Zimmerer, 1995) and also by Italians since
the 17th century (Alexander, 1984). This old method (‘warping’ or “colmata’) involved making use of
suspended load of high flows (from April to August) in order to fill and reclaim land for farming on
the floodplains (Girel, 1994b). The area to be filled was subdivided into decantation basins (Fig. 9) and
in this system of lagoons, water flowed slowly from one basin to another, depositing suspended
sediment along its course. The largest particles (fine sand) are deposited first while the finest (silt and
clay) are only to be found at the bottom of the system (Fig. 10).

Sardinian and French engineers managing the floodplains along tributaries of the Rhone river describe
in numerous reports published between 1830 and 1870 interesting observations with regards to the
stages of colonisation in warped basins (Girel, 1994a). These new habitats were first colonised by
plants having efficient dispersal abilities either thanks to air- or water-flow. The first warping,
performed on gravel deposits and secondary channels, supplied a thin sediment layer (0.10 to 0.02 m
from upstream to downstream). These silty habitats were colonised during the following year by
aquatic plants and mainly by the Typha. Typha latifolia and Typha angustifolia were probably present;
however, Typha minima (an Alpine alluvial plant still present nowadays along the river Isere between
Albertville and Grenoble), probably constituted the major population.
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Figure 9. Artificial filling of old braided channels and gravel deposits: the warping systems
used along the Isére River downstream of Albertville.
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Figure 10 . Soils and vegetation in a warped floodplain (the Isére River downstream of
Albertville).
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After three years of warping, reeds (Phragmites communis) spread throughout the warped basins.
During the 4th and 5th years, while the elevation of sites are raised by sediment trapping and the
formation of a thick mat of rhizome, the health of the reeds vegetation improves. The rate of hard
stems without leaves characterising the semi-aquatic and aquatic vegetation types decrease and a
biomass suitable for cattle litter results. During the following years, a dense community of sedges
(Carex maxima, C. paludosa, C. riparia, C. stricta) can develop. At this stage, the herbaceous layer traps a
great part of the suspended load, releasing very clear-flowing water in discharge canals.

If the warping was stopped at this stage, a wet meadow was obtained. Generally, its soil was just
above the level of the water-table (at 0.05 to 0.20 m depth during periods of high flow). Successive
mowing (two harvests between June and August), grazing (during autumn and winter) without
replacing lost nutrients (the basins are no longer supplied in matter and nutrients due to the presence
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of embankments) and cattle trampling caused vegetation changes. Reeds are replaced by sedges,
grasses and hygrophilous dicotyledons. Thus, the fens which produced mainly litter were replaced,
after several years, by mowed and grazed wet-grasslands in which Schoenus nigricans, Molinia coerulea,
Juncus and Carex were dominant, depending on the depth of the silt layer.

Definitions of plant succession in warped basins contributed by 19th century engineers are
strengthened by a recent study carried out in the Reuss delta, Switzerland (Leuthold, 1994). Following
the occurrence of an exceptional flooding event, the effects of siltation on wet meadows were
recorded. The study highlighted the fact that the deposition of silt promotes the proliferation of root-
systems which are superficial and very spread out, such as occurs with Phragmites australis, Equisetum
palustre, Juncus articulatus or Agrostis gigantea. The disturbance caused the elimination of several
species (such as orchids); however, some did re-establish later. Some new species may also appear;
nevertheless their establishment was not permanent. The persistence of the plant communities
depends on the depth of the silt layer deposited. Plants such as Phragmites australis, Molinia caerulea
and Carex elata are less affected and hence are present in most of the communities. Generally, the
elimination of the Schoenus nigricans community was noted in the site where the silt depth exceeded
0.05 m. It was replaced by a Carex, Stachys, Molinia fen from 0.05 to 0.15 m and by a Valeriana dioica-
Filipendula ulmaria wet-meadow when the silt layer exceeded 0.20/0.30 m depth.

In the case of Molinia coerulea-Schoenus nigricans community, it is known that the successive mowings
at the end of summer inhibit the formation of flowered fertile stems of Molinia and, hence, limits its
development; Schoenus nigricans and the other species can then spread over (Schopp-Guth et al., 1994).
On the other hand, drainage is favourable to Molinia which is also well adapted to soils poor in
organic matter and affected by high variation ranges of the ground water table (Meade and
Blackstock, 1988). Molinia coerulea could be affected by recurrent flooding and its speedy establishment
after drainage could be linked mainly to the elimination of the superficial waterlogging; the presence
of Schoenus nigricans could be closely related to a high Ca** level (Gilman, 1994).

Abandonment of mowing practices, development of drainage and impacts of high variations in the
water-table linked to the Isere river could explain the wide extension of Molinia coerulea communities
on the warped basins.

Since the end of the Second World War, the wetlands formed by warping have become derelict. As a
result, succession could take place and there have been several models depending on the type of
warping and on the duration of warping operations (Girel, 1994a). Thus, in the “successive discharge
system” (see Fig. 8, right bank of the river) and in “simultaneous feeding system” (Fig. 8, on the left
bank), the duration of warping operations controlled the depth of material deposited and, partly, the
depth of the water table. In the first case it will be noted that the depth of the sedimentation and the
grain size of the particles decrease along a gradient from upstream to downstream. These parameters
explain the presence of well-developed communities (ash/oak/lime hardwood forests) on deep sandy
deposits, the presence of Alder woodlands on silty/sandy deposits or the presence of Molinia
coerulea/Schoenus nigricans on superficial silty / clayed soils (Fig. 10).

DISCUSSION AND CONCLUSION

Large intra- and perialpine floodplains are the result of huge sedimentation processes which led to the
filling of glacial depressions. This deposition was not continuous. In the case of the Rhone river, the
old post-glacial “Lac du Bourget” (see Fig. 2) has conserved its aquatic characteristics. Hence, one can
explain the juxtaposition of a large range of communities linked to both mineral alluvial soils and
organic soils originating from a long process of terrestrialisation. Neolithic, Post-Roman and Medieval
deforestation of watersheds have increased the volume of material- and water-runoffs and, as a result,
have induced changes leading to a floodplain with various elevations. The most elevated sites are
suitable for hardwood forests and farmlands whereas the less elevated support wetlands and
softwood forests.
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Civil engineering works which began at the end of the 17th century triggered a homogeneisation of
floodplain forms but conversely differences concerning sedimentation patterns. Embankment
procedures, in particular, are at the origin of: (i) a concentration of sediment in channels, (ii) a rapid
raising of islets and (iii) a rapid siltation in sloughs and secondary channels. It has been shown (Moore
and Evans, 1991; Pautou et al., 1996) that sedimentation of alluvial plugs, the establishment of
helophyte communities in abandoned channels and the aggradation of silty/sandy layers on the
gravel substratum of islands all contribute to the formation of wetland communities (sedge, stands of
willow, stands of alder) in areas where water becomes stagnant.

Thus, sedimentation processes are at the origin of altitudinal, hydrological and pedological
heterogeneities. As a result, two major environmental consequences can be noted: (i) an increase in
plant biodiversity and (ii) an increase in mosquito populations (Pautou et al., 1995). Islands which are
created by sediment deposition and lateral migration of the channels along anastomosed and braided
reaches and side bars developing along dyked rivers can be considered as “buffer zones”.
Nevertheless, unlike riparian fringes which generally filter land run-off before it enters the stream (or
other water body), river islands control fluxes of sediment, nutrients, chemical particles, pathogens,
symbiotic fungi; all of which have already been introduced into the channel. Hence, they have
an interesting additional role which justifies an interest in their restoration and conservation.
Nevertheless, their presence is also closely linked to hydrological and geomorphological dynamics
characteristic to the river. Anthropogenic perturbations which affect the stream corridor and the
drainage basin can alter the functioning of the hydrosystem and consequently change erosion and
deposition rates at the origin of sediment deposition processes. In this way, riparian vegetation
communities may be altered and finally threatened with extinction. Additional changes are the result
of the development of hydroelectric power plants where on the whole significant decreases of flow
inputs are observed in the by-passed channels. Phreatophytes can then immediately invade these river
stretches accelerating the sedimentation process and density of vegetation coverage thereby creating
environmental problems. The example of the Drac and Var rivers reveal new types of disturbances to
natural processes of sedimentation. Along the lower reaches of these streams, the cumulative impacts
of civil-engineering works are responsible for changes to patterns of vegetation establishment in
the channel. The perpetuation of Populus, Ulmus, Fraxinus and Ostrya thickets are now commonly
observed in these reaches. The subsequent aggradation of alluvial deposits and, during periods of
high flow, the uprooting of a significant number of trees creating log-jams, puts a very real strain on
weirs, dykes and bridges rendering them susceptible to serious damage. While it is evident that the
development of woody vegetation is in response to a much-reduced flow rate within the channel, the
influence of hydrological, geomorphological and hydrochemical factors on the new patterns of
vegetation establishment are still unknown. Studies that are presently being undertaken along the
Isere river (ECC Programme “Abiotic controls of the establishment of woody riparian vegetation”)
suggest that all river reaches do not hold the same potential for vegetation.

One question remains without an answer: what might the consequences be in the case of a very
significant flood (e.g. a 100-year flooding event)? In order to allow for the passage of flows and to
avoid catastrophic inundations during periods of flooding, vegetation in the by-passed channels are
frequently cut-back and the section is ploughed. A true successional development of vegetation cannot
therefore develop on the channels and islands; softwoods are replaced by bare sediment or sparsely
distributed communities of pioneers plants which cannot act as efficient buffer zones. It would seem
advisable to manage riparian landscapes by careful planning (i.e. tree-removal in well-defined cycles).
In the majority of cases, it will never be possible to re-establish rivers to their “natural” state (Peterken
and Hughes, 1995); if efforts are to be made, any realistic restoration will only be partial.

Along dyked rivers, a lowering of the river bed (sometimes by up to several metres) has been
observed over the past 10 years. This phenomenon is caused by entrenchment processes affecting
reaches in which the material input (deposition) is in deficit with respect to the output (erosion). This
progressive lowering of the river bed level can be explained in conjunction with several factors:
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(i) milder climatic conditions on a global scale since the end of the “Little Ice Age”, (ii) the
recolonisation of farmed hillslopes by vegetation since the end of World War I, (iii) the development of
hydroelectric dams and reservoirs from the end of World War II which changed discharges regime and
trapped sediments and (iv) instream gravel extraction which has triggered a regression of erosion
since the 1960s. The incision process is responsible for a significant lowering of water table levels, both
in the channels and beyond the dykes, leading to a change in vegetation community structure. On side
bars, the natural processes of erosion/aggradation only occur during strong discharge periods so that
the successional development of riparian vegetation is able to progress beyond the early softwood
stage (alder/willow/poplar thickets), usually along the most elevated deposits. Thus, ageing of the
alder (Alnus incana) and willow (Salix alba) populations and the establishment of the locust (Robinia
pseudacacia) have been observed. The latter is characterised by rapid growth on alluvial soils but is
frequently up-rooted during the exceptional floods. Thus, clearcutting of woodland is carried out
regularly to avoid the generation of large log-jams which might become serious obstacles to flow
during flooding events.

Outside of the dykes, a lowering of water table levels leads to changes in the structure of riparian
vegetation communities. The early successional woody species alder/willow thickets are replaced by
ash/oak (Fraxinus excelsior, Quercus robur) woodlands with a gradual colonisation by several non-
alluvial trees such as Carpinus betulus, Robinia pseudacacia, Quercus pubescens, Buxus sempervirens, Acer
campestre, Acer pseudoplatanus or Laburnum anagyroides coming from the adjacent highlands. Ancient
warping basins which could not be farmed in the past due to waterlogging are also affected by
changes of vegetation as water tables are lowered; if the water table continues to drop, these zones
may be drained with the loss of woodlands to farming and urbanisation.

The preceding discussion has shown that restoration and conservation of riparian plant communities
as buffer zones are closely dependent on the management practices of both the river and its catchment
in its entirety. First, it seems necessary to stop incision mainly by sensitively controlling flow of water
and material (timing and volume of water released by dams, timing of the emptying of reservoirs) and
also by the controlling water table variations (construction of transverse weirs across the main
channel).

The ancient system of warping may be considered as an interesting solution as it has already supplied
much information about artificial silting in relation to plant successions. This technique might in fact
be used again along small tributaries flowing through highly farmed or urbanised areas. Their
construction would allow for the storage of a significant volume of fine particles thereby recreating
those habitats suited to certain alluvial plant communities and additionally by acting as buffer zones.
Nevertheless, it must be emphasised that the restoration of such zones in conjunction with the
aforementioned factors resulting in retention of sediment may aggravate the problems of incision and
have an impact on water table levels and riparian landscapes. This eventuality is considered in order
to underline the fact that the restoration of buffer fringes along floodplains are linked to external
perturbations whose impacts must be studied throughout the drainage basin (Latulippe and Peiry,
1996). Catastrophic floods occurring after summer storms over the past few years in France, Spain and
Italy highlight the necessity of restoring large buffer zones in uplands. Precipitation must be retained
upstream within fens and wet meadows which constitute, like river islands and side bars, a kind
of safety valve. Thorough studies are necessary in order to develop buffer zones maintaining the
processes of retention, purification, conservation and production.
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Abstract

Concern about increased nitrogen (N) and phosphorous (P) inputs to streams has stimulated
research on processes that regulate stream nutrient transport. Most research has focused
on in-stream processes involving interactions at the sediment-water interface. However,
nutrient transformations also occur in the hyporheic (deep sediment) zone. Denitrification in
biofilms and surface sediments has frequently been identified as the major mechanism of
nitrate removal from stream water. The main limiting factor for denitrification is the rate at
which nitrate is supplied to denitrifying sites. Other factors influencing denitrification
include oxygen, temperature and organic matter concentrations. Whereas N retention is
controlled mainly by biological processes, geochemical sorption reactions with stream
sediments often play a major role in P retention. Limited research indicates that various
nutrient transformations including nitrification and denitrification occur in hyporheic zones
and influence bidirectional nutrient exchanges between the stream and the subsurface
environment. Research on hyporheic zones has been “stream centred” rather than focused
on groundwater interactions. Knowledge is lacking on the role of the hyporheic
environment as a buffer for nitrate rich groundwater which flows at depth beneath riparian
zones and discharges directly through the streambed. Mass balance studies suggest that
streams frequently remove <10% of annual N and P inputs, whereas retention often ranges
from 20-80% of inputs during low summer flows. The capacity of streams to retain N and P
is limited mainly by short water residence times associated with periods of high stream
discharge when most N and P is transported. Although in-stream and hyporheic
environments are probably not an important buffer in relation to annual N and P fluxes,
effective seasonal retention alters the timing of transport and may influence the dynamics of
downstream ecosystems. Management of stream habitats to increase water residence times
and the accumulation of fine organic-rich sediments in stream channels could enhance the
efficiency of N and P retention, particularly during periods of low flow.

INTRODUCTION

In recent years upward trends in nitrogen and phosphorus levels in streams arising from point and
diffuse source inputs have produced concern because of ecological impacts on both freshwater and
estuarine ecosystems (Heathwaite et al., 1996). This concern has stimulated research on processes that
regulate the transport and transformation of nutrients in streams and rivers. In the past two decades
an earlier perspective of streams as relatively inert pipelines which transport nutrients from
catchments to lakes and oceans has been replaced with a focus on streams as dynamic ecosystems
which continually exchange water and solutes with stream beds and the adjacent stream valley
environment (Bencala, 1993). These exchanges which have a potential to influence the chemical and
physical forms of nutrients occur within the framework of continual downstream transport. This
coupling of cycling and downstream movement is expressed in the nutrient spiralling concept
(Newbold et al., 1981; Newbold, 1994).

Research on stream nutrient transport and transformations has focused mainly on in-stream processes
that involve interactions between the stream bed surface and stream water (Fig. 1). However, since the
late 1980’s stream ecologists have also begun to examine nutrient transformations within the stream
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hyporheic zone; a subsurface region where mixing of streamwater and groundwater occur adjacent to
the stream channel (Triska et al., 1989a; Valett et al., 1993). The recent recognition of the hyporheic zone
has expanded the spatial extent of the stream ecosystem to include a vertical and horizontal
dimension around the channel.

Figure 1. The channel and hyporheic zone of a stream ecosystem.
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The objective of this paper is to review the current state of knowledge on the role of in-stream and
hyporheic environments as buffer zones that regulate the stream transport of nitrogen (N) and
phosphorus (P). Emphasis will be placed mainly on nutrient-rich lowland streams in temperate
landscapes since this is where most research has been done. The role of large riverine wetlands as
buffer zones is considered by Johnston et al. in a related paper in this volume. Attention is centred on
stream reaches with running water. Small ponds often occur along streams in agricultural landscapes
and their potential role as buffers is assessed by Fleischer et al. in a later chapter.

IN-STREAM N AND P REMOVAL

Although N occurs in streams as organic N, ammonium (NHy") and nitrite (NO2'), the predominant
form of N in lowland agricultural streams is usually nitrate (NO3). Research has focused on nitrate
transport and transformations in streams because of its effects on water quality and health concerns
over high nitrate concentrations in drinking water (Fraser and Chilvers, 1981). Studies of stream P
transport have commonly examined soluble reactive phosphorus (SRP) and particulate phosphates
(PP) adsorbed to sediment particles. The analytical method used in the measurement of SRP includes
easily hydrolysed organic phosphorus compounds in addition to dissolved inorganic phosphates
(Stainton, 1980). Although SRP often comprises a small proportion of the total annual P flux in
streams, it is the most bioavailable P form.

Mechanisms for nitrate removal

Several processes are involved in the removal of nitrate from stream water. These include uptake by
aquatic macrophytes and benthic algae for growth. Dissimilatory reduction of nitrate by biological
denitrification occurs under anaerobic conditions. This microbial process involves the reduction of
NOs to NO2 which is further reduced to gaseous N forms (NO, N2O Ny) that are lost to the
atmosphere (Tiedje, 1982).

Several studies suggest that uptake by aquatic macrophytes is an important nitrate depletion process
in some streams. In the River Raan in southern Sweden macrophyte vegetation dominated by Glyceria
maxima and Potamogeton spp. with dense stands of attached algae removed 40-70% of NOs3-N input
during summer (Jansson ef al., 1994). In a New Zealand stream where the channel was vegetated with
the semi-aquatic sweet floating grass (Glyceria fluitans) 75% of nitrate removal was attributed to plant
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uptake (Cooper and Cooke, 1984). In a second New Zealand stream watercress (Nasturtium officinale)
accounted for 75% of the nitrogen loss during late summer (Vincent and Downes, 1980). Detailed field
measurements in this stream showed that watercress accumulated 1.14g N m? d” in mid-summer and
this uptake could account for all the nitrate loss of 344 kg N in the stream reach (Howard-Williams
et al., 1982, 1983).

In contrast, other studies indicate that plant uptake is not important in stream nitrate removal.
Macrophytes, mostly watercress, accounted for about 5% of the nitrogen loss in a small spring-fed
Ontario stream (Kaushik ef al., 1975). Macrophytes also removed less than 2% of annual NO3-N export
in several English chalk streams (Casey, 1977) and were not considered important in two small streams
near Oslo, Norway (Faafeng and Roseth, 1993). Little information is available on the role of algae in
nitrate uptake from stream water. Nitrate removal during stream enrichment experiments has been
attributed to uptake by benthic algae (McColl, 1974; Sebetich et al., 1984) and nitrate uptake was
correlated with algae abundance and net production in several desert streams in Arizona (Grimm
et al., 1981).

Although uptake by aquatic plants may play a role in regulating nitrate transport, this mechanism
does not permanently remove nitrate from the stream. Much of the N removed by aquatic plants is
recycled to the stream in decomposing plant tissues. Howard-Williams et al. (1983) calculated that the
nitrogen uptake by watercress in a New Zealand stream was released during decomposition as nitrate
(56%), particulate organic nitrogen (23%) and refractory dissolved organic nitrogen (21%).

Denitrification activity has been measured in stream sediments by the acetylene inhibition technique.
Most studies have been conducted in relatively nutrient-rich streams with denitrification rates
generally ranging from 10-300 mg N m? d (Table 1). Laboratory incubation of sediment cores suggests
that nitrate is depleted rapidly below the sediment-water interface in the upper few cms of most
sediments (Sain et al., 1977; Hill, 1981; Wyer and Hill, 1984). Measurements of Eh indicate that the
oxidising zone is often less than 1 cm thick (Sain et al., 1977; Cooke and White, 1987).

Table 1. Denitrification rates measured in stream sediments

Location Stream NO3-N Denitrification rate Reference
(mg L) (mgNm2d?)

Swifts’ Brook 9.1* 50-90 Chatarpaul
Canada et al., 1980
Nottawasaga River 2.0* 10-190 Hill, 1983b
Canada
Purukohukohu Cooper and
New Zealand Cook, 1985

forest 0.05-0.5 4.8-122

pasture 0.4-2.0 122-492
Duffin Creek 5.0* 50-380 Hill and
Canada Sanmugadas, 1984
River Dorn, England 8.6 34-773 Cooke and White, 1987
Scotsman Valley 0.6-4.1 0.3-5.6 Cooke and Cooper,
New Zealand 1988
Gelbaek 0.05-0.5 14-126 Christensen and
Denmark Sorensen, 1988
Rabis Baek Christensen and
Denmark Sorensen, 1988

unvegetated 0.1-0.15 14-56

vegetated 0.1-0.15 14-154
Arhus A 0.11 114 Christensen et al.,
Denmark 1989
Gudena 0.55 333 Christensen et al.,
Denmark 1989

* laboratory nitrate solutions
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The recent development of micro-electrodes has facilitated a more detailed analysis of denitrification
in sediments. Christensen ef al. (1989) showed that denitrification started at 0.2 mm below the
sediment surface and extended over a 3.6 mm thick zone in sediments from Gardena stream in
Denmark, whereas in a second stream it began approximately 0.7 mm below the surface and was
restricted to a 0.7 mm sediment thickness. In both streams denitrification occurred mainly just below
the oxic-anoxic interface where nitrate was present as a result of diffusion from overlying stream
water. Measurements of N>O and O: indicate that the diffusional supply of nitrate from overlying
water is controlled primarily by the thickness of the oxic layer (Christensen et al., 1989).

Considerable temporal and spatial variations in denitrification rates occur in stream sediments.
Maximum rates are frequently observed in spring and summer with winter rates often being only 10%
of summer values (Jansson et al., 1994). Although nitrate removal has been measured in stream
sediments which range from acidic sands to calcareous fine grained sediments, denitrification rates are
often lower in coarse sands and gravels in comparison to fine silty sediments (Hill, 1983a; Wyer and
Hill, 1984). Denitrification is not confined to stream sediments. It has also been measured in various
periphyton communities ranging from algae mats to slime enmeshed microbial communities on rock
and gravel surfaces (Triska and Oremland, 1981; Ventullo and Rowe, 1982; Dulff et al., 1984).

The availability of nitrate frequently controls the rate of denitrification in stream sediments. In
organic-rich sediments from a Danish stream, denitrification was stimulated 5-20 X by nitrate
amendments (Christensen and Sorensen, 1988). Nitrate also stimulated denitrification in sediments
with 1-15% organic carbon from a Swedish stream (Jansson et al., 1994). Denitrification in stream
sediments also depends upon the availability of organic carbon as an energy source. Hill and
Sanmugadas (1985) reported a strong relationship between nitrate loss from laboratory incubated
sediment cores and the water soluble carbon content of 0-5 cm sediments from three Ontario streams.
A strong correlation between in situ denitrification activity and readily mineralizable carbon was also
found in sediments from the River Don in England (Cooke and White, 1987). Addition of carbon
(acetate, glucose) stimulated denitrification activity in sandy sediments with <1% organic carbon
(Jansson et al., 1994). However, a transition from carbon limitation to nitrate limitation occurred when
sediment organic carbon exceeded 1%. These data suggest that the principal limiting factor for
denitrification is the rate at which nitrate is supplied even in sediments with relatively low organic
contents of 1-2%.

Denitrification is also affected by temperature and studies of sediment cores have shown that the rate
of denitrification increased with increasing temperature in the range of 5-23°C (Sain et al., 1977).
Nitrate removal by stream sediments has been measured at temperatures as low as 2°C although rates
of loss were only 20% of losses at 20°C (Hill, 1983a). Animals can enhance the rate of denitrification in
stream sediments. The use of “N as a tracer indicated that when tubificid worms were present in
sediments the rate of denitrification was increased by 80% from 50 to 90 mg N m? d* (Chatarpaul et al.,
1980). Bioturbation increases the diffusion of nitrate and oxygen to deeper sediment zones and also
increases oxygen for nitrification in surface sediments thus increasing overall rates of coupled
nitrification/denitrification within the sediments (Henriksen et al., 1983). The presence of macrophytes
in streams may also influence denitrification activity. Macrophytes can increase sediment organic
content by trapping organic detritus and releasing DOC from roots (Christensen and Sorensen, 1986).
The release of oxygen from roots surfaces may also stimulate nitrification thus providing a source of
nitrate for denitrification (Christensen and Sorensen, 1988).

Mechanisms for P removal

In contrast to nitrate, retention of inorganic P in streams is strongly influenced by abiotic processes.
Soluble reactive phosphorus (SRP) interacts strongly with suspended and bed sediments by means of
adsorption and desorption reactions (McCallister and Logan, 1978; Klotz, 1985). In hardwater streams
inorganic P can also form coprecipitates with calcite (House, 1990). Biological uptake of P by plants, algae
and micro organisms also influence P transformations and transport in streams (Elwood et al., 1981).
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Biological cycling of P has been studied in a considerable number of small undisturbed headwater
streams (Meyer, 1979; Mulholland et al., 1985; Munn and Meyer, 1990), but limited data are available
on P retention by macrophytes and algae in eutrophic lowland streams. Submerged macrophytes in a
Danish stream were estimated to remove 6-24 kg P from stream water and sediments which
represented only 0.5-2% of the SRP load (Svendsen and Kronvang 1993). In the same stream, benthic
algae biomass data indicated a SRP uptake of approximately 54 kg P. This estimate does not consider
the rapid turnover rate of algae so that total uptake may be several times higher (Svendsen et al., 1995).
Casey and Clark (1986) estimated that P uptake by algae was equivalent to 50% of SRP transport in
April suggesting that this mechanism of P removal can be seasonally important in some streams.
Phosphorus uptake by macrophytes and algae is released back to the stream after decomposition
mainly as particulate organic P and may be exported before conversion to SRP or dissolved organic P
if water residence times are short (Svendsen et al., 1995).

P adsorption and desorption processes in streams have been widely studied (Green et al., 1978; Klotz,
1985; Stone and Mudroch, 1989; House et al., 1995). This research indicates that sediments act as an
important buffering mechanism which largely controls the dissolved-particulate P balance in most
relatively eutrophic lowland streams. Sediment-water interactions also regulate the biological
availability and transport of P in streams (Dorioz et al., 1989; Klotz, 1991; Stone et al., 1991). The stream
water dissolved P concentration often coincides with the EPC, of sediments suggesting that the
amount of SRP in streams is regulated by sediment interactions (Taylor and Kunishi, 1971; Meyer,
1979). The zero equilibrium phosphate concentration (EPC,) is the phosphate concentration in solution
at which there is neither adsorption nor desorption of P by sediments. Klotz (1988) found a significant
positive correlation between downstream increase in stream SRP concentrations and the EPC, of
sediments in a small New York stream.

The phosphate sorption index which provides a useful measure of the phosphate buffering capacity of
sediment (Bache and Williams, 1971) has been analysed in sediments from several streams. Large
amounts of P can be adsorbed by sediments with high index values without increasing the EPC, of
stream water. Phosphate sorption indices of 8.3 and 12.3 for two agricultural streams in New York
indicated a greater potential to sorb P than two adjacent forest streams with indices of 2.45 and 1.89
(Klotz, 1985). Two P rich streams in southern Ontario had high indices of 14.2 for silty sediments in
Dulffin Creek and 8.6 for sandy low organic carbon sediments in the Nottawasaga river (Hill, 1982).
Meyer (1979) found that silty and sandy sediments from Bear Brook, a forested upland stream, had an
index of 10.3 and 2.1 respectively.

The sorption of P is influenced by chemical and physical properties of stream sediments. Increased
sorption is associated with silt and clay fractions and organic matter content (Stone and Mudroch,
1989; Stone et al., 1995). Several studies indicate strong positive correlations of P sorption with
amorphous Fe and Al oxides and hydroxides in sediments (Shulka et al., 1971; Green et al., 1978;
McCallister and Logan, 1978). Svendsen et al. (1995) calculated that 50-75% of sediment P pool was
Fe-P in a Danish stream suggesting that SRP removal from stream water was caused in part by
adsorption to Fe and Al hydroxides.

ROLE OF THE HYPORHEIC ZONE IN N AND P REMOVAL

In the past decade research has begun to focus on the delineation of stream hyporheic zones and the
analysis of element transformations within this subsurface environment. Exchanges of stream and
groundwater in the hyporheic zone influence stream chemistry as a result of storage and retention as
well as biogeochemical processes (Valett et al., 1994). The hyporheic zone may be a sink or source of
solutes to the stream depending on the relative importance of processes which immobilise or generate
nutrients in the sediments (Triska et al., 1989a).

At a catchment scale, the lateral and vertical extent of hyporheic zones is controlled by landscape
properties such as geological lithology, groundwater magnitude and seasonality, hillslope and channel
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gradients and annual precipitation (Valett ef al., 1996). At the individual stream reach scale the size of
the hyporheic zone is determined by geomorphological features of the surface channel such as
permeability and variations in stream bed topography which influence stream water slope. Features
such as boulders, gravel bars and riffle-pool sequences produce rapid changes in elevation which force
streamwater into the subsurface producing localised flow paths in the sediments (Thibodeaux and
Boyle, 1987; Harvey and Bencala, 1993).

The size of the hyporheic zone and the extent of interaction between stream water and groundwater
may vary in a downstream direction from headwaters to large rivers (Fig. 2). Small perennial
headwater streams often have small hyporheic zones on the scale of centimetres because of large
groundwater fluxes (White, 1993). The hyporheic zone associated with pool-riffle sequences in mid-
order streams can have a vertical and lateral extent on the scale of metres. Tracers injected into a third
order gravel bed stream in northern California revealed a high percent of stream water at lateral
distances of up to 10 m from the channel (Triska et al., 1993). Large scale hydrological exchanges of
surface and groundwater extending over distances of kilometres have been described for large river
floodplains (Stanford and Ward, 1993). Recently, conceptual models have been proposed which
suggest that the importance of the hyporheic zone to stream chemistry is influenced by the proportion
of stream water passing through this zone, as well as by water residence time and the rates of
biogeochemical processes within the hyporheic zone (Findlay, 1995; Valett et al., 1996).

Figure 2. The hypothetical representation of trends in the size of the hyporheic zone, from
headwaters to large rivers.

<€ Ground water
<= Stream water
1) Hyporheic zone

Several studies have shown the occurrence of nitrification and denitrification in stream hyporheic
zones during summer base flows (Duff and Triska, 1990; Triska et al., 1993; Jones et al., 1995; Valett
et al., 1996). Nitrogen injection experiments indicated that ammonium in groundwater entering the
hyporheic zone of a northern California stream was oxidised to nitrate in aerobic areas of the zone,
whereas nitrate transported to low dissolved oxygen regions was either denitrified or reduced to
ammonium (Triska et al., 1993). The net effect of various N cycling processes in the hyporheic zone of
this stream was an overall increase in nitrate concentration of stream water (Triska et al., 1989b).
Nitrate concentrations in stream water flowing into the hyporheic zone of a desert stream were also
elevated by nitrification (Jones et al., 1995). Nitrate rich subsurface water was an important source of N
for stream algae as the water re-entered the stream (Valett et al., 1994). Analysis of subsurface flow
through a 200 m long gravel bar on the River Garonne indicated rapid NOs-N depletion in the first
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few metres of the bar from 2-4 mg L' in the stream to <1 mg L? in the bar (Pinay et al., 1994).
Measurements of in situ denitrification indicated high rates at the upstream end of the bar in areas of
organic rich silt and a sharp decline in a downstream direction where sediments were sandy.

Little information is available on P transformations in stream hyporheic zones. Several studies noted
that SRP concentrations were often higher in the hyporheic zone than in surface water (Valett et al.,
1990; Hendricks and White, 1995). The hyporheic zone may be an important source of SRP to streams
during periods of surface water nutrient depletion. In a riffle-pool sequence of a third order sand
bottom river in northern Michigan, SRP was significantly enriched relative to stream water
particularly beneath the downstream end of the riffle where upwelling occurred (Hendricks and
White, 1995). White et al. (1992) noted that macrophytes were often located in these upwelling areas
where SRP was enriched.

Despite these recent studies of particular stream hyporheic zones, knowledge of the role of this
subsurface environment as a nutrient buffer zone is limited. Most research has focused on streams
with low nutrient loadings in forest and desert landscapes. In these streams the hyporheic zone is
frequently a nutrient source for surface waters rather than a sink. It is possible that the hyporheic zone
of eutrophic streams may remove nutrients from stream water. However, research on stream
denitrification and P adsorption suggest that these processes occur mainly near the sediment-water
interface. Consequently, considerable portions of the hyporheic zone may not be involved in the
depletion of nutrients in stream water.

Previous research has focused on how stream water is modified by interaction with the hyporheic
zone. This stream centred perspective has resulted in an absence of research on the regulation of
groundwater nutrient fluxes within this zone. In landscapes where shallow impermeable layers are
absent, large groundwater inputs from adjacent uplands may flow at depth beneath stream riparian
zones and discharge directly through the stream bed (Phillips et al., 1993; Bohlke and Denver, 1995;
Hill, 1996). Little information is available on the capacity of stream hyporheic zones to buffer large
nitrate fluxes in groundwater inputs. Robertson et al. (1991) noted some temporal variability in the
removal of nitrate in septic tank effluent that flowed upward through the bed of a small Ontario
stream. Although NO3-N concentrations generally declined from 20 mg L to <0.5 mg L in the last
metre of the flow path, in July concentrations rose briefly to 13 mg L* at the bed surface before
returning to <0.5 mg L. In a Maryland agricultural catchment, nitrate contaminated groundwater
flowed at depth in a thick sand aquifer beneath the riparian zone and discharged upward through the
stream bed (Bohlke and Denver, 1995). Although no detailed data are available for the hyporheic zone
of this stream, the high stream base flow NOs3-N concentration of 7-10 mg L suggests that the stream
bed was not an effective nitrate buffer.

THE IMPORTANCE OF N AND P REMOVAL IN STREAMS

The magnitude of N and P removal from streams in relation to seasonal and annual fluxes has been
examined by mass-balance calculations in a range of lowland nutrient-rich streams. This analysis
usually involves the measurement of N and P loads of a stream entering and exiting a particular reach.
Additional measured inputs to the reach may include small tributary streams and groundwater flow.
In a few studies the magnitude of individual removal processes, such as denitrification or P
adsorption by sediments has been measured directly and compared to calculations of seasonal or
annual nutrient fluxes.

Estimates of the magnitude of nitrate removal during the summer season when temperatures are
warm and streams are frequently at base flow range from <10% to 76% (Table 2). The very high
removal rates of 60 and 76% of NO3-N flux in Swifts Brook and Duffin Creek respectively are mean
rates calculated for a number of individual observation days during stream low flows in late May-
October. In contrast, the lower NOs3-N removal estimates of 10% and 0-13% in a Danish and Swedish
stream (Table 2) are calculated for the entire summer and include occasional periods of high stream
flow. Analysis of the River Raan in southern Sweden illustrates the importance of summer storm flow
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events to overall nitrate retention during this season (Jansson et al., 1994). Nitrate -N removal was 0%
in the summer of 1987 which was cold with higher than normal runoff and 13% in 1988, a dry summer
with low runoff. Annual mass-balances indicate that NO3-N removal ranges from 1-5% in many rivers,
although higher removal rates of 17-22% and 68% were estimated in Swift’s Brook, Ontario and the
Puruki stream in New Zealand respectively (Hoare, 1979; Robinson et al., 1979).

Table 2. Nitrate removal in lowland streams in agricultural catchments.
-% of N loading-

Location Summer low flow Annual Reference

Swifts’ Brook 60% ® 17-22%® Kaushik and

Ontario Robinson 1976;
Robinson et al., 1979

Duffin Creek 76% ® 48% ® 5-6%® Hill, 1979; 1981

Ontario

Puruki Stream 68% @ Hoare, 1979

New Zealand

Nottawasaga River 13%® 11%® 1%® Hill, 1983a

Ontario

Dorn River 15%© Cooke and White,

England 1987

Gelbaek and Rabis 10%© 1%© Christensen and

Baek Sorensen, 1988

Denmark

R&an Stream 0-13% (b) <2% (b) Jansson et al., 1994

Sweden

® NO3z-N loading
® total N loading
© direct denitrification measurements

The critical factor in explaining these contrasts between daily, seasonal and annual nitrate retention is
the residence time of water (Hill, 1988; Jansson et al., 1994). Significant removal of NOs3 from stream
water only occurred in a 7 km reach of the River Raan, Sweden during summer low flows when the
water residence time was 1-2 days (Jansson et al., 1994). Nitrate -N removal as a % of daily input
declined rapidly from maximum values of 30-75% at stream discharges of 0.4 m®sec’ to <1% at 1.4 m?
sec’ in three reaches of Duffin Creek (Hill 1988). A similar pattern of declining nitrate removal
efficiency as discharge increased occurred in the R. Raan (Jansson et al., 1994).

The effect of stream discharge on nitrate removal efficiency is not only linked to reduced residence
times as water velocity increases, but also to larger nitrate fluxes (Cooper, 1990). An increase in N
inputs associated with high discharge produces a decline in removal efficiency even if nitrate removal
rates remain constant or increase by an amount which represents a lower proportion of the N input. In
temperate streams most N transport occurs during periods of high stream discharge associated with
low water temperatures in the winter months (Hill, 1986; Jansson et al., 1994). This combination of
conditions severely limits the effectiveness of nitrate removal mechanisms. Consequently, the
proportion of seasonal and annual NOs-N load transported by high discharge exerts a major influence
on the importance of nitrate removal in relation to N fluxes. Stormflow represents a high proportion of
annual runoff in catchments with thin soils and impermeable parent materials, whereas base flows
often contribute most of the annual runoff in catchments with high infiltration rates and extensive
aquifers (Walling, 1971). It is noteworthy that the two streams, Swift’s Brook and Puruki, shown in
Table 2, which have a very large annual percent removal of nitrate, are small groundwater fed
systems. Stormflow accounted for only 10% of the annual runoff in Puruki stream (Hoare, 1979).
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Phosphorus removal during summer periods ranges from 20-92% in relatively eutrophic streams
(Table 3). This considerable range reflects in part differences in observation periods and calculation
methods. The high P removal rates of 44 and 92% in the Nottawsaga river and Duffin Creek were
estimated from SRP mass-balances for individual summer days of low stream flow (Hill, 1982). In the
Redon river, total P mass balances were calculated for 4 separate weeks in summer and autumn
without rain when stream discharge was <0.2 m?® sec’ (Dorioz et al., 1989, Table 8). The lower P
removal % in two Danish streams (Gelback and Gjern A) is based on in situ stream bed measurements
of P retention in comparison to total TP export for the entire summer period which included storm
flow events (Svendsen et al., 1995). It should be noted that the relatively high summer P retentions
shown in Table 3 were measured in streams where almost all the P input is delivered by point sewage
sources during low flow periods. It is uncertain whether similar large accumulations of stream bed P
would occur in streams which only receive diffuse P inputs from cropland.

Table 3. Phosphorus removal in lowland streams in agricultural catchments.
-% of P loading-

Location Summer low flow Annual Reference
Duffin Creek 92% ®@ Hill, 1982
Ontario
Nottawasaga River 44% @ Hill, 1982
Ontario
Redon River 51%® Dorioz et al., 1989
France
Gelbaek Svendsen et al., 1995
Denmark
1987 36%©
1988 65% ©
Gjern A Svendsen et al., 1995
Denmark
1987 33%© 56% ® <5% ®
1988 20%© 59% ®
® SRP loading

® total P loading
© total P removal calculated as % of net TP export

Detailed measurements of P retention in streams have usually been limited to summer months.
However, a mass balance study for Gjern A in Denmark revealed that the river was a significant sink
for SRP during all seasons except for a high flow period in the winter of the first observation year
(Svendsen et al., 1995). The net retention of SRP was 1220 kg P in 1987-88 and 1600 kg P in 1988-89,
equivalent to 56 and 59% respectively of the annual SRP export (Table 3). Although these data suggest
significant retention of SRP throughout the year, particulate phosphorus (PP) is usually the dominant
form of P accounting for 56-80% of total P export in lowland streams (Johnson et al., 1976; Svendsen
et al., 1995). Annual retention of TP in Gjern A was negligible compared with P export (Svendsen et al.,
1995).

The export of P accumulated in stream bed sediments during storm flows is a major reason for the
absence of significant annual retention of total P in streams (Harms et al., 1978; Dorioz et al., 1989). Storm
flows occurring after considerable periods of low flows have very high concentrations of PP (Johnson
et al., 1976; Dorioz et al., 1989; Svendsen and Kronvang, 1993). Increased SRP levels in stream water
during the early phases of storm events may also indicate some desorption of P from resuspended
sediments (Svendsen et al., 1995). In the main channel of the Gjern A in situ measurements of stream bed
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P indicated that net retention in summer was followed by mobilisation of the retained P in early autumn
and further exhaustion of the retained P pool in the following winter (Svendsen et al., 1995).

Analysis of N and P removal in relation to fluxes in lowland streams suggests that stream buffering
processes are relatively unimportant in relation to annual budgets in most streams. However, there is
considerable evidence to indicate that N and P removal mechanisms are significant in low flow
periods particularly during summer months. Removal of nitrate and SRP during base flows has a
considerable effect on stream water concentrations of these nutrients and can regulate the timing and
form of export to downstream rivers, lakes and estuaries. Although a small proportion of annual N
and P flux is transported during stream low flows, the considerable time duration of these conditions
enhances the significance of headwater streams as buffers. In temperate streams, low flows often occur
on 130-150 days during the warm season of the year. In tropical landscapes denitrification and other N
and P sink processes may be important in low flow conditions throughout the year.

MANAGEMENT IMPLICATIONS

Current knowledge of processes such as denitrification and sediment P adsorption that are critical to
stream N and P buffering capacity indicate that these processes are strongly influenced by water
residence times and the accumulation of fine textured organic rich sediments in streams.
Channelisation of small headwater streams to increase drainage capacity tends to reduce water contact
time with the stream bed and enhance the removal of fine sediments. In contrast, management
manipulations that reduce water velocity such as reductions of channel slope or the construction of
small ponds would tend to increase water retention times and the accumulation of organic matter and
thus enhance the stream nutrient buffering capacity. The afforestation of stream riparian zones to
enhance the buffering capacity of the stream side environment (Petersen et al., 1992; Muscutt et al.,
1993) can also improve the efficiency of stream N and P removal by increasing the supply of terrestrial
carbon to stream sediments.

Macrophytes play a significant role in nitrate uptake in some streams and can also stimulate
denitrification by encouraging significant deposition of organic matter and increasing the supply of
nitrate in sediments by nitrification activity in the root zone (Christensen and Sorensen, 1988). The
establishment and maintenance of macrophyte communities in small streams unshaded by adjacent
riparian vegetation can therefore also increase the stream nutrient removal capacity during low flows.

The costs involved in reduced drainage capability on agricultural land can mitigate against stream
management practices that increase water retention times in order to maintain or enhance the nutrient
buffering capacity of small headwater streams. It is therefore important to consider the benefits of
stream N and P removal processes in making catchment management decisions. It is also essential to
integrate the management of stream buffers with other potential buffer zones such as riparian zones
and small on-stream ponds as part of a more comprehensive approach to the management of nutrient
fluxes within the landscape.

CONCLUSIONS

There is now considerable evidence that streams play a significant role in regulating the flux of N and
P during base flows particularly in summer, although the annual capacity to remove N and P is often
low. Nevertheless, many aspects of streams as N and P buffers are inadequately understood. The
influence of the hyporheic zone on stream water chemistry in relatively eutrophic agricultural streams
is still unknown, as is the capacity of this subsurface environment to act as a buffer for nitrate rich
groundwater which discharges directly through the stream bed. Further research is needed to evaluate
P transport and retention processes in small agricultural streams which do not receive large point
sewage inputs. Most studies of nutrient removal in headwater streams are from temperate landscapes
and little information is available in tropical environments. A more detailed understanding of the
potential role of in-stream and hyporheic environments as buffer zones in a wider range of streams
and landscape settings can contribute to the successful management of N and P in catchments.
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Abstract

Riparian forest buffer systems provide effective control of non-point source pollution in
some settings. Pollution control is dependent on the type of pollutant, the hydrologic
connection between pollution sources and the riparian buffer, and the characteristics of the
riparian soils and vegetation. Knowledge of these complex interacting factors is generally
incomplete and use of riparian forest buffers requires professional judgement regarding
where to expect effective non-point source pollution control. These professional judgements
should be based on best available information on flow systems and the behaviour of natural,
managed and restored riparian ecosystems in the region of interest. Factors related to
establishment, sustainability, management, maintenance, loading rates and size of the buffer
system must also be considered. Results of a Best Professional Judgement process to assess
the potential pollution control by riparian forest buffers in the Chesapeake Bay Watershed
concluded that pollution control would range from very high levels in some coastal plain
systems to very low levels in systems dominated by regional groundwater.

INTRODUCTION

Application of research to broad-scale environmental issues often requires using professional
judgement when faced with inadequate knowledge or incomplete understanding. Public policies to
encourage or require landscape management techniques such as riparian (streamside) management
will often need to proceed with Best Professional Judgement (BPJ) decisions based on both site-specific
experiments and fundamental understanding of hydrology, soils and ecosystem function.

Riparian forest buffer systems (RFBS) are streamside ecosystems, managed for the enhancement of
water quality through control of non-point source pollution (NPS) and protection of the stream
environment. The use of riparian management zones is relatively well-established as a Best
Management Practice (BMP) for water quality improvement in forestry practices (Comerford et al.,
1992), but has been much less widely applied as a BMP in agricultural areas or in urban or suburban
settings. Riparian ecosystems are especially important on small streams (1st, 2nd and 3rd order) which
account for over three-quarters of the total stream length in the United States (Leopold et al., 1964).
Riparian forests of mature trees (30 to 75 yrs. old) are known to effectively reduce non-point source
pollution from agricultural fields in certain landscapes (Hanson et al., 1994; Lowrance et al., 1984;
Peterjohn and Correll, 1984; Jacobs and Gilliam, 1985). RFBS specifications have been proposed by the
United States Department of Agriculture-Forest Service (USDA-FS) and the USDA-Natural Resources
Conservation Service (Welsch, 1991; NRCS, 1995): Zone 1 of the RFBS is permanent woody vegetation
immediately adjacent to the stream bank; Zone 2 is managed forest occupying a strip upslope
from Zone 1; Zone 3 is an herbaceous filter strip upslope from Zone 2. The specification applies to
areas where cropland, grasslands and/or pasture are adjacent to riparian areas on permanent or
intermittent streams, margins of lakes and ponds, margins of wetlands or margins of groundwater
recharge areas such as sinkholes.

The three-zone RFBS specification is based on studies of naturally occurring riparian forests along low
order (1st to 4th order) streams and experimental scale grass filter strips. Under natural conditions,
riparian forest ecosystems formed a dynamic yet stable buffering system along most shorelines, rivers
and streams in many regions, worldwide. Although few studies have documented the specific
changes in water quality functions during the establishment period of a riparian forest, established
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RFBS are expected to sustain water quality functions over the long term in a manner similar to natural
riparian systems.

The functions of riparian systems to control NPS pollution are dependent on hydrologic connection(s)
of pollutant source(s) with the RFBS. Although generalisations can be made, the extent, timing and
spatial variability of the hydrologic connections add uncertainty to assessment of NPS pollution
control. It is critical to understand what proportion of the pollutant moves through the biologically
active soil and litter layers. The hydrologic connection between source areas and riparian ecosystems
ranges from nearly 100% of the water moving across the surface or in shallow groundwater to a very
low percentage of flow moving through riparian ecosystems. This lower limit is not well-defined, but
a conservative estimate can be made by hydrograph analysis to separate storm flow from baseflow. At
a minimum, most stormflow should move in either surface runoff or shallow groundwater and should
be subject to processing in a RFBS. Additionally, the difference in maximum baseflow and minimum
baseflow is another useful indicator of the proportion of water available for riparian processing.

MANAGEMENT CONSIDERATIONS

Loading Rates

Higher rates of nitrate removal should be possible under higher loadings of nitrate especially where
denitrification (microbial reduction of nitrate to nitrogen gases) is the primary means of nitrate
removal. Given the range in nutrient uptake possible both among different plant species and within
the same plant species, it is likely that vegetation uptake will increase with increasing loads if there is
significant hydrologic interaction with vegetation.

Increasing loads of P are likely to be less effectively controlled than increasing loads of N, because of
the lack of a microbial process analogous to denitrification to remove or sequester P in the RFBS. If
increasing P loads are to be controlled, it will require effective management of Zones 3 and 2 for
sediment removal and infiltration. If dissolved or particulate P can be retained in the root zone, it will
be available for both biological and chemical removal processes. If RFBS have some absolute removal
potential for P, reducing input loads should increase the efficiency of removal. The ability of Zone 2 to
retain P may be limited, especially under high loadings of dissolved P.

Management to control increasing loads of sediment and sediment-borne chemicals will require
specific management of Zones 3 and 2 for sediment retention. Most of the mass of sediment will be
deposited in Zone 3 and most of the sediment-borne nutrients will be deposited in Zone 2. Increased
sediment loadings to Zone 3 will require increased management to eliminate concentrated flows,
remove accumulated sediment (especially in berms) and restore the herbaceous vegetation. Increased
sediment and sediment-borne chemicals to Zone 2 should lead to higher amounts of chemical
deposition in surface litter.

Loading rate/buffer size relationships are only poorly defined, especially for dissolved pollutants.
With water in contact with surface litter or the biologically active root zone, buffers of about 30 m have
been effective for at least sediment and nitrate removal (Hanson et al., 1994; Lowrance et al., 1984;
Peterjohn and Correll, 1984; Jacobs and Gilliam, 1985). Franklin et al. (1996) found that a field area:
forest buffer area ratio of 5.8 was an effective buffer but a ratio of 11.1 was not effective. One of the
difficulties in describing these relationships is that increasing pollutant loads may also be
accompanied by increasing water volumes in either surface runoff, groundwater, or both. In the
presence of increased water movement, denitrification for nitrate removal should be enhanced and
sedimentation and infiltration may be decreased. Increased surface runoff and loading of sediment
and sediment-borne chemicals can be accommodated by management of Zones 3 and 2 to increase
roughness and control channelised flow. Although mass balance approaches may be extrapolated to
higher loading rates, they provide only an estimate and may not predict real-world responses.

129



R. Lowrance

Stream Order and Stream Size

Regardless of the size of stream or the hydrologic setting, water moving across the surface or through
the root zone of a RFBS should show reduction in either nitrate (groundwater) or sediment and
sediment-borne chemical loads reaching the stream (surface runoff). As streams increase in size, the
integrated effects of immediately adjacent riparian ecosystems decreases relative to the overall water
quality of the stream. On lower order streams there is greatest potential for interactions between water
and riparian areas. For NPS pollution control, the change in impact of RFBS as stream order increases
can be estimated based on hydrologic contributions from upstream and from the riparian ecosystem.
For first-order streams, the potential impact of the RFBS on chemical load or flow-weighted
concentration is directly proportional to the proportion of the excess precipitation from the
contributing area which moves through or near the root zone or surface of the RFBS. For all streams
above first order, the contributing area is only one source of pollutants, with upstream reaches
providing the other source. For second-order and above, the NPS pollution control function of a given
RFBS is based on both the proportion of water from the contributing area which moves through the
riparian system and the relative sizes of the two potential pollutant loads: upstream sources or
adjacent land uses. Clearly, the larger the stream, the less impact a RFBS along a particular stream
reach can have on reduction in overall load within that reach.

On a watershed basis, the higher the proportion of total streamflow originating from relatively short
flow-paths to small streams, the larger the potential impact of RFBS. In comparing the potential
effectiveness of RFBS among watersheds, drainage density (length of channel per unit area of
watershed) should provide a useful starting point. Higher drainage density implies greater potential
importance for RFBS in NPS pollution control.

Establishment and Sustainability

RFBS should be used as part of an integrated land management or conservation system which consists
of 1) watershed scale management, 2) NPS pollution management, and 3) active management of the
RFBS. In this way, RFBS become part of conservation, stormwater, nutrient and farm management,
timber harvest and other land management planning efforts.

Watershed management is essential to reduce overall pollutant loadings and integrate the riparian
area as part of a landscape influenced by upstream hydrology. In a landscape context, RFBS which
mimic the natural ecosystems of the area will increase the likelihood of long-term sustainability.
Consideration of existing riparian forests and linkage of RFBS as continuous stream corridors is
desirable. Source management and land conservation measures are important in conserving natural
resources, reducing overall pollution and limiting stress on the RFBS. These measures, along with
maintenance of buffer plantings, are especially important during the establishment phase and in
preventing excessive runoff or sediment and nutrient loading beyond the capacity of the buffer. REBS
management such as periodic harvesting, runoff control maintenance, control of invasive plants, etc. is
desirable to maximise performance and ensure long-term effectiveness. Continued runoff control and
protection of Zone 1 functions are essential to maintaining optimum performance in RFBS.

Integration of RFBS within land management helps to prevent some of the primary reasons for
“acute” failure such as runoff inputs which exceed the design of the RFBS and cut gullies or channels,
or failure to address “chronic” problems such as a gradual decrease in phosphorus retention. Because
of the commitment of land required for RFBS establishment, the approaches used for establishment
and subsequent management should contribute to RFBS which are sustainable for decades.

CASE STUDY - CONTRASTING CONDITIONS IN A WATERSHED

Portions of the Chesapeake Bay Watershed (Figure 1) (US) have been evaluated for potential NPS
pollution control by RFBS (Lowrance et al., 1995). For example, two portions of the Gulf-Atlantic
Coastal Plain were judged to have very different potential for removing nitrate from groundwater
before reaching streams. The Inner Coastal Plain (Figure 2) is expected to have nearly 100% nitrate
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Figure 1. Physiographic regions of the Chesapeake Bay Watershed with inset showing
details of the outer Coastal Plain.
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removal because most flow takes place along relatively short flow paths which pass through or near
the root zone. In contrast, a portion of the Outer Coastal Plain designated the Well-Drained Upland
(Figure 3) was judged to have very little potential for removal of nitrate due to long flow paths which
move water below the riparian ecosystem root zone and discharge directly to the stream channel.
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Figure 2 . Generalised flow system of the Inner Coastal Plain.
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Figure 3. Generalised flow system of the Outer Coastal Plain; Well-Drained Upland.
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For the Inner Coastal Plain, BPJ on nitrate control predicts:

1) Based on mass balances, established RFBS remove 20 to 40 kg NO3-N ha' yr' from subsurface

flow. For the systems studied, this was 85-90% retention of nitrate.
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2)

3)

4)

For the RFBS to be applicable in systems with artificial drainage near streams, the drainage system
will have to be modified to work in conjunction with the RFBS.

Newly-established systems are likely to have a substantial effect on subsurface nitrate loads in (at
most) 5 to 10 years if anoxic sediments and high organic matter surface soils are already in place.
By 15 to 20 years, re-established RFBS should control groundwater nitrate loads in most situations.

The nitrate concentration data indicated that higher nitrate loadings could be removed in the RFBS
if it was exposed to higher loadings than represented in the mass balance studies. This is most
likely to be true in systems with highest denitrification rates or potentials.

For the Outer Coastal Plain, BPJ on nitrate control predicts:

1)

2)

3)

In most areas, there will not be strong hydrologic connections between nitrate sources and riparian
forests, resulting in little removal of nitrate. Where hydrologic connections between groundwater
and biologically active soil layers are made, RFBS in the Outer Coastal Plain should have about the
same capacity for nitrate removal as in the Inner Coastal Plain.

The Zone 1 vegetation (adjacent to the stream channel) should be very important because of
potential access to water and pollutants in the hyporheic zone. Zone 1 vegetation should be
managed for N uptake and for formation of high organic matter surface soils. Provision of leaf
litter and other organic matter to the stream channels may increase denitrification in the channel
and hyporheic zone.

Re-establishment of RFBS in the Outer Coastal Plain should focus on headwater streams, many of
which have been ditched. Enhancement of existing forests along both small and large streams
should focus on management of Zone 1 to intercept nitrate enriched groundwater.

SUMMARY AND CONCLUSIONS

Predicting the usefulness of riparian forest buffers for pollution control will need to be done with a
Best Professional Judgement approach until more detailed studies are available from a wide range of
watersheds and land uses. This approach depends on knowledge of site conditions, loading rates of
pollutants and ecosystems functions. Best Professional Judgements based on potential or actual
hydrologic connections between pollutant source and the riparian forest buffer provide a means for
regional scale assessment of the pollution control by riparian forest buffers.
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Abstract

Two adjacent plots marked out on a pasture with 15% mean slope received cattle slurry
or inorganic fertiliser at doses selected such that the total amount of nitrogen applied per
unit area was the same for each plot. Within each plot, two subplots were marked out:
slurry /fertiliser was applied to an area with 8 m downslope length in one subplot, and to an
area with 3 m downslope length in the other. At 1, 7 and 21 days after amendment, the plots
received simulated rainfall. Runoff was collected in Gerlach troughs situated at various
distances downslope (i.e. after passage across buffer strips of different downslope lengths),
and analysed for ammonium and nitrate content. In general, runoff percentages were higher
downslope of the slurry-amended subplots than downslope of the fertiliser-amended
subplots. Likewise, concentrations of the two contaminants (particularly ammonium) were
higher in runoff from the slurry-amended subplots. Absolute masses of ammonium and
nitrate in runoff from the slurry-amended subplots were closely related to runoff
percentages; in addition, absolute masses in runoff after the second and third rainfall events
indicated downslope movement of contaminants already removed from the amended
areas. Absolute masses in runoff from the fertiliser-amended plots provided evidence of
attenuation of contaminant levels by the buffer strip areas. Considering data for runoff from
the slurry-amended subplots, strong correlations were observed between runoff percentages
and absolute masses after each of the simulated rainfall events; when data for the fertiliser-
amended subplots were considered, strong correlations were observed except after the third
rainfall event. Percentage attenuation of contaminant levels in runoff from the slurry-
amended subplots (with respect to contaminant levels in the slurry) was greater than 90% in
almost all cases.

INTRODUCTION

The use of vegetated buffer strips for the protection of watercourses from diffuse-source pollution has
increased in recent years (see Nufiez et al., 1995). Despite this, relatively little detailed information is
available as regards the efficiency of buffer strips for removing contaminants present in runoff. Coyne
et al. (1995) have investigated the efficiency of removal of bacteria, while in our region (Galicia,
Northwest Spain) there have been studies of the efficiency of removal of pesticides (Basanta et al.,
1995) and of contaminants present in cattle slurry (Carballas et al., 1990; Diaz-Fierros et al., 1990;
Nufiez et al., 1991). Studies of this type need to take into account the biodegradation of adsorbed
substances (see Scow et al., 1995) and between-substance interactions (see Castilho et al., 1993).

In Galicia, cattle slurry is a particularly important cause of diffuse pollution (Carballas et al., 1990;
Diaz-Fierros et al., 1993). In the present study we compared nitrate and ammonium levels in runoff
from plots amended with cattle slurry or a nitrogen (N) fertiliser and evaluated the efficiency of grass
bulffer strips for attenuating the levels of these contaminants.

Sufficient information now exists to design and restore riparian areas to fully utilise their capabilities
in new resource management initiatives to protect water resources. This paper broadly examines
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the economic, social and ecological aspects of two riparian forest ecorestoration policy options
(25 m v 75 m widths) developed to reduce subsurface nitrate movement into surface waters in Illinois
(USA), and demonstrates that agroenvironmental policy can and should be based on ecosystem-level
management strategies linked to specific ecosystem functional criteria.

MATERIALS AND METHODS

Study plots

The study was carried out on a site of 15% mean slope, near the village of Sergude (Boqueixén, La
Corufia Province, Spain). This site was traditionally cropped but has recently been given over to
Lolium perenne pasture. Basic characteristics of the A horizon of the soil at this site are: pHyaten= 6.1,
Carbon(%)= 7.96, Density = 2.5123 g cm?, Texture = silty loam, cation exchange capacity (CEC)= 11.627
cmol. kg’ (see more details in Basanta et al., 1995). Two plots destined for slurry or fertiliser
application were marked out (Fig. 1). Within each plot, slurry or inorganic fertiliser was applied to
subplots of 3 m or 8 m downslope length (Fig. 1). Surface runoff was collected in Gerlach troughs
located at various distances downslope of the amended plots (Fig. 1).

Figure 1. Layout of the study plot. Subplots 1 and 2 received cattle slurry (341 m® ha*) and subplots
3 and 4 received inorganic fertilizer (881 kg ha*). Runoff collection troughs (1a-4d) were located
2m (a), 4 m (b), 6 m (c) or 8 m (d) downslope of the bottom of the amended plots.

<« > < M sem > 8m___
>
Subplot 1 Subplot 4
Slope A
15%
8m(5m
Subplot 2 Subplot 3
3m
A
la 2a 3a 4a 2m
4m
1b 2b 3b 4b 6m
1c 2¢c 3c 4c gm
1d 2d v 3d 4d L/

Slurry /[ fertiliser application

The inorganic fertiliser used was Nitramon (Spain) — i.e. ammonium nitrate NH,;NO;. Cattle slurry
was obtained from a local supplier (pumped from a settling basin); the basic physicochemical
characteristics of the batch used (determined as per APHA, 1989) were: pH= 7.06, NH+= 701 mg L",
NO;-=32 mg L, COD=17700 mg O, L. The amounts of fertiliser and slurry applied were adjusted so
that all amended areas received the same amount of total nitrogen (188.5 kg ha"). The total N content
of Nitramon was determined as 21.4% w/w; fertiliser was thus applied at 880.7 kg ha. The total N
content of the slurry batch used was determined as 552.64 mg 1" (i.e. g m?); slurry was thus applied at
340.91 m® ha'. Analyses indicated that the nitrogen in Nitramon is 50% ammonium N and 50% nitrate
N, whereas the nitrogen in the slurry was 98.7% ammonium N and only 1.3% nitrate N.
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Slurry was sprayed onto plots and dose was controlled by adjusting the duration of the application.
Fertiliser was scattered onto plots by hand and samples were taken to check the application rate. In
both cases, care was taken to ensure that application was homogeneous.

Rainfall simulation

Rainfall was simulated using two identical spray units in conjunction, as previously described by
Basanta et al. (1995). Each unit comprises a support structure with four Fulljet 172 HHSS40WSQ wide-
angle square-jet nozzles each held at 2 m from the centre pole. Nozzle height is adjustable up to 5.5 m;
in this experiment they were set at 4.5 m. Water was pumped from a nearby non-polluted source and
its pressure controlled by a manometer for each unit. A pressure of 0.75 kg cm? (giving an average
rainfall intensity of 47 mm h*) was used. A more complete description of this simulator, and of the
characteristics of the simulated rainfall and resulting runoff, is given in Nufiez (1993).

Simulated rainfall was applied 1, 7 and 21 days after slurry/fertiliser application. Each simulated
rainfall event consisted of four stages: the two units were first set up on the left of the slurry-amended
plot, then moved to the right of this plot; this process was then repeated with the fertiliser-amended
plot.

Data collection

The total amount of runoff collected in each trough during and after each simulated rainfall event was
determined and runoff samples were analysed for ammonium and nitrate as per Bremner & Keeney
(1965).

RESULTS

Runoff percentages

Runoff percentages (between 0.01% and 28.51%) were generally higher downslope of the slurry-
amended subplots than downslope of the fertiliser-amended subplots. These differences were
particularly marked for the first simulated rainfall event (1 day after slurry/fertiliser application),
which suggests that the slurry temporarily blocked pores at the soil surface, leading to reduced
infiltration rate.

There was no consistent pattern of differences between runoff percentages downslope of the 8-metre-
long subplots and downslope of the 3-metre-long subplots, regardless of whether the slurry- or
fertiliser-amended subplots are considered. Runoff percentages were very high for one of the collector
troughs (trough 1d), since this trough was situated in a pronounced gully. As pointed out by Dickey &
Vanderholm (1981) and Dillaha et al. (1986), localised channel flow is likely to reduce the effectiveness
of buffer strips for contaminant removal.

Ammonium and nitrate contents in runoff

As expected, ammonium concentrations in runoff collected downslope of the slurry-amended
subplots after the first rainfall event were much higher (between 0.19 and 20.62 mg 1") than in runoff
collected downslope of the fertiliser-amended subplots after that event (between 0 and 0.19 mg 1).
Again as expected, nitrate concentrations were higher in runoff collected downslope of the fertiliser-
amended subplots (1.60 to 2.88 mg I") than in the slurry area (0.32 to 1.60 mg I"). After the second and
third rainfall events, the differences between the slurry- and fertiliser-amended plots were much less
pronounced. Indeed, in some cases nitrate level was higher in runoff collected downslope of the
slurry-amended subplots than in the corresponding sample collected downslope of the fertiliser-
amended subplots; this is probably attributable to oxidation of slurry-derived ammonium to nitrates
(as is supported by the observation that ammonium levels in runoff collected downslope of the slurry-
amended subplots tended to decline over time). By contrast, ammonium levels in runoff collected
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downstream of the fertiliser-amended subplots showed a tendency to increase over time; this is
probably because the fertiliser is a granulate, so that release of ammonium is slower. In general,
ammonium concentration in runoff from the 8-metre-long fertiliser-amended plot was higher than in
runoff from the 3-metre-long fertiliser-amended plot; however, there was no such consistent difference
in nitrate concentrations.

Table 1. Absolute masses of ammonium and nitrate (mg) in runoff collected in each of the troughs
after each simulated rainfall event, and rainfall depths (mm) applied to each subplot.

NH,* NOy Rainfall (mm)
Rainfall Event Rainfall Event Rainfall Event
Trough 1 2 3 1 2 3 1 2 3

la 79.39 0.46 0.38 2.46 1.27 1.96 235 43.1 45.4
1b 53.59 0.18 0.23 1.86 2.13 1.79
1c 7.87 0.24 1.04 0.18 2.08 9.07
1d 321.10 63.86 14.78 8.32 188.64 51.14
2a 13.28 0.38 0.34 3.46 0.76 2.30 39.2 45.4 40.0
2b 0.43 0.53 1.54 0.74 5.52 0
2c 47.44 1.05 0.42 3.71 33.74 0.80
2d 0.17 0.19 0.09 1.41 1.28 0
3a 0 0.75 0.34 3.28 0.74 1.54 53.3 62.7 92.4
3b 0 0.21 0.25 0.58 0.70 0.14
3c 0 0.02 0.06 0.64 0.13 0.15
3d 0 0.06 0.44 1.06 0.40 3.21
4a 0.11 0.47 0.13 1.73 8.57 0.87 65.0 78.3 69.7
4b 0.01 0.01 0.25 0.29 0 1.14
4c 0 0.07 0.26 1.24 1.18 4.46
4d 0 0.11 0.10 0.92 0.78 0.82

Estimated absolute masses of ammonium and nitrate removed in runoff are listed in Table 1. In runoff
collected downslope of the slurry-amended subplots, there is a close relationship (particularly after
the first simulated rainfall event) between absolute mass and runoff volume; indeed, in some cases the
ranking of troughs by masses removed bears little relation to that which would be expected in view of
the length of buffer strip travelled. These data are thus of little value for comparing the effectiveness of
buffer strips of different length. In runoff following subsequent rainfall events, the ranking of troughs
by absolute masses was different; this can be attributed to downslope redistribution of contaminants
already removed from the amended plots (see Diaz-Fierros et al., 1990). The absolute mass data for
runoff from the fertiliser-amended subplots suggest that there was some attenuation by the longer
bulffer strips, though such effects were by no means consistent.

Correlations between runoff percentages and absolute masses (for each contaminant, each simulated
rainfall event and each subplot type) were calculated. For runoff from slurry-amended plots, strong
positive correlations were observed in all cases. For runoff from fertiliser-amended plots, correlations
were strong for the first two rainfall events (between 0.994 and 0.920) but weak for the third (0.756 and
0.092). The strength of the correlations may be related a) to the extent to which runoff is able to
solubilise and transport the contaminants in question, and b) to the extent to which certain runoff
events provoked movement of contaminants within the buffer strip area. In this context, it is probably
particularly relevant that the contaminants were applied in solid form in the fertiliser, but in dissolved
form in the slurry.
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Percentage attenuation of contaminant concentrations (with respect to initial concentrations in slurry)
by buffer strips downslope of the slurry-amended plots in all cases exceeded 91% (except for nitrate
concentration in samples from trough 1c after rainfall events 2 and 3 — 69% and 43% respectively -;
these relatively high values are probably attributable to oxidation of ammonium). It should be stressed
that the slurry was applied only on a single occasion, but that leaching and transport occurred during
and after each rainfall event; despite this, these data clearly indicate an important attenuating effect.

Table 2. Ratios of absolute masses collected in each trough after each rainfall event to absolute
masses of nitrate and ammonium applied (to the whole of that plot).

Slurry-Amended Subplots

Plot-to-Trough Rainfall Event Rainfall Event Rainfall Event
Distance 1 2 3
NO; NH,* NO; NH, NO; NH,*
2m 0.0909 0.0667 0.0313 0.0006 0.0667 0.0005
4m 0.0400 0.0385 0.1250 0.0005 0.0278 0.0013
6 m 0.0625 0.0400 0.5000 0.0009 0.1667 0.0010
8m 0.1429 0.2500 3.3333 0.0455 0.7692 0.0106

In the case of the fertiliser-amended plots, the contaminants were not applied in dissolved form, and it
is therefore not possible to estimate percentage attenuation in the same way as for the slurry-amended
plots. The ratios of masses in runoff to masses applied are very high (Table 2), but this is not an
effective index of attenuation since masses collected in each trough after each rainfall event are being
compared with total masses applied to the whole plot. However, ammonium concentration was
consistently highest in runoff from the slurry-amended plot, whereas nitrate concentration was
highest in runoff from the fertiliser-amended plot only after the first rainfall event (despite the fact
that nitrate dose was much higher for the latter plot); this suggests that percentage attenuation of
contaminant levels in runoff from the fertiliser-amended plot was similar to that for the slurry-
amended plot.

CONCLUSIONS

Particularly after the first simulated rainfall event, runoff percentages for the slurry-amended plot
were considerably higher than for the fertiliser-amended plot, suggesting that slurry application led to
a temporary blockage of soil pores. Because of localised channel flow, some troughs collected a
disproportionately large amount of runoff.

Despite the much higher nitrate content of the inorganic fertiliser, both nitrate and ammonium levels
were consistently higher in runoff from the slurry-amended plot than in runoff from the fertiliser-
amended plot. The only major exception was after the first simulated rainfall event, when nitrate
levels were higher in runoff from the fertiliser-amended plot. These results indicate that the risk of
pollution events due to transport of ammonium and nitrate in runoff is higher after application of
slurry than after application of inorganic fertiliser. The data on ammonium and nitrate levels in runoff
collected downslope of the slurry-amended plot indicate that buffer strips are effective for reducing
levels of these contaminants, with percentage attenuations greater than 91% in all cases except for
nitrate after the second and third rainfall events. However, the percentage attenuation estimates
provide only a rough indication of real effectiveness, since the slurry was applied on a single occasion,
whereas leaching and dilution took place after each of the three simulated rainfall events. Strong
correlations were observed between runoff percentages and masses of contaminants in runoff.

The results of this study thus suggest that buffer strips are effective for reducing ammonium and
nitrate levels in runoff from slurry- or fertiliser-amended agricultural land. However, there can be no
guarantee that buffer strips will reduce the concentrations of such contaminants to acceptable levels,
particularly if localised channel flow occurs.
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Abstract

In many countries eutrophication of coastal waters has increased. Governmental
programmes and international agreements to counteract eutrophication have largely not
attained agreed goals (e. g. reduction by half of the anthropogenic nitrogen load on
Swedish coastal waters, to be carried out between 1985 and 1995). Important building
blocks in such programmes are improved removal of nitrogen in municipal treatment plants
and agricultural measures, e.g. use of cover crops or improved manure management.
Agricultural measures have shown efficient reductions of nitrogen leaching under
experimental conditions, but have so far not resulted in decreased nitrogen transport from
farmland.

In an interdisciplinary project in the Laholm Bay drainage basin (SE Kattegat) a package of
measures were identified to decrease nitrogen transport to the coast. One of these measures
did not decrease leaching or emissions, but increased removal during runoff, i.e. restoration
of ponds and wetlands. Budget studies in existing ponds/wetlands showed a relationship
between the areal nitrogen load and the areal nitrogen removal. Budget studies in full scale
restored ponds later verified this general view. Per area unit, increased nitrogen loading
implied increased nitrogen retention, but often decreased percent retention. In this project
ponds with depths 0.4-2.0 m and hydrological loads 0.14-5.2 m? m? day" were created. 150-
7000 kg N ha'yr'and 18-404 kg P ha'yr'was removed in ponds loaded by streams. A pond
receiving pre-treated municipal wastewater removed 8000 kg N ha'yr'and 590 kg P ha'yr.
The upper limit for N-removal is set by the hydrological conditions. Sedimentation of
organic material must be favoured in order to obtain adequate conditions for denitrification
at the sediment-water interface. In the long run, channelisation should be avoided by
appropriate management. High loaded ponds are cost efficient, as they reduce much
nitrogen in small created units, each with low costs.

Creation/restoration of ponds and wetlands has now become part of the Swedish agri-
environmental programme. One problem is, however, that ponds should be localised to
strategic sites in the catchments, rather than to sites pointed out by the farmers. An
inventory of possible sites for pond/wetland creation was made for the region, based upon
air photography, and the effects of pond/wetland constructions were computed in small
drainage areas.

To attain the agreed goal of a 50 percent reduction of the nitrogen transport in streams,
decreased agricultural leaching must be combined with extensive pond and wetland
construction.

INTRODUCTION

Degradation of wetlands

Construction of dams, channels and large scale drainage of both agricultural and forested land has
completely changed many water systems. In some areas in southern Sweden, the area of wetlands has
been decreased considerably (more than 90%) by drainage. The degradation of rivers, streams and
wetlands has become of increasing concern, not only to ecologists and limnologists but also to the
general public. However in recent years, water managers have become more aware of the natural
processes in watercourses which are vital for the long-term health of the environment.
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The condition of wetlands and riparian zones is closely linked to the development of agriculture and
forestry. Up to the 1970s, streams were channelised and deepened, and wet areas drained for
agricultural purposes (Fleischer et al ., 1987). In forested land, bogs and swamps were to a large extent
drained until the late 1980s (Fleischer & Stibe, 1989). Today, attitudes to drainage are more restrictive
at the official level, but drainage is also looked upon more sceptically by foresters and farmers.

Increasing nutrient loading

The SE Kattegat, a shallow estuarine area which connects the Baltic Sea with the Atlantic Ocean, has
had eutrophication problems due to nitrogen overloading since the 1970s. In the Laholm Bay drainage
basin, with about 12% arable land, agriculture is responsible for nearly half of the nitrogen load to
streams (Fleischer and Jonsson, 1992). The coastal plain is one of the most intensively farmed areas in
Sweden. There is a predominance of livestock farms, in an area which has mostly sandy soils which
are prone to nutrient leaching. The large losses of nitrogen to streams (40-50 kg N ha'is common)
along the coastal strip are aggravated by intensively cultivated arable fields, bare soils in winter, and a
relatively wet and mild climate.

In long term field studies, made within the catchment since 1984, Lindén et al. (1993) and Torstensson
et al. (1994), have shown the influence of manure application, ploughing time and an undersown catch
crop on N-mineralisation and leaching. The undersown catch crop (ryegrass) appeared to be the most
promising way to decrease nitrogen leaching from arable land. Perennial ryegrass, undersown in
spring cereals, decreased nitrogen leaching to one third in comparison with a bare soil in winter.

In 1986 an action programme was set up in order to reduce nutrient leaching from the drainage basin,
and from agriculture in particular. The measures, based mainly on the results above, included field
control and monitoring of manure storage, techniques for spreading of manure and fertilisers,
wintergreen crops and undersown catch crops, as well as treatment of sewage from urban and rural
areas. Special guidelines, extension services and state subsidies have been introduced to help farmers
avoid water pollution.

Despite this programme and considerable investments in improved sewage treatment, increased
manure storage capacity and the strict regulation of agricultural practices, there has been no decrease
in nutrient transport into the sea over this period. This may partly be explained by the milder and
wetter weather experienced during the winter months, and the increased contribution from forested
areas. Future strategies should involve targeting catchments where nitrogen losses are largest and
identifying sources within these catchments. The creation of wetlands in agricultural areas has also
been given a high priority. The present agri-environmental programme of the EU includes restoration
of wetlands (compensation US$ 685 ha' and per year). According to topographical studies it has been
estimated that up to 1,200 potential sites exist for the creation or restoration of wetlands in the County
of Halland (Wessling, 1991).

CREATION OF PONDS TO IMPROVE WATER QUALITY

An empirical relationship between the areal loading and retention of nitrogen (kg N.ha' yr') in ponds,
including both denitrification and accumulation in plant material and sediment, was compiled from
budget studies and literature (Fleischer and Stibe, 1991) and verified within the "Halmstad project”
(Fleischer et al., 1994), where ponds/wetlands with depths between 0.4 and 2.0 m were created. The
objective was to determine the loading limits and emissions of nitrogen gases, to improve our
understanding of the retention processes and present a prerequisite for cost effective water
management. The study was carried out within a programme facing the coastal water eutrophication
problem initially described, and showed that periods of retention were frequently followed by periods
of release of nitrogen. However the annual net retention was estimated at 73-7000 kg N ha” in the
created wetlands in agricultural streams and urban stormwater drains (Fleischer et al., 1994). About
8000 kg N ha'and per year was retained in a pond receiving pre-treated wastewater. Jacks et al. (1994)
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have shown that forest wetlands in southern Sweden, receiving a large nitrogen load, also act as
nitrogen traps. Considerable nitrogen retention occurs in a forest wetland where nitrogen load is
increased as a result of disturbances such as clear cutting and scarification, upslope.

Nitrogen

An increased N load per unit area caused an increased areal removal (retention) in the created ponds,
but a decreased percentage removal; the hypothesised dose/response relationship was verified by
Fleischer et al. (1994) and Fleischer (1995a). The capacity for retention is limited by extreme
hydrological loadings, which prevent sedimentation. Sedimentation creates a sediment rich in organic
material, which is a pre-requisite for denitrification. On the other hand, too large an accumulation of
organic material in a stagnant pond may result in conditions too reduced for optimal denitrification
(Fleischer, 1995b).

Measurements of retention capacity also made it possible to estimate marginal costs for N reductions.
Despite the large cost of creating the Mollegdrd pond (US$ 85000 for 1.3 ha), because of the use of
excavators, the marginal cost became very low, as a result of the large areal N retention in the pond.
The calculations considered investment (an interest rate of 10% was assumed), opportunity and
maintenance costs, but not inflation (Fleischer et al. 1994). The minimum and maximum length of life
was also estimated, and therefore the marginal cost for each pond varied within a range. The results
are summarised in Fig. 1.

Figure 1. Nitrogen load/removal and marginal costs ($ per kg N) in six created ponds (Stj, LB
and M6 = runoff from agricultural land, V1 and V2 = urban stormwater, Sl = treated
wastewater) and two reference ponds (TJ1 and TJ 2). In the lower part of the figure the
hydrological load (left axis) and percent removal (right axis) are shown. Results from a 12-
month budget study in SW Sweden.
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The efficiency of ponds/wetlands at removing nitrogen during wintertime is sometimes questioned,
because biological retention processes (assimilation, denitrification) are slow at low temperatures.
However, as a result of the large areal N load during wintertime, areal N removal is at the same level
as during summer, when nitrogen removal sometimes is limited by the small N input (Fig. 2).

Figure 2. Annual and summer nitrogen removal in two lakes, one wetland and one village
pond studied during the same time period.
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Phosphorus

Phosphorus removal was also studied in the created ponds by means of budget calculations. The
results varied widely, and no clear-cut relationship between P and N retention was found (Pansar and
Stibe, in print). This is logical when considered against the different types of P removal processes in
the limnic environment (Bostrom et al., 1988). A large annual total-P removal (1200 kg ha’ initially,
decreasing to 590, mean = 780) occurred in municipal wastewater, pre-treated by 8 hours aeration
(Pansar et al., 1996). This activated sludge pre-treatment, which fulfilled the environmental demands
for a local wastewater outlet from a village, also converted nitrogen to a form available for
denitrification (nitrate) and, at the same time, created conditions for efficient P removal.

Large P losses to downstream waters occurred from one pond receiving municipal stormwater (V1 in
Fig. 3). The average hydrological load was rather low in this shallow pond (0.30 m* m? day”), but
increased incidentally during storm events, causing erosion losses of P. P losses also resulted from the
large bird populations in this pond (Pansar and Stibe, in print). The birds were fed by people living in
the surrounding area, a P input that was difficult to estimate. The birds also contributed to more
reduced conditions at the sediment surface, with decreased capacity for P removal as a result.

Despite the almost three times larger hydrological load in the agricultural pond (LB in Fig. 3), this
pond showed efficient P removal. This was largely due to sedimentation during periods of high
discharge carrying large amounts of particulate P, and also occurred in other ponds (Pansar and Stibe,
in print). Conversely, during periods of low discharge and low transport of particulates, areal P
removal was less effective. This is probably an effect of decreasing redox potential at the
sediment/water interface as a result of stagnant water. Conditions which are too reduced are
apparently unfavourable for both N and P removal.
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Figure 3. Phosphorus load/removal, hydrological load and percent removal in the same
ponds (except Stj) and during the same period as in fig. 1.
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THE POTENTIAL ROLE OF PONDS IN WATER MANAGEMENT:

CASE STUDIES

N and P have been deposited in sediments since the last glaciation. This deposition occurs together
with organic material and does not result in “nutrient saturation”. In addition, NO; is also converted
to N, in sediments as a result of denitrification. Release of N,O is not a problem, as this greenhouse gas
is produced predominantly in the catchment soils (Fleischer et al., 1994, Fleischer and Pansar, in print).
Therefore, in the long term, water bodies are nutrient sinks, and the same removal processes are the
basis for use of ponds and wetlands in water management. Even if some CH, is produced in the
wetlands, their overall role seems to be positive, as the net effect of buffer zones is decreased, coastal
eutrophication with less heterotrophic conditions (Smith and Mackenzie, 1987) and thus, decreased
release of greenhouse gases from the sea.

However strong, the nitrogen load/retention relationship should not be used to predict nitrogen
retention in single ponds or wetlands, but merely as a tool to estimate the results of large scale
wetland creation or restoration. The potential of ponds was earlier demonstrated for the River
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Genevadsén drainage basin, SW Sweden (Stibe, 1991, Fleischer and Stibe, 1994), where a 60-65 ton
reduction (20%) of the nitrogen transported was calculated. This study also confirmed our hypotheses
regarding ponds and wetlands as a cost effective complement to traditional measures for nitrogen
reduction.

In a new project describing and quantifying the environmental improvements that can be established
on a voluntary basis, through the adjustment of the agricultural practices, the potential of ponds has
been analysed. The studied drainage area of River Nyrebédcken covers 51 km? and is dominated by
agricultural land (70%). A large part of the agricultural area is tile drained and many former streams
are today converted to culverts. The present nitrogen transport amounts to approximately 90 tons per
year. Average nitrogen losses from arable land are estimated at 25 kg ha™ as an average for the total
area.

An inventory in the River Nyrebdcken drainage area, based on aerial photography, identified 11
potential wetlands or ponds which could be created by damming (Wessling, 1991). In several of these
wetlands, nitrogen retention would probably be limited by too large a hydrological load, and some are
situated in very small tributaries where nitrogen retention would have only marginal effect compared
to the total river transport. However, in the lower part of the river, three potential ponds in a series
were identified. By extended damming, a large wetland of approximately 10 hectares could be created,
with a relatively low hydrological load, and sufficient turn over.

In addition, many existing village ponds (resulting from farmers digging for marl in the 19th century)
could also be used. Typically these ponds are isolated, with neither inlet nor outlet. Leading the
culverted ditches to these ponds would also decrease the agricultural nitrogen losses to the main river.

Assuming that 50 of the total 100 marl ponds are used, and that the runoff from half the agricultural
area is distributed to these ponds, a total nitrogen removal of 12 tons could be achieved according to
the load/retention relationship. In combination with the 10 ha in-stream wetland, nitrogen transport
in the stream is predicted to decrease by a total of 33 tons (36%).

CONCLUSION

As a part of a catchment based action programme to improve water quality, nutrient retention ponds
apparently constitute an attractive option. The marginal costs of nitrogen and phosphorus retention in
created ponds are low, which should be considered in water management programmes. Both
measures to decrease nitrogen leaching and to increase nitrogen removal are necessary in many areas.
In most created ponds and wetlands phosphorus removal and increased biodiversity are additional
benefits.
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Abstract

Two differently loaded riparian buffers including wet meadows (Filipendula ulmaria-
Aegopodium podagraria — Cirsium oleraceum — Urtica dioica) and grey alder (Alnus incana)
stands were investigated. The main inputs and outputs (atmospheric deposition, input
and output in surface and subsurface flow, nitrogen fixation and denitrification) and
accumulation of N and P in plant biomass, litter and soil were estimated. A 31 m wide buffer
zone of wet meadow and grey alder forest removed 67% nitrogen and 81% phosphorus,
while in a 51 m buffer zone, also containing a grassland strip in addition to wet meadow
and alder forest, 96% N and 97% P was retained. In the riparian buffers studied, an effective
retention of nutrients (34-186 kg N ha' yr' and 1.6-6.0 kg P ha' yr') was observed even with
very high input loads (276.3 and 12.8 kg ha" yr" of N and P, respectively).

INTRODUCTION

Riparian wet meadows and forests have been identified as important buffers for water bodies
(Lowrance et al., 1984; Peterjohn and Correll, 1984; Haycock and Pinay, 1993; Vought et al., 1994). Most
research only considers inputs and outputs, but among the internal processes of riparian ecosystems
relevant to nutrient retention, denitrification has been investigated most intensively (Groffmann et al.,
1991; Lowrance, 1992; Weller et al., 1994; Pinay et al., 1993). Only a few studies deal with plant uptake
and soil accumulation within riparian forests (Peterjohn and Correll, 1984; Lowrance et al., 1984) and
wet meadows (Leonardson ef al., 1994). The aim of this paper is to analyse the most important nutrient
fluxes and pools in complex riparian buffer zones to explain their transformation and removal
efficiency in differently loaded areas.

SITE DESCRIPTION

Two different riparian buffers including wet meadows and grey alder stands were selected in Estonia:
one in the unpolluted Porijdgi River catchment (for area description see Mander et al., 1995), the other,
in the vicinity of the Viiratsi pig farm (32,000 pigs), Viljandi County. The physio-geographical
conditions of the Viiratsi study site are similar to those of the Porijogi River catchment. In both areas,
transects in thalwegs were established along a topo-edaphic gradient in autumn 1993 (Fig. 1). In the
Porijogi test site the following series of riparian buffer communities, in the downhill direction, was
analysed: abandoned (formerly cultivated) grassland (serves as source community) — buffer 1; wet
meadow (dominated by Filipendula ulmaria, Aegopodium podagraria, Cirsium oleraceum, and Urtica
dioica), 11 m — buffer 2; grey alder stand (14 yr), 20 m. In the heavily polluted Viiratsi test site the
transect was established through the following communities: arable land (fertilised by pig slurry;
serves as source community) — buffer 1; eutrophic grassland strip (Elytrigia repens, Urtica dioica) with a
young grey alder stand, 11 m — buffer 2; wet meadow pattern (Filipendula ulmaria), 12 m — buffer 3;
grey alder forest (40 yr), 28 m. In the landscape profiles piezometers (3 rows in the Porijogi transect
and 4 rows in the Viiratsi site, with 3 replicates in each row) and study plots were established on the
boundaries between plant communities. The main nitrogen (N) and phosphorus (P) cycles and
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budgets have been assessed. This paper presents the main inputs and outputs (atmospheric
deposition, input and output in surface and subsurface flow, nitrogen fixation and denitrification) as
well as accumulation in plant biomass, litter and soil from July 1994 to July 1995.

Figure 1. Schemes of test sites: A — Porijogi (less polluted), B — Viiratsi (heavily polluted).
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MATERIAL AND METHODS

Productivity and uptake estimation

Dimension-analysis techniques (Bormann and Gordon, 1984; Rytter, 1989; Huss-Danell and Ohlsson,
1992) were used to estimate the above-ground biomass and productivity of grey alder forests. At both
test sites (age 14 and 40 years) 17 and 5 model trees per plot, respectively, were felled to collect data on
the following tree components: stem (wood and bark), secondary branch growth (wood and bark),
primary branch growth, leaves, generative organs. The relative increments of the wood and bark of an
overbark fraction were assumed to be equal. Root systems for 6 and 3 out of the sampled 17 and 5
trees respectively were excavated and divided into five fractions; stump, coarse roots: d = 20 mm,
5mm < d <20 mm, 2 mm < d <5 mm and fine roots (d <2 mm). Nodule mass (kg ha') was estimated
separately in June and July 1995. To estimate the below-ground production, the shoot/root ratios for
tree biomass and production were assumed to be equal.

All tree components were analysed for N, P, energy and ash contents. Tree components have been
estimated using the regression equation:

Iny=a+bIndbh (1)

where y is the oven-dry mass of tree component (kg) and dbh — diameter at breast height (cm); all
equations had very high correlation coefficients and significance (p< 0.0001 in all cases; Table 1).

Table 1. Parameters of regression equations (1) used in dimension analysis for estimating
the mass of tree compartments (kg); r* — coefficient of determination, s.e.e. — standard error
of estimate.

Age (years) Tree compartment a b r? s.e.e.
overbark (kg)

14 (Porijogi) Stem -2.492 2.399 0.992 0.07
Branches -6.064 3.123 0.925 0.31

40 (Viiratsi) Stem -2.406 2.354 0.984 0.14
Branches -3.891 2.353 0.947 0.33

The phytomass (i.e., standing crop) samples were collected during the maximum flowering time of the
dominant plant species (2nd and 3rd week in July; see Milner and Hughes, 1968) from all riparian
plant communities. Sampling plots (six in Porijogi and three in Viiratsi), for analysing plant cover and
phytomass, were installed in typical areas of the community. Two typical patches within the wet
meadow community (dominated by Aegopodium podagraria and Filipendula ulmaria) in the Porijogi
transect were analysed (see Balsberg, 1982). Above-ground biomass was collected from three replicate
quadrats (1x1 m) in each community. Below-ground root biomass was collected from soil cores taken
by auger (diameter 158 mm) from the depth of up to 40-50 cm in three replicates from each location.

Field experiments and laboratory analysis

Water samples were collected and groundwater depth measured once or twice a month by
piezometers. Filtered soil water samples were analysed for NHs-N, NO>-N, NOs-N, total Kjeldahl
nitrogen (TKN), POs-P, total Kjeldahl phosphorus (TKP), SO, Fe, Ca (APHA, 1989). Soil bulk density,
texture class and field capacity were determined for each 20 cm of soil profile (up to 1.5 m depth).
Hydraulic conductivity was estimated by using tracer (chloride) and pumping experiments (Freeze
and Cherry, 1979). Groundwater discharge was estimated on the basis of both Darcy’s law and by
gauging with weirs installed in groundwater seeping sites. TKN and TKP of plant samples were
estimated.

The acetylene method was used to measure the N fixation rate in soil (Groffmann and Tiedje, 1989). To
assess the denitrification rate acetylene as a nitrous oxide reduction inhibitor was used (Yoshinari
et al., 1977).
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RESULTS AND DISCUSSION

Nitrogen and phosphorus budgets in differently loaded buffer zones

Nitrogen

Despite the significantly higher N loading in the Viiratsi riparian buffer zone relative to the Porijogi
complex (0.4-4.3 and 2.0-62.1 mg N 17, respectively) the output concentrations were comparable
(0.4-2.1 and 0.5-3.0 mg N I"). Atmospheric N deposition in Porijogi and Viiratsi was estimated to be 6.1
and 6.3 kg N ha' yr?, respectively. Extremely high TKN contents in the Viiratsi soil water (56.1 and
62.1 mg 1') reflect pig slurry application in the adjacent field in July and August 1994. Intensive
fertilisation over many years has compacted the soil and disturbed the microfauna. Therefore the N
concentration in soil water under the arable land has always been high. In the Porijogi catchment, by
contrast, the N input has decreased during the last three years since agricultural activities in the
upland field ceased. The high buffering capacity in the Viiratsi study (Table 3) is the result of: (1) the
large accumulation of organic nitrogen in the soil, (2) the relatively high plant uptake, (3) the relatively
high denitrification value, (4) the relatively low N fixation. Fluxes (2)-(4) were generally smaller than
those in the Porijogi test site (Table 2).

Table 2. Main fluxes and pools of nitrogen and phosphorus in the heavily polluted test site at
Viiratsi (kg ha'l yr?).

Fluxes and pools Grassland Wet meadow Alder forest
N P N P N P

Precipitation 6.3 3.1 6.3 3.1 6.7 1.0

Nitrogen fixation 5.5 0.8 21.0

Input surface flow and  264.5 9.7 79.0 3.7 45.2 2.0
subsurface flow

Accumulation in plant ~ 165.0 45.0 352.0 38.0 140.2 10.8
biomass

Litter *78.2 *21.9 *201.8 *17.9 87.0 4.0

Denitrification 20.1 10.2 7.9

Output surface flow and 79.0 3.7 45.2 2.0 9.0 0.4
subsurface flow

Active soil exchange 90.2 -14.0 -119.5 -15.3 2.8 -4.2

Soil store (kg ha?) 11.2 2.7 17.3 14 20.6 2.1

* above-ground litter, estimated values

Denitrification within the grey alder forest was 12-21 ug N m? hr' at Porijogi and 3-14 ug N m? hr” in
Viiratsi. Nevertheless, in adjacent wet meadow and abandoned grassland upslope from the forest in
Porijogi, the rate was higher (4-57 and 5-41 ug N m? hr?, respectively). The main characteristics in
denitrification intensity are comparable with other investigations:

(a) most denitrifying activity was observed in spring and late summer (Struwe and Kjeller, 1990;
Weller et al., 1994)

(b) denitrification was faster in the upper part of the complex buffer zone (upslope from the alder
forest; see also Duff and Triska, 1990; Pinay et al., 1993; Weller et al., 1994)

Characteristic (b) is due to significantly higher nitrate concentrations in soil water upslope. Struwe
and Kjoller (1991) have found up to 100 times more denitrifying activity in slurry incubations than in
black alder forest in the field.

Nitrogen uptake by grey alders is high at both sites. In Viiratsi the summary uptake is about 30% less
than in Porijogi, i.e. 140.2 and 204.8 kg N ha’ yr", respectively (Tables 2 and 3). The forest stand in
Viiratsi is less dense and older than that in Porijogi (1810 trees ha' by average age of 40 yr and 6110
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trees ha' by 14 yr, respectively). In addition, only a portion of trees are grey alders; in Viiratsi 77% and
in Porijogi 86%. The N allocation in alder production indicates that most of the N accumulates in
leaves (88.5 kg N ha' yr' in Viiratsi and 85.8 kg N ha" yr' in Porijogi, in percentages of the total N
uptake: 63% and 42%, respectively). We measured a relatively large amount of N in the bark of stems
and branches (8.5 kg N ha' yr' in Viiratsi and 23.1 kg N ha" yr' in Porijogi). Because the growth of
trees in older stands is less than that in younger stands, the N uptake by stems and branches of old
trees is lower than that of younger trees. Moreover, the annual N uptake stored in root production
decreases in older stands. Due to slow retranslocation into senescing leaves in autumn (8% in Viiratsi
and 14% in Porijogi), most N is accumulated in leaf litter, half of which mineralises during the next
season. Thus, a realistic N removal rate by tree uptake is about 40-50 kg less than the total annual
uptake.

Atmospheric N> fixation in the alder stand in Viiratsi was significantly less than that in Porijogi (i.e.,
0.2-2.8 and 0.6-15 ug N m? hr”, respectively) with a maximum in July. The highest N> fixation values
(up to 21.3 ug N m? hr' in Porijogi and 17.9 ug N m? hr' in Viiratsi) were observed within wet
meadows and grassland communities; most fixation was observed in May. The smaller N> fixation in
Viiratsi is due to predominating N assimilation over N fixation while high concentrations of mineral
N are present in the root (see Troelstra et al., 1992). However, our investigations show that N fixation
plays a less significant role in the total N budget in both study plots.

The active soil exchange (ASE) is calculated as follows (Tables 2 and 3):
ASE = Input — Output — Accumulation in plant biomass + Litter ()

Except for the alder stand in Viiratsi, the active soil exchange of N for riparian communities was
negative. Therefore, plant uptake exceeded the accumulation in soil during the study period. In
comparison with the soil store of N in different communities (8-19 t ha' in Porijogi and 11-21 t ha' in
Viiratsi; Tables 2 and 3) the plant uptake and all other fluxes are small. Thus, the buffering capacity of
colluvial soils with a deep humus layer, typical of riparian soils of agricultural areas, is the key factor
in nutrient retention in studied buffer zones.

Table 3. Main fluxes and pools of nitrogen and phosphorus in the less polluted test site at
Porijogi (kg ha* yr?).

Fluxes and pools Wet meadow Alder forest
N P N P
Precipitation 6.1 3.9 6.4 0.7
Nitrogen fixation 6.5 36.0
Input surface flow and 40.0 25 25.6 1.8
subsurface flow
Accumulation in plant 223.0 27.0 204.8 151
biomass
Litter *125.4 *12.7 82.0 4.0
Denitrification 19.3 8.5
Output surface flow and  25.6 1.8 13.2 0.6
subsurface flow
Active soil exchange -89.9 -9.7 -76.5 -9.2
Soil store (kg ha*) 7.9 1.9 19.2 19.6

* above-ground litter

Phosphorus

The P output concentration from the intensively loaded Viiratsi site is not significantly higher than that
in Porijogi, varying from 0.2 to 0.55 mg P 1" and 0.08 to 0.65 mg P 1, respectively. Nevertheless, the
input P values at the border of the arable land and the eutrophic Elytrigia repens — grassland in Viiratsi
are significantly higher than those on the border of the Filipendula-Aegopodium wet meadow and the
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alder forest in Porijogi, being 0.6-7.09 and 0.42-1.05 mg P 1", respectively. The high P concentrations at
Viiratsi are caused by slurry applications to the adjacent field upslope. The high rate of P retention in
the Viiratsi site can be explained by: (1) uptake by alders and (2) accumulation in the soil.

In Viiratsi, the total P uptake is about 28% less than that in Porijogi: 10.8 and 15.1 kg P ha" yr* (Tables 3
and 2). In the older stand, half the assimilated P is utilised in leaves; in the younger stand one third.
The P retranslocation from senescing leaves in autumn is significantly higher than that for N, being
about 60% in both stands. The active soil exchange of P in all buffer zones was negative, i.e., the plant
uptake in all communities exceeded the annual accumulation in soil, as for N. However, considering
the large soil store of P (1.9-2.0 t ha™ in Porijogi and 1.4-2.7 t ha™ in Viiratsi; Tables 2 and 3), we suggest
that in the long-term most retained P is accumulated in the soil.

In the long-term, this very high loading cannot be balanced by Fe, Al and Ca phosphate precipitation.
This is, seemingly, the key process in P retention in Viiratsi. Also, some investigations suggest that
permanently high N concentration in soils can cause P leaching (Andrusch et al., 1992). On the other
hand, our earlier investigations demonstrate that riparian alder forests are effective buffers for P
(Mander et al., 1995). Even in riparian wetlands P can be retained due to micro-scale oxygenation
variability within the wetland and, probably, due to phosphorus inactivation by nitrate (see Ripl, 1982).

Our results suggest it is important to harvest older Alnus incana stands (>20 yr) earlier, due to their
decreasing uptake and productivity with age.
Remowal efficiency of nitrogen and phosphorus in buffer zones

Removal efficiency E (%) of N and P in riparian communities was estimated as:

E =100% * (QinCin— QoutCout)/ (QinCin) (3)

where Qin and Qout = inflow and outflow values (m® d"), respectively; Cin and Cout = concentration
values (mg 1), respectively.

The retention capacity R (kg ha' yr') was calculated as follows:

R = Z(QinCin = QoutCout) / A (4)

where Z(QinCin — QoutCout) is the annual retention and A is the area of the buffer zone.

The specific removal (% m") is defined as the removal efficiency per unit width of a buffer zone. This

characteristic is useful for planning and establishing buffer communities.

Table 4. Removal efficiency (%), specific removal (% m™) and retention (kg ha™ yr*) of
nitrogen and phosphorus in test sites.

Grassland Wet meadow Alder forest Whole complex
N P N P N P N P
Porijdgi (less polluted)
Removal efficiency (%) 36 28 48 67 67 81
Specific removal (% m™) 3.3 2.5 2.4 3.4 2.2 2.6
Retention (kg ha™ yr?) 14.4 0.7 12.4 1.2 13.1 1
Viiratsi (heavily polluted)
Removal efficiency (%) 70 62 43 46 80 80 97 96
Specific removal (% m?*) 6.4 5.6 3.6 3.8 2.9 2.9 1.9 1.9
Retention (kg ha*yr?) 185.5 6 33.8 1.7 36.2 1.6 56.7 2.2

The buffers investigated showed high removal efficiency and retention values (Table 4). The specific
removal of N was decreased downslope which coincides with the edge effect reported in earlier
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papers (Knauer and Mander, 1989). According to values presented in Table 4, the 50-60 m wide
complex buffer zone is able to retain and transform most of nitrogen and phosphorus entering the
buffer.

CONCLUSIONS

(1) Riparian wet meadows and grey alder forests (Alnus incana stands) are effective buffers on stream
banks and lake shores, even with very high input loads (276.3 and 12.8 kg ha' yr' of N and P,
respectively).

(2) Both N and P retention in more complex sequential buffer zones consisting of different biotopes
was higher than in simple sequential buffer zones of fewer biotopes: e.¢. a 31 m wide buffer zone
of wet meadow and grey alder forest removed 67% N and 81% P, within the 51 m buffer zone of
grassland strip, wet meadow and alder forest 96% N and 97% P was retained.

(3) Grey alder stands provide potential as wood for fuel. From the point of view of both productivity
and nutrient retention, the optimal age to harvest is 12-15 years.
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Abstract

Riverine wetlands consist of interacting biological and physical components that
substantially alter biogeochemical fluxes. As in other aquatic ecosystems, waterborne
material fluxes are a major nutrient source to riverine wetlands, but as in terrestrial
ecosystems, biota play a significant role in controlling nutrient retention. Waterborne
materials that enter a riverine wetland may be stored, altered by chemical or biological
action, or discharged via water or atmospheric fluxes. Sedimentation and denitrification are
important processes controlling P and N retention and release by wetlands.

Riverine wetlands are bi-directional buffers: they buffer the effects of surface water runoff
on rivers and they buffer the effects of river flooding on adjacent uplands. These effects vary
temporally due to seasonal variation in water flow. Water fluxes and fluctuations greatly
influence the timing and duration of contact between waterborne nutrients and the
ecosystem components that process those nutrients. Riverine wetlands are spatially variable
because the dynamic movement of water alters their sediment and vegetation distribution.
The spatial variability of riverine wetlands, combined with the spatial and temporal
variation of water delivery to them, determines the ability of riverine wetlands to function
as metabolic gateways of nutrient and sediment loading to recipient waters.

Wetland position within catchments is one of the most important determinants of stream
water quality. Riverine wetlands are favourably positioned to receive non-point source
pollutants from upstream urban and agricultural sources. However, this location also places
riverine wetlands at risk from urban development, water control structures and excessive
pollutant inputs.

INTRODUCTION

Riverine wetlands are fresh to brackish water ecosystems that occur within, and adjacent to, rivers,
such that river water is a major hydrologic source for at least a portion of each year. Although riparian
forests and some wet grassland meadows occur in similar landscape locations as do riverine wetlands,
and may receive river water inputs of short duration during extreme flood events, the flow of surface
water in those ecosystems is generally uni-directional from upland to river rather than from river to
wetland. Riverine wetlands typically occur in the floodplains of major rivers, but flat terrain riverine
wetlands can occur along smaller rivers and streams. This definition of riverine wetland differs from
that used in the US wetland classification, in which riverine wetlands are restricted to non-persistent
emergent and submergent aquatic beds that occur within river channels (Cowardin et al., 1979).

Some of the world’s greatest wetlands are riverine (Table 1). Large wetlands often occur at the mouths
of major rivers, typically grading from fresh to brackish water systems at the coast. Extensive wetlands
also occur in the floodplains of large rivers, such as the Mississippi and the Amazon, and in large
sedimentary basins traversed by rivers, such as The Llanos in Columbia.

Buffer Zones: Their Processes and Potential in Water Protection. Edited by N.E. Haycock, T.P. Burt, 155
K.W.T. Goulding and G. Pinay. ISBN 0 9530051 0 0 © 1997 Quest Environmental.
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Table 1. Major riverine wetland systems of the world
(Sources: Thompson, 1976; Alho et al., 1988; Pinay et al., 1990; Bravard et al., 1992;

Vasquez and Wilbert, 1992; Walker, 1992; Dynesius and Nilsson, 1994; Finlayson and Volz,
1994; Healey, 1994; Heliotis et al., 1994; Jensen, 1994; Joly, 1994; Khamphet, 1994; Mitsch
et al., 1994; Thaosuwan and Thanakorn, 1994; Xuan, 1994).

Country

River

Type

Human Alteration

Argentina, Brazil,
Paraguay, Uruguay
Australia
Bangladesh, India
Botswana

Brazil

Canada

China

Colombia, Venezuela

Egypt
France

Italy
Netherlands, Germany

Pakistan
Romania, Ukraine

Russia

Spain
USA

Thailand, Laos,
Cambodia, Vietnam

Parana-Paraguay

(The Panatal)

Murray-Darling

Ganges

Okavango

Amazon

Frasier

Nelson

St. Lawrence

Peace-Athabasca-
Mckenzie

Changjiang (Yangtze)

Zhujiang (Pearl)

Liaohe

Huang He (Yellow)

Orinoco (The Llanos)

Nile

Rhone

Garonne

Po

Rhine

Indus
Danube

Lena

Ob

Volga

Yenisey

Ebro

Atlantic Coastal Plain
rivers

Gulf Coast rivers

Mississippi

Yukon

Mekong

floodplain, delta

basin
delta
basin
floodplain
delta
basin
floodplain

floodplain, delta
delta

delta

delta

floodplain
basin, delta
floodplain, delta
floodplain, delta
floodplain
floodplain
floodplain, delta

delta
delta

floodplain, delta
floodplain

delta

floodplain

delta

floodplain
floodplain
floodplain, delta
floodplain
floodplain, delta

dams, deforestation

dams, agriculture
agriculture, urbanisation
deforestation
deforestation

dykes

dams

dams

rice paddies, fish ponds

rice paddies, fish ponds

rice paddies, fish ponds

agriculture

cattle ranching

dams, agriculture

dams, dykes

dams, agriculture

dykes

polders, agriculture,
pollution

agriculture, urbanisation

reed harvesting,
agriculture

dams

dams, pollution
dams

dams, rice paddies

agriculture
agriculture
agriculture, subsidence

dams, devegetation,
agriculture

Riverine wetlands are bi-directional buffers: they buffer the effects of surface water runoff on rivers,
and they buffer the effects of river flooding on adjacent uplands. These effects vary temporally due to
seasonal variation in water flow, and on shorter timescales due to seiches, tides or storm events. Water
fluxes and fluctuations greatly influence the timing and duration of contact between waterborne
nutrients and the ecosystem components that process those nutrients, determining a wetland’s ability
to function as a metabolic gateway of nutrient loading to recipient waters (Wetzel, 1990).

Riverine wetlands are spatially variable because the dynamic movement of water alters their sediment
and vegetation distribution. The spatial variability of riverine wetlands, combined with the spatial and
temporal variation of water delivery to them, influences their potential for water protection.
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RIVERINE WETLAND GEOMORPHOLOGY

The geomorphology of riverine wetlands plays an important role in their maintenance and
functioning. Unlike buffer zones in more terrestrial settings, the fluvial forces of erosion and sediment
reworking alter the structure of natural riverine wetlands over geologically rapid (hours to centuries)
timescales.

River channels

River channels are of three main types: braided, meandering and anastomosing (Salo, 1990). Braided
channels are characterised by a network of constantly shifting, low sinuosity water courses and are
predominantly found in rivers of arid and semi-arid climates, along mountain forelands and along
the outwash plains of ice caps and glaciers. Although small wetlands can form in inactive portions
of braided channels, the riparian zones adjacent to braided channels are generally not wetlands
(NRC 1995). Meandering channels occur along low gradient rivers in humid environments and are
characterised by a helicoidal flow, a coiling type of water movement that results in erosion of the
concave outer bank and deposition along the convex inner bank. Meandering is the result of a river’s
adjustment to its environment in order to carry its load most efficiently and tends to follow certain
mathematical rules with regard to meander wavelength, meander amplitude, stream flow volume,
stream flow velocity, channel width, channel depth, floodplain slope and river gradient. Meandering
rivers have a single primary channel, high suspended load to bedload ratio, cohesive bank material
and relatively steady discharge (Reineck and Singh, 1980). Anastomosing channels are characterised by
multiple channels that separate and reconnect and occur in large rivers like the Amazon which show
a lack of channel competition along their middle and lower reaches (Salo, 1990). This channel form
results from a strong flood regime and a dominance of suspended sediments over bedload sediments
(Reineck and Singh, 1980).

River floodplains

Floodplains are sedimentary environments, of net deposition, associated with river flooding, created
by the processes of stream meandering and overbank flooding (Salo, 1990, Costa et al., 1995). As water
flows around a river bend, the current velocity increases on the outer edge of the curve, leading to
erosion, and decreases on the inner edge, leading to the deposition of a point bar. The lateral and
downslope migration of meanders results in the development of meander scrolls, in which point bar
ridges alternate with low-lying sloughs or swales (Morisawa, 1985). When the migrating river channel
cuts the meander from a different angle, a new meander loop may start to form near the old one.
As the radius of a new meander loop becomes larger, the old meander may become cut off and
abandoned, forming an oxbow or cutoff lake.

When streams and rivers overflow their banks, sediment is deposited adjacent to the stream channel
as a natural levée. Sediment size decreases as current velocity slows with increasing distance from the
channel (Salo, 1990). Levées separate the channel from low-lying backwater areas.

Historical maps and aerial photos can be used to document natural channel migration over time
(Braga and Gervasoni, 1983, Johnston et al., 1992). This can provide insights into past events that have
influenced the present characteristics of riverine wetland soils and vegetation. For example, a map of
wetland soils along the East Branch Stream draining into White Clay Lake in northern Wisconsin, USA
showed that the location of alluvial soils (Fig. 1a) was anomalous with stream location. However,
inspection of historical aerial photos revealed that the contemporary stream outlet had recently
migrated to a new location 40 m south of its position for the previous 30 yrs (Fig. 1b), indicating that
soil characteristics associated with levée deposition merely lagged behind stream relocation. Historical
maps and aerial photos are more commonly used to document artificial channel alteration, such as the
channelisation of rivers to prevent meandering (Shiffer, 1973; Sedell and Frogatt, 1984; Fortuné, 1988;
Pinay et al., 1990).
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Figure 1a . Wetlands bordering the East Branch Stream (second-order) in Cecil, Wisconsin,

USA: Soil types described by Johnston et al. (1994a). Fluvaquents = alluvial soils,
Borosaprists = organic soils, Haplaguents = wet mineral soils. The dashed line shows the

contemporary stream channel and the shaded areas are post-glacial beach ridges.
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Figure 1b . Wetlands bordering the East Branch Stream (second-order) in Cecil, Wisconsin,
USA: Historical stream channel location, determined from aerial photography (after Johnston

et al., 1984b).
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Some of the largest riverine wetlands occur where rivers flow through flatlands formed by other
geomorphic processes. Fluvial forces play a smaller role in the genesis of the river floodplain, but river
flooding is the major water source to the wetland. Examples include The Llanos in Columbia, where
the Orinoco River flows through a sedimentary basin and the Red-Saskatchewan-Nelson River system
in Canada, which flows across former glacial lake beds and the Hudson Bay lowlands. In the eastern
US, extensive bottomland hardwood forests and cypress swamps line the rivers that drain the
Piedmont and flow across the Coastal Plain to the Atlantic Ocean: the Roanoke, Chowan, Little Pee
Dee, Great Pee Dee, Lynches, Black, Santee, Congaree, Altamaha, Cooper, Edisto, Combahee,
Coosawhatchie and the Savannah (Mitsch and Gosselink, 1993).

Deltas

Deltas are formed where rivers flow into lakes or oceans, depositing their sediment load as a
consequence of decreasing water velocity. Fan-shaped arcuate deltas, such as the Nile Delta, have
multiple, shifting distributary channels. Branching birdfoot deltas, such as the Mississippi delta, form
where rivers carrying a large load of suspended sediment flow within a relatively stable distributory,
confined by natural levées.

Deltas are associated with some of the world’s largest wetlands (Table 1). Deltas contain a combination
of salt water, brackish and freshwater wetlands, depending on the relative inputs of ocean and river
water. Due to their strategic location at the coastal intersection of major rivers, most deltas are the sites
of major cities and have been extensively altered by man. Conversion of the Rhine River Delta to
cultivation and urbanisation in The Netherlands, for example, is legendary.

RIVERINE WETLAND SOILS

Sedimentation is an important process in the formation of riverine wetland soils. Measured
sedimentation rates range from 0 to 7840 g m? year' for various US riverine wetlands (Table 2).
Sedimentation rates can be highly variable even within a riverine wetland, as illustrated by a study by
Kadlec and Robbins (1984). Within Pentwater Marsh in northern Michigan, USA, mass accumulation
was 4700 g m? year” on the inside of a channel bend, but only 50 g m? year" on the outside of the bend.

Because river floodplains span a range of such sedimentary environments, their soil characteristics
occur in a predictable sequence based on current and historical patterns of fluvial geomorphology.
Coarse sands and gravels occur where fast-moving channel waters have washed away fine particles,
whereas finer sediments are deposited in backwater areas and portions of the floodplain distant from
the main channel.

Differences in soil nutrient content accompany variation in soil particle size distribution. Alluvial
wetland soils along the East Branch Stream (Fig. 1a) exhibited decreasing phosphorus content as their
sand content increased (Table 3). Nitrogen concentrations tended to decrease with increasing sand
content, but were also affected by soil microtopography, because nitrification requires aerated soils,
and denitrification requires anaerobic soils. Maps of soil nitrate and ammonium within the wetland
showed the presence of “hotspots” of very high concentration (Fig. 2). The hotspots for ammonium
and nitrate were both located in fine-textured alluvial soils adjacent to the stream, but the NO3-N
hotspot occurred at a location 30 cm higher than the NHs-N hotspot (Johnston, 1993a). Elevation was
positively correlated with NO3-N (n = 52, r = 0.548, P < .01) and negatively correlated with NHs-N
(n =52, r=-0.376, P < .01).

Organic matter accumulation also contributes material to soils in quiescent portions of floodplains.
The organic matter content of alluvial soils along the East Branch Stream increased as alluvium
became finer textured, reflecting the less erosive environment in these locations, and highly organic
soils (Histosols) occurred in backwater areas far from the stream (Table 3). Soil organic-N was
positively correlated with soil organic matter content (n = 37, r = 0.513, P <.01).
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Table 3. Average nutrient and organic matter content of depositional units from five wetland
soils (after Johnston, 1984b)

Type of Inorganic Organic Total NHs-N  NOsz-N  Organic  Total Organic
material P P P N N Matter
mg kg™ %
Sand alluvium 178 42 220 8.4 0.8 1135 1144 25
Sandy loam alluvium 325 107 432 6.8 6.5 894 9.7 6.1
Silt loam alluvium 525 401 926 9.8 27.1 7090 7127 12.7
Muck 394 391 786  17.2 4.7 14690 14712 36.7

Figure 2 . Maps of soil inorganic nitrogen concentrations in the wetlands bordering the East
Branch Stream (after Johnston, 1993). H = concentration dome, L = concentration
depression.
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RIVERINE WETLAND VEGETATION

The vegetation of riverine wetlands includes life-forms varying from forests to submergent aquatics
(Malanson, 1993). Woody plants (trees, shrubs) tend to grow in areas that have shallower water
and/or are less frequently flooded, but species such as bald cypress (Taxodium distichum), water tupelo
(Nyssa aquatica L.) and swamp tupelo (Nyssa sylvatica var. biflora) thrive under inundation (Gill, 1970;
Hook and Scholtens, 1978; Whitlow and Harris, 1979; Kozlowski, 1984; Theriot, 1993), and are the
dominant trees in south-eastern US riverine forests (McKnight et al., 1981). Tree and shrub genera that

commonly grow on river floodplains throughout the world include Alnus, Fraxinus, Populus, Salix and
Ulmus (Gill, 1970).

Emergent and submergent herbaceous plant communities also occur in riverine wetlands. Submergent
aquatics usually occur in deep backwater or in areas of the river channel protected from scouring.
Emergent aquatics usually occur in water that is less than 80 cm deep. Sedge and grass meadows
occur in floodplain areas that are infrequently or shallowly flooded and are used for hay harvesting in
some regions of the world.

Riverine wetland vegetation exhibits strong zonation and the mechanisms responsible for this
zonation (e.g., competitive ability, environmental gradients, nutrient availability) have been the subject
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of numerous plant ecological studies. Elevation is related to a number of other environmental
variables due to its relationship to water depth and flooding regime and is a frequently cited predictor
of riverine wetland plant zonation (Disraeli and Fonda, 1979; Frye and Quinn, 1979; Ewing, 1983; Day
et al., 1988; Shipley et al., 1991; Latham et al., 1994). Water velocity and wave action also influences
plant community distribution, either directly by seed dispersal and plant mechanical injury, or
indirectly through effects on soil erosion, soil texture, and soil organic matter (Nilsson, 1987; Day et al.,
1988; Nilsson et al., 1993). Flooding frequency and duration are important determinants of community
composition and net primary productivity in riverine wetland forests; intermittent flooding yields
higher productivity than does permanent inundation (Bell, 1980; Conner et al., 1981). Soil texture and
organic matter content are related to plant zonation within riverine wetlands (Disraeli and Fonda,
1979; Ewing, 1983; Day et al., 1988; Nilsson, 1987; Gaudet and Keddy, 1995) and between wetlands of
ascending stream order along longitudinal river gradients (Nilsson et al. 1994). Soil and water pH were
related to environmental axes in two multivariate statistical studies of riverine wetland plant zonation
(Lieffers, 1984; Day et al., 1988), but soil pH was the only one of seven edaphic variables that was not
related to plant competitive performance in a greenhouse experiment (Gaudet and Keddy, 1995). Soil
fertility influences species distribution in riverine wetlands (Day ef al., 1988; Gaudet and Keddy, 1995),
whereas salinity may or may not, depending on the range of concentrations present (Disraeli and
Fonda, 1979; Ewing, 1983; Lieffers, 1984; Latham et al., 1994). The concentration of pore water sulphide
influences NH4 uptake by Spartina alternaflora, a mechanism which could explain variations in its
productivity (Bradley and Morris, 1990).

Mats of vegetation often separate from the mineral soil and float on the water surface of riverine
wetlands (Lieffers, 1984), an adaptation to the extremes in water level fluctuation associated with
many riverine wetlands. Emergent plants that typically form such mats include Cyperus papyrus,
Typha, Phragmites and Carex lasiocarpa (Thompson, 1976; Hogg and Wein, 1988).

Rivers serve as corridors of dispersal for vegetation propagules, a process known as “hydrochory”
(Nilsson et al., 1993). This efficient transport can be detrimental to endemic wetland flora. However,
235 out of 1100 plant species recorded in riparian habitats of the Adour River, France, were exotics
(Pinay et al., 1990).

NUTRIENT RETENTION IN RIVERINE WETLANDS

Wetland ecosystems consist of interacting biological and physical components that substantially alter
nutrient fluxes. As in other aquatic ecosystems, waterborne material fluxes are a major nutrient source
to estuarine and riverine wetlands, but as in terrestrial ecosystems, biota play an important role in
nutrient retention. Waterborne materials that enter a wetland may be stored, altered by chemical or
biological action, or discharged via water or atmospheric fluxes.

Effects of Hydrology

In streams and rivers, the flow of water greatly influences the timing and duration of contact between
waterborne nutrients and the aquatic ecosystems that cycle those nutrients. Rather than cycling
nutrients in place, the continuous unidirectional movement of water and materials in streams stretches
nutrient cycles into spirals, the length of which is a function of water flow and nutrient exchanges
with sediments and biota (Newbold et al., 1981; Elwood et al., 1983). Wetlands within and adjacent to
rivers decrease water flow rates and increase nutrient retention times, thereby shortening nutrient
spiral lengths (Howard-Williams, 1985).

The flow of water is slower in riverine wetlands than in river channels. Exchanges of nutrients
between the water column and sediments are bi-directional in both riverine wetlands and river
channels, but water flow may be multi-directional in riverine wetlands, whereas it is generally uni-
directional in river channels. The net effect of riverine wetlands on downstream water quality thus
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depends upon their hydrologic interaction with river water, as well as the nutrient flux and
transformation processes that occur within them (Gosselink and Turner, 1978; Novitkzki, 1979; Kadlec
et al., 1981; Carter, 1986; Heath, 1992; Groffman, 1994).

Riverine wetland hydrology varies seasonally, especially in areas subject to large intra-annual
variation in precipitation or its over-winter storage as snow. Flood amplitudes in unregulated rivers
may be as deep as 15 m (Junk, 1993). The high water levels that occur during flood events maximise
river water contact with adjacent wetlands. As water levels recede, wetlands that are slightly elevated
and distant from the river channel become hydrologically more isolated from the river water. They
remain saturated due to stored groundwater and precipitation inputs, but have less contact with
materials flowing by in the river, and thus have less of an influence on river water quality. River-
wetland water exchanges are minimised during times when surface water in the wetland is frozen.

Riverine wetland hydrology also varies on shorter timescales. Freshwater wetlands on rivers subject to
tides and seiches (water surface oscillation in an enclosed basin, such as the Laurentian Great Lakes)
experience diurnal water level fluctuations that cause water to flow into and out of them. These
diurnal fluctuations are superimposed upon less frequent changes in water level that are driven by
storm and snowmelt events. Such water level fluctuations may affect riverine wetland nutrient cycling
processes in several ways: (1) by influencing delivery of river water to different parts of the wetland,
(2) by influencing fluxes of materials out of the wetland into the river and (3) by establishing
alternating aerobic/anaerobic conditions in exposed sediments. Effect #1 could maximise nutrient
retention and transformation by increasing the surface area of wetland that is in contact with river
water. Effect #3 could maximise conversion of nitrogen from aqueous to gaseous forms by establishing
alternating conditions suitable for nitrification and denitrification (Smith and Patrick, 1983), and could
also maximise P sediment sorption by formation of amorphous Fe and Al compounds (Sah et al., 1989).
However, effect #2 could offset those benefits to water quality by flushing materials back out of the
wetland. The net effect of the riverine wetland on river water quality depends on the balance of these
influences.

The timing of such water level fluctuations relative to the occurrence of biotic processes within
riverine wetlands is also important. If river water flows into the wetland during a time when biota and
microbes are dormant, then the potential effects of those organisms on water quality will not be
realised. Also, the concentration of soluble nutrients in wetland surface water relative to their
concentration in sediments will influence the direction and rate of exchange due to diffusion gradients
(Koch and Reddy, 1992).

Although each riverine wetland has a unique hydrology, detailed studies of wetland hydrology in
relation to nutrient retention are rare, despite the fact that much generaliseable information can be
gained by such studies. Comprehensive studies linking hydrology with riverine wetland nutrient
cycling (e.g., Mitsch et al. 1979, Kuenzler et al. 1980) are among the most cited in the wetland literature.
The importance of hydrology as a driving force of wetland functions has been increasingly
acknowledged and hydrogeomorphic approaches to wetland classification and management have
been adopted by a variety of federal agencies (Brinson, 1993).

Effects of sedimentation

Excess turbidity in surface waters can reduce photosynthesis, decrease oxygen concentrations, impair
respiration and feeding of aquatic animals, kill benthic organisms, destroy fish habitat and stimulate
the encroachment of exotic and undesirable plant species (Darnell, 1976). When waterborne
suspended solids enter a wetland, the decrease in water velocity causes them to settle out onto the soil
surface, thereby benefiting downstream water quality. Although vegetation helps to slow the water
and filter out particles, mineral sediment deposition is largely a physical settling process.

Mineral sediment deposition has dual benefits to water quality. Not only does it reduce turbidity, but
it also retains phosphorus and contaminants that are sorbed to those particles (Stall, 1972). Mineral
sediment deposition is a relatively irreversible mechanism; once deposited, the sediments remain part
of the soil storage compartment indefinitely.
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When mineral sediments or organic matter are deposited in a riverine wetland, associated nutrients and
contaminants are also deposited. Based on data from 17 wetland study sites, Johnston (1991) showed
that average annual nutrient fluxes via sediment deposition are high (15 g N m? y' and 15 g
P m? y'), whereas nutrient fluxes associated with organic soil accumulation are about an order of
magnitude lower (1.6 g N m? y"' and 0.3 g P m? y"). The two highest P deposition rates were associated
with river floodplain sedimentation (Mitsch et al., 1979, Johnston et al., 1984a). In the study by Mitsch
et al. (1979), P retention by sediment deposition during the annual spring flood was 3.6 g P m? y?,
eighteen times more than all other retention mechanisms. However, this amount represented only 4% of
the P transported by the river into the wetland, most of which passed through unaltered in river flow.

A two-year study of the riverine Creeping Swamp by Kuenzler et al. (1980) illustrates inter-annual
variability in P retention and underscores the importance of flood events in wetland P dynamics.
Phosphorus retention was twice as high in 1978 (0.73 g P m? y") as in 1977 (0.32 g P m?y"), due largely to
a flood event that increased sedimentation and P uptake by algae. The wetland retained 61% of the
particulate P inputs in 1978, whereas in 1977 particulate P outputs were approximately equal to inputs.

Given their geomorphology, riverine wetlands are well-adapted to sedimentation. Plant species
endemic to riverine wetlands survive encrustation and even burial by waterborne silt (Kennedy and
Krinard, 1974). However, high sedimentation rates cannot be sustained without geomorphic
adjustments, such as the channel migration illustrated in Fig. 1, and excessive sedimentation can cause
irreversible wetland degradation.

Nutrient uptake by vegetation

Nutrient concentrations in green tissues generally fall within a narrow range of values, regardless of
species (1-3% N and 0.1-0.3% P), so nutrient standing stocks in riverine wetlands are largely a function
of plant biomass (Johnston, 1993b). Biomass per unit area varies substantially within and among plant
species in wetlands (Johnston, 1988). For example, above-ground biomass of Typha measured by a
single investigator throughout North America ranged from 0.4-1.3 kg m? a 3-fold difference
(McNaughton, 1966). An even wider range of values was reported for Phragmites australis in Scottish
lakes (Ho, 1979). When nutrients are added to wetlands with low natural biomass production, there is
typically a change to a more productive species, which allows wetlands to assimilate more nutrients
than would be possible by increasing tissue nutrient concentrations alone.

At the end of a growing season, some of the nutrients taken up by plants are retranslocated from green
tissues into perennial tissues, some are leached out of the green tissues into wetland surface waters
and the rest are returned to the wetland soil surface in litterfall. Thus, the net annual retention of
nutrients by vegetation is a fraction of net annual uptake. For example, a study of freshwater riverine
marshes in Wisconsin indicated high nutrient uptake by Scirpus fluviatilis (20.8 g N m?y*, 5.3 g Pm?y"),
but only 26% N and 38% P retention; the rest being returned to the wetland surface in the form of
leaching and litterfall (Klopatek, 1978).

Above-ground woody plant tissues generally contain very low nutrient concentrations, averaging
only 0.4 %N and 0.01 %P dry weight (Johnston, 1991). However, despite these low concentrations, this
storage compartment can be large due to the large amount of woody